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ABSTRACT
Microalgae are sensitive indicators of environmental change and, as the basis of most
freshwater and marine ecosystems, are widely used in the assessment of risk and the
development of environmental regulations for metals. However, inter-species differences
in sensitivity to metals are not well understood and laboratory-based toxicity tests with
planktonic microalgae are often criticised for their lack of environmental relevance. One
such criticism is that algae do not exist in isolation in the field, interacting with bacteria and
other algal species, as well as higher order organisms, both in the plankton and when
attached to substrates in the form of biofilms. The environmental relevance of toxicity tests
could be improved by having a better fundamental understanding of the interactions
between metals and algae and how this relationship is affected by the presence of bacteria
and biofilms. Copper was the metal of choice for this research because it is both essential
and toxic to microalgae, and because it is a contaminant of concern in aquatic
environments, with toxicity occurring at low µg/L concentrations.
The relationship between metal-algal cell binding and copper sensitivity of marine
microalgae was investigated using a series of 72-h growth rate inhibition bioassays and
short-term (1-h) uptake studies (Chapter 3). A range of marine algae from different
taxonomic groups were screened to determine whether copper adsorption to the cell
membrane was influenced by biotic factors, such as the ultrastructure of cell walls and cell
size. Minutocellus polymorphus was the most sensitive species to copper and Dunaliella
tertiolecta the least sensitive, with 72-h IC50 values (concentration to inhibit growth rate by
50%) of 0.6 and 530 µg Cu/L, respectively. Copper solution-cell partition coefficients (Kd)
were calculated for six species of algae on a per cell and surface area basis. The largest and
smallest cells had the lowest and highest Kd values, respectively (on a surface area basis),
with a general (non-linear) trend of decreasing Kd with increasing cell surface area (p =
0.026). However, no relationship was found between Kd and copper sensitivity.
Interspecies differences in copper sensitivity were not related to cell size, cell wall type,
taxonomic group or Kd values. Variation in sensitivity may be due to differences in uptake
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rates across the plasma membrane, differences in internal binding processes and/or in
detoxification mechanisms between the species.
A more in-depth study investigated copper adsorption, internalisation, exudate production
and changes in cell ultrastructure in three algal species with differing sensitivities to copper
(Chapter 4). The diatom Phaeodactylum tricornutum was particularly sensitive to copper,
with a 72-h IC50 of 8.0 µg Cu/L, compared to the green algae Tetraselmis sp. (72-h IC50
47 µg Cu/L) and Dunaliella tertiolecta (72-h IC50 530 µg Cu/L). At these IC50 values,
Tetraselmis sp. had much higher intracellular copper concentrations (1.97 ± 0.01  10-13 g
Cu/cell) than P. tricornutum (0.23 ± 0.19  10-13 g Cu/cell) and D. tertiolecta (0.59 ± 0.05
 10-13 g Cu/cell), suggesting that Tetraselmis sp. effectively detoxifies copper within the
cell. By contrast, at the same external copper concentration (50 µg/L), D. tertiolecta
appears to better exclude copper than Tetraselmis sp., having a slower copper
internalisation rate and lower internal copper concentrations at equivalent extracellular
concentrations. These results suggest that the use of internal copper concentrations and net
uptake rates alone cannot explain differences in algal species sensitivity.
The cell ultrastructure of the three algal species was examined in control cells and cells
exposed to copper concentrations similar to each species’ IC50 value, i.e. 15 µg Cu/L (P.
tricornutum), 50 µg Cu/L (Tetraselmis sp.) and 500 µg Cu/L (D. tertiolecta) using
transmission electron microscopy (TEM) (Chapter 4). Swelling and clumping of P.
tricornutum cells occurred, potentially related to changes in the glutathione ratio in the cell
resulting in inhibition of mitosis. Size changes were not evident in the other species. The
main changes observed in these cells were an increase in the size and number of vacuoles.
At higher magnification, disruption to plasma or thykaloid membranes was not observed.
The production of exudates as a potential detoxification mechanism for copper in algal cells
was investigated (Chapter 4). Following exposure to 50 µg Cu/L for 72-h, anodic stripping
voltammetry (ASV)-labile copper concentrations were 92 ± 9%, 94 ± 9% and 114 ± 3% of
the dissolved copper concentrations for P. tricornutum, Tetraselmis sp. and D. tertiolecta,
respectively. This suggests that major production of exudates in response to 50 µg Cu/L
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was unlikely, and analysis of control samples also suggested limited exudate production in
the absence of copper. However, examination of spent test media containing D. tertiolecta
after 72-h exposure to 500 µg Cu/L suggested that carbohydrate and protein concentrations
at the cell surface of this alga increased in response to copper. An increase in organic
matter (as protein or carbohydrate) in solution was not detected however, suggesting that
any additional ligands were not excreted into the test medium. The role of exudates in
ameliorating copper toxicity for these marine species requires further research.
Interactions between algae and their associated bacteria, either in the plankton or in
biofilms, may alter the sensitivity of algal species to contaminants, which is not currently
taken into account in laboratory toxicity tests. Chapter 5 describes an investigation of the
effects of simple algal-bacterial relationships on the sensitivity of laboratory-cultured algae
to copper using 72-h algal growth rate inhibition bioassays. Four species of microalgae
were used, with two isolates of each species tested; a strain of algae with no
microscopically visible and no culturable bacteria present (operationally defined as axenic)
and a non-axenic strain. The four algae used were the marine diatom Nitzschia closterium,
the freshwater green alga Pseudokirchneriella subcapitata and two tropical Chlorella spp.
Under control conditions (no copper), N. closterium and P. subcapitata grew better in the
presence of the bacterial community. Sensitivity to copper (assessed as the concentration to
inhibit the growth rate by 50% after 72 h) was not significantly different for the axenic and
non-axenic strains of N. closterium, P. subcapitata or for Chlorella sp. (PNG isolate). At
pH 5.7, the axenic Chlorella sp. (NT isolate) had a 72-h IC50 of 46 µg Cu/L, while in the
presence of bacteria the IC50 increased (i.e., sensitivity decreased) to 208 µg Cu/L. The
bacterial status of both the operationally defined axenic and non-axenic cultures of N.
closterium and Chlorella sp. (NT isolate) was investigated using polymerase chain reaction
(PCR) amplification of 16S rDNA followed by DNA fingerprinting using denaturing
gradient gel electrophoresis (DGGE). It was found that bacteria were present in all the
algal cultures, i.e. the axenic cultures were not truly bacteria-free. Based on sequence
information, the bacteria present were nearly all identified as alphaproteobacteria and a
number of isolates had high similarity to bacteria previously identified as symbionts or
species endophytically associated with marine organisms. The “axenic” cultures contained
v

less bacterial phylotypes than an equivalent non-axenic culture, and based on bandintensity, also contained less bacterial DNA. This supported the findings of few differences
in copper sensitivity between strains, and suggests that standard microalgal toxicity tests
probably inadvertently use non-axenic cultures in metal assessment where bacteria are from
the same environment as the algal cell and bacterial numbers are low.
Cell-cell or cell-exudate interactions in biofilms or periphyton may help alleviate metal
stress exerted on microalgae. In Chapter 6, 72-h growth rate inhibition bioassays were used
to assess the sensitivity of the test species Tetraselmis sp. (Prasinophyceae) to copper in the
absence and presence of field-collected marine biofilms. Harvested biofilm homogenate
(initial cell density 1.5-15  104 fluorescent cells/mL) and biofilms attached to slides were
added to bioassays. Using flow cytometry, Tetraselmis sp. cells were easily distinguished
from the biofilm for the 72-h test duration. The addition of field-collected marine biofilms
to toxicity tests improved the control growth rate of the test species (Tetraselmis sp.),
probably due to the provision of extra nutrients not otherwise available in the minimal
nutrient test medium. The addition of biofilm material at cell densities  6  104
fluorescent cells/mL effectively ameliorated the toxicity of copper to Tetraselmis sp. in
some tests, with the 72-h IC50 significantly increasing from 43 to 67 µg Cu/L upon the
addition of biofilm (initial biofilm cell density, 6  104 fluorescent cells/mL). However,
results using biofilm added as a homogenate were variable and with the copper-sensitivity
of Tetraselmis sp. varying only by a factor of two for controls (no biofilm) and tests with
biofilms (1.5-15  104 fluorescent cells/mL), this may well be within the natural variation
in sensitivity for Tetraselmis sp. A similar decrease in sensitivity was observed regardless
of the season the biofilm was collected (winter or spring). Tests in which biofilm material
was added to bioassays while still attached to slides appeared to ameliorate toxicity in a
more consistent fashion, and this type of bioassay is likely to be more appropriate. Biofilm
cell densities did not increase under laboratory toxicity test conditions unless a critical
initial cell density of 15  104 fluorescent cells/mL was used, in which case a centric
diatom grew rapidly. Biofilms collected in spring were visibly thicker upon collection, had
higher cell counts, higher chlorophyll a content, higher concentrations of proteins and
carbohydrates in the extracellular polymeric substances (EPS) and a greater diversity and
vi

abundance of bacteria when compared to biofilms collected in winter (using denaturing
gradient gel electrophoresis). Field-collected biofilm material used in toxicity tests should
be used within one or two weeks of collection, as the biofilm can change upon storage.
This work has clearly shown that biotic factors such as cell size and cell wall structure are
not linked to algal species-sensitivity to copper. Adsorption of copper to the cell surface,
although integral to further uptake, cannot be used as a factor to define species-sensitivity,
and is rapid and non-discriminatory of cell wall structures. While uptake rates and copper
cell loadings are also important factors in defining species-sensitivity, quantifying these
characteristics for three species of varying sensitivity did not easily elucidate why some
species are more tolerant than others, with the species of moderate sensitivity exhibiting the
highest uptake rates and highest internal copper loadings of the three species tested.
Further knowledge of specific detoxification mechanisms in these species is required to
fully understand why some species are so much more sensitive to copper. Some work into
detoxification mechanisms showed that effects on cell ultrastructural features like plasma
or thykaloid membranes, or effects on exudate production are only likely to be observed
upon high copper exposures. Examination of membrane potential changes or membrane
damage using cell staining and flow cytometric techniques, rather than imaging techniques,
may be more successful in assessing cell damage.
Biofilms were successfully incorporated into toxicity testing regimes, but further research is
required to improve the relevance of these tests. If future work can accomplish this task it
would be beneficial to understanding the importance of biofilms in the dynamics of trace
metals in aquatic systems, and could potentially improve the regulation of metals in aquatic
environments.
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CHAPTER 1. INTRODUCTION
1.1 Aims and Rationale
The primary aims of this study were to investigate the biotic factors that influence the
uptake and toxicity of copper to marine microalgae to increase our fundamental
understanding of why some algal species are more sensitive to copper than others and to
improve the environmental relevance of laboratory-based toxicity tests through the
incorporation of simple biofilms into algal bioassays.
Microalgae are sensitive indicators of environmental change and because these primary
producers are the basis of freshwater and marine ecosystems, they are widely used in
the risk assessment and environmental regulation of metals. However, the toxic mode
of action of metals, such as copper, to microalgae, has not been elucidated at relevant
environmental concentrations. The benefits of using microalgae in the assessment of
metals contamination include the relative simplicity of the tests, ease in counting cells
following advances in flow cytometry technology, the low cost, and the sensitivity of
algae to metals at environmentally relevant concentrations, e.g. from < 1 µg Cu/L
(Stauber and Davies, 2000). Criticism of using single species algal bioassays for the
purpose of risk assessment does exist. Questions of relevance arise because single
species laboratory-based bioassays may poorly reflect field conditions: for example the
occurrence of in situ cell-cell and cell-exudate interactions between the target species
and other algal or bacterial species in the plankton or in biofilm communities are
ignored, and because toxicity tests often use higher cell densities and nutrient loadings
than are present in the environment.
1.2 Toxicity Testing
Toxicity testing is a tool used in the assessment and regulation of water quality, in both
fresh and marine waters. Toxicity tests are used as an important part of environmental
risk assessments, and are used to derive water quality guidelines (WQG), along with
chemical speciation and ecological surveys (Fairbrother et al., 2007; Campbell et al.,
2006; Chapman et al., 2003; ANZECC/ARMCANZ, 2000). Chemical measurement
and geochemical speciation are key steps in assessing the potential for toxicity, by
identifying chemicals of concern in a system. However, these methods cannot provide
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direct information on biological effects. Toxicity tests do allow the direct determination
of contaminant bioavailability to organisms.
Toxicity tests are split into two categories, short-term acute tests and longer-term
chronic tests. Acute tests measure survival in higher organisms, providing an LC50
(lethal concentration for 50% of the population) (Crane et al., 2000), however this
parameter is not used in algal testing, and usually requires high doses of contaminants
that may not be environmentally relevant. Acute tests can also measure sub-lethal
responses, e.g. in microalgae, changes in photosynthetic quantum yield or maximum
yield following exposure to a toxicant for minutes to hours (Stauber and Davies, 2000),
or inhibition of enzyme activity following 3- or 24-h exposures, e.g. the fluorescein
diacetate esterase assay which measures the inhibition of esterase activity (as inhibition
of fluorescein diactetate fluorescence following hydrolysis) (Adams and Stauber, 2004).
Chronic tests measure the response of the organism over a larger part of the organisms’
life cycle, or over several generations, e.g. reproduction assays, time from hatching to
juvenile stages, or growth of an organism. Chronic algal bioassays last days to weeks
and some such assays include the use of the inhibition of organism growth rate, cell
yield, cell biomass, or photosynthesis as endpoints. The inhibition of growth rate, or
alternatively the decrease in cell biomass over a period of 48 to 96-h remains the most
common type of algal bioassay (Stauber and Davies, 2000), with the Organization for
Economic and Community Development (OECD), the United States Environmental
Protection Agency (USEPA) and the International Organization for Standardization
(ISO) all incorporating chronic algal growth inhibition bioassays as part of their regimes
for the testing of chemicals (USEPA, 2002; OECD, 2006; ISO, 2006 and 2008.).
Toxicity is quantified from concentration-response curves which plot the response of
the organism against each exposure concentration. Toxicity is usually expressed as an
EC50, the effective concentration of toxicant to cause a 50% effect for a particular
endpoint after a defined period of time (Crane et al., 2000; Meister and van den Brink,
2000). The term IC50, used throughout this text, refers specifically to the effective
concentration to inhibit growth rate by 50%. When assessing the risk of contaminants
in the environment, threshold effects concentrations are also required to find the
concentrations of toxicants that will first impact on biological organisms, e.g. the no
effect concentration (NOEC; the highest concentration of toxicant at which no
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significant effect is observed when compared to controls), the lowest observable effect
concentration (LOEC; the lowest concentration of toxicant to cause a significant effect
compared to controls), EC10 or EC20 values (the concentration of toxicant to effect the
population by 10 or 20%), and IC10 or IC20 values (the concentration of toxicant to
inhibit the population by 10 or 20%). NOEC and LOEC values are derived directly
from test concentrations used, so these can vary greatly between tests (Stauber and
Davies, 2000). Where IC10/EC10 values are available for the toxicity of a particular
chemical to a number of organisms, these values can be combined into species
sensitivity distributions which give information on toxicant thresholds that enable
protection of 95% of species in a community from effects (with 50% confidence)
(Green et al., 2007; Bossuyt et al., 2005; Schmitt-Jansen and Altenburger, 2005;
Chapman et al., 2003).

1.2.1 Toxicity testing with microalgae
Microalgae are ideal test organisms for the assessment of water quality, particularly
with respect to metals (Stauber and Davies, 2000; Megharaj et al., 2003). They are
ecologically relevant because as primary producers, microalgae are the basis of aquatic
food webs, fixing carbon dioxide into organic carbon which is a nutrient source for
higher order organisms. They are sensitive to metal contaminants, such as copper, at
environmentally realistic concentrations, partially because microalgal cells are in direct
contact with the water-phase (Batley et al., 2004) and have high surface area to volume
ratios (Megharag et al., 2003). Microalgae have short generation times, dividing once
per day, allowing sub-lethal responses to be measured in chronic bioassays over 2-4
days only. This gives an advantage over testing with higher order organisms for which
chronic bioassays may last months. In Australasia, animal ethics restrictions on the use
of crustaceans, fish and vertebrate organisms in (acute) survival tests are in place, and
the use of microalgae provides an excellent, sensitive, non-animal testing alternative.

1.2.2 Use of flow cytometry for microalgal toxicity testing
Growth rate inhibition bioassays over 72 h are used in this study for the assessment of
copper toxicity due to the ease and rapidity in which cells can be counted using flow
cytometry. Flow cytometers measure both the light scattering and fluorescent
properties of particles, thus allowing healthy cells with high chlorophyll a fluorescence
to be distinguished from dead cells or background particles with low or no chlorophyll a
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fluorescence (Stauber et al., 2005). Because background counts and the detection limits
are low, flow cytometry can measure lower, more environmentally realistic initial cell
densities (i.e. from 100 cells/mL). Particle counting techniques such as Coulter
counting have much higher blank signals, thus requiring higher cell densities throughout
the test. Franklin et al. (2002) showed that increases in cell densities can change the
speciation of chemicals as well as their partitioning and uptake; ultimately affecting the
calculated toxicity. Measurement of cell biomass and/or the use of chlorophyll a as a
proxy for biomass also require higher cell densities to allow quantification, and are not
as rapid as flow cytometry which can assess the cell density of a sample within two
minutes. Other benefits of using flow cytometry include the ability to increase sample
throughput through the use of autosamplers, the use of small sample volumes, and, in
freshwater tests, no dilution with isotonic solution or seawater is required to count
(unlike impedance particle counters) (Stauber et al., 2005). The main disadvantages of
using flow cytometry in toxicity testing are the expense of the instrument and the need
for trained operators (Stauber et al., 2005).

1.2.3 Factors affecting toxicity
The different sensitivities of microalgae to copper are not well understood. The
different factors that can affect toxicity may be biotic, such as different cell size, uptake
rates and metabolic pathways in different algal species. Alternatively, abiotic factors
may affect the toxicity of copper, e.g. pre-exposure to metals in the environment
(acclimation/adaption), metal speciation, nutrient concentrations, medium composition,
salinity, temperature, pH, hardness, length of exposure, contaminant fluxes or pulses
and the presence of co-contamination or metal mixtures (Megharaj et al., 2003; Stauber
and Davies, 2000). Some of these factors are discussed further in Section 1.4 in relation
to the toxicity of copper to microalgae.

1.2.4 Limitations of microalgal toxicity testing
There are a number of limitations to microalgal toxicity testing (and toxicity testing in
general) (Batley et al., 1999; ANZECC/ARMCANZ, 2000; Stauber and Davies, 2000;
Franklin et al., 2001; Stauber et al., 2002; Chapman et al., 2003; Simpson et al., 2003;
Adams and Stauber, 2004; Altenburger et al., 2004, 2008; Ashauer et el., 2006;
Campbell et al., 2006). In the laboratory, toxicity is assessed in tightly defined
conditions with respect to temperature, light, water quality and exposure duration. For
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example, batch testing of species is the most convenient way to assess toxicity, yet
allows an increase in cell density and increase in the concentration of cellular exudate
products that would be removed in the environment due to dilution and the flow of
water. As a result, metal contaminants can adsorb to cell surfaces, dissolved organic
matter and to test vessels, leading to a decrease in the concentrations of metals in
solution. This should be carefully monitored, and is partially circumvented through the
use of low initial cell densities, and through careful selection and pre-treatment of test
vessels, or through the use of flow-through chemostatic systems. The balance of CO2 (g)
and HCO3- (aq) within the flasks may be subject to change through photosynthesis and
respiration, which is crucial to pH balance in solution. During light periods,
photosynthesis dominates and will remove dissolved CO2 in flasks, leading to an
increase in pH. During the dark period only respiration occurs, and thus decreases in pH
may occur with increases in CO2. These changes in pH due to carbonate cycling may
potentially change the speciation of metal contaminants. These pH changes due to
imbalances in CO2 equilibration can be partially avoided in batch culture through
regular shaking of flasks to ensure equilibration of CO2 in the air with the solution and
the alga and using low initial cell densities, and through aeration for continuous culture.
Further questions of environmental relevance relate to the use of single species, axenic
(bacteria-free) algae in bioassays. In nature species do not exist in isolation, but rather
they interact with bacteria and other algae in the plankton, benthos and in biofilms.
Thus it is difficult to extrapolate effects based on single-species to an aquatic
environment. Competitive interactions for nutrients, light and substrate space, in the
case of attached species, will influence the growth and abundance of species. The
production of exudates by one species may be helpful to other species, promoting
growth, or may be toxic to other species. Ideally future work using toxicity tests should
move towards in situ toxicity tests with natural populations or refinement of laboratorybased assays to include multiple algal species or biofilms into test protocols. However,
multi-species testing is not without challenges. For rapid assessment of the changes in
cell density of multiple algal species using flow cytometry, test species must be
carefully selected so that the light scattering and fluorescence properties of individual
species do not overlap under control conditions nor when toxicant is added, for the
duration of tests (Franklin et al., 2004; Yu et al., 2007). Alternatives to this are
laborious and time-consuming microscopic counts or the use of image-analysis
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combined with confocal laser scanning microscopy (CLSM) and PHYTOPAM (a type
of pulse amplified modulated fluorescence) which both have their own pitfalls relating
to expense and expertise. Image analysis may use a variety of different control test
organisms, which can affect results due to differing concentrations of pigments in
distinct cyanobacterial and algal species (Barranguet et al., 2004). Other limitations
relate to the use of single toxicants in testing regimes when in nature species may be
exposed to multiple stressors (Franklin et al., 2002a; Altenburger et al., 2004). Further,
interaction of natural organic matter with the organism itself (or with the metal prior to
uptake into cells) may alter toxicity, e.g. through effects on membrane properties
(Parent et al., 1996). Another factor of concern to aquatic toxicologists is that cells are
often exposed to short pulses of contamination which then decrease due to physical
factors, e.g. dispersion, dilution, adsorption to sediments, rather than being exposed to a
single constant concentration (Meylan et al., 2003; Ashauer et al., 2006; Vallotton et al.,
2008). Such effects may also account for differences in toxicity between field and
laboratory experiments.
1.3. Copper
1.3.1 Copper in the environment
Copper is an essential element for the growth of microalgae, e.g. it is used as a cofactor
in a number of enzymes and proteins, e.g. in plastocyanin (photosynthetic electron
transport), cytochrome c oxidase (mitochondrial electron transport) and ascorbate
oxidase (ascorbic acid oxidation and reduction) (Sunda, 1989). However, copper is
toxic at concentrations as low as 1 µg Cu/L in some algal species (Stauber et al., 2000).
It is considered a priority pollutant by a number of regulatory authorities including the
Australian and New Zealand governments (ANZECC/ARMCANZ, 2000) and the
United States Environmental Protection Agency (Fairbrother et al., 2007; USEPA,
2006).
Copper in the environment may be from natural or anthropogenic sources including
weathering (Florence and Batley, 1980), volcanic action, the use of herbicides (Mastin
and Rodgers, 2000), fertilisers, algicides, biocides (e.g. chromated copper arsenate), the
replacement of tributyl tin with copper-based antifouling paints (Warnken et al., 2004),
mining activities, industrial discharges, fly ash from coal-fired power stations (Kirby et
al., 2001), urban/storm-water run-off and sewage overflow (Birch et al., 1996; Fuchs,
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1997; Birch, 2000; WHO, 2000; Arnold, 2005). Sediments can act as both a natural
sink and source of copper, with copper being resuspended from sediment to the water
column, e.g. through rain events, bioturbation and dredging (Meylan et al., 2003).
The background concentration of copper in the freshwater environment is typically < 5
µg Cu/L and 0.03 to 0.23 µg Cu/L in surface seawater (Flemming and Trevors, 1989).
WHO (2000) suggest that background freshwater copper concentrations are typically
0.15 µg Cu/L. As a result of copper contamination, concentrations may reach as high as
50 µg dissolved Cu/L or 400 µg total Cu/L (Genter and Lehman, 2000; Stauber et al.,
2000). The concentration of short pulses of contamination may be higher, e.g. copper
concentrations were measured at 224 µg dissolved Cu/L in the immediate vicinity of a
major mine-tailings spill in the Guadiamar River, Spain (Sabater, 2000). The
concentrations of dissolved and free copper in some freshwater, estuaries and oceanic
systems are shown in Table 1.1.
Batley (1995) states typical concentrations of copper in Australian estuarine
environments are 0.2 to 1.5 µg Cu/L while in coastal and off-shore areas concentrations
range from 0.03 µg/L (off the coast from Eden in the Pacific Ocean) to 0.2 and 0.3 µg/L
in Port Jackson (Sydney) and Bate Bay, respectively. Similarly Sunda (1989) reported
low oceanic dissolved copper concentrations from 0.03 µg Cu/L in the North Pacific. A
recent study of Sydney estuaries found copper concentrations ranging from < 0.2 µg
Cu/L in the pristine Clyde River, to 2.8 µg Cu/L in the highly urbanised Cooks River
(Melville and Pulkownik, 2006). Copper concentrations of 32 µg dissolved Cu/L (free
Cu2+ >10-8 M) were reported in mine-impacted Chanaral Bay, Chile (Andrade et al.,
2006), which is extremely high for a marine ecosystem. Concentrations of copper, and
other essential metals, are very low in the ocean (pM-nM), particularly at the surface
where they are taken up by phytoplankton. Any metals that are taken up by algae in the
surface waters are exported out of the system through the sinking of biomass (Sunda
and Huntsman, 1995; Morel and Price, 2003) and copper concentrations often increase
at depth (Florence and Batley, 1980). Complexed copper or internalised copper, along
with other trace metals, can be re-mineralised through processing by heterotrophic
bacteria (Sunda and Huntsman, 1995; Morel and Price, 2003).
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Table 1.1. Concentration of dissolved copper (µg Cu/L) and the free copper ion
concentration (M) in freshwater, estuarine and marine environments.
Water body
Freshwater
River Meuse, Netherlands
River Ijssel, Netherlands
Thur River, Switzerland
Birs River, Switzerland
Little Boulder River, Colorado, USA
Boulder River, Colorado, USA
Freshwater streams, NSW, Australia
North Folk Iron Creek, Idaho, USA
Furtbach Stream, Switzerland
Glatt River, Switzerland
Various rivers, Switzerland
Lake Greifen (eutrophic),
Switzerland
Eutrophic lake, Switzerland
Oligotrophic lake, Switzerland
Acidic lake, Switzerland

[Dissolved
Cu] µg/L

[Free Cu2+]
M

Reference

6.8
3.8 ± 1.3
0.2-2
0.4 -9.8
2
<1-12
0.40
5-50
1.6-9
1.6
0.64-4.7
0.4-1.3

10-11.5 to 10-14
10-14.5 to 10-16.5
10-12.9 to 10-15.1
10-14.5 to 10-15.9

Barranguet et al., 2000
Barranguet et al., 2003
Behra et al., 2002
Behra et al., 2002
Farag et al., 2007
Farag et al., 2007
Florence and Batley, 1980
Genter and Lehman, 2000
Meylan et al., 2003
Meylan et al., 2004
Xue et al., 1996
Xue et al., 1995

0.22-1.1
0.28-0.75
0.18-0.48

10-15 to 10-16
10-13 to 10-14
10-9 to 10-10

Xue et al., 1996
Xue et al., 1996
Xue et al., 1996

Estuarine/Coastal
Clyde River, Sydney, Australia

<0.2

Hawkesbury River, Sydney, Australia

0.2 ± 0.1

Parramatta River, Sydney, Australia

1.8 ± 1.3

Cooks River, Sydney, Australia

2.8 ± 1.3

San Francisco Bay, California, USA
Narragansett Bay, Rhode Island,
USA
Narragansett Bay, Rhode Island,
USA
Peruvian coast

0.79-1.16
0.81

10-13

Melville and Pulkownik,
2006
Melville and Pulkownik,
2006
Melville and Pulkownik,
2006
Melville and Pulkownik,
2006
Beck et al., 2002
Bruland et al., 2000

1.0-1.7

10-12 to 10-12.3

Sunda and Hanson, 1987

0.2

10-11.5

Sunda and Hanson, 1987

Oceanic
Pacific Ocean (near Australia)
Subarctic NW Pacific and Bering Sea
North Pacific

0.28
0.2 -0.3
0.03-0.09

2-4  10-14
10-13.2

Sargasso Sea
Coastal Massachusetts

0.08
0.3

Florence and Batley, 1980
Moffett and Dupont, 2007
Sunda, 1989; Sunda and
Huntsman, 1995
Sunda, 1989
Sunda, 1989

The water quality guideline (WQG) trigger values for copper in Australian aquatic
environments (set to protect 95% of species with 50% confidence) are 1.3 and 1.4 µg
dissolved Cu/L in freshwater and marine environments, respectively
(ANZECC/ARMCANZ, 2000). This freshwater value is based on a water hardness of
30 mg CaCO3/L, and current WQG suggest adjusting trigger values for hardness (harder
water can be protective of organisms, the mechanism of which is discussed later). The
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current USEPA water quality guidelines recommend criteria continuous concentrations
(i.e. the maximum concentration that an aquatic community can be exposed to
indefinitely without causing an effect) of 9.0 µg Cu/L in freshwater (hardness of 100 mg
CaCO3/L) and 3.1 µg Cu/L in seawater (USEPA, 2006). As can be seen by some of the
above examples, these trigger values are exceeded in areas inhabited by humans, e.g.
the Parramatta River and the Cooks River in Sydney, Australia (Table 1.1). Dissolved
copper concentrations are usually operationally defined as the concentration of copper
in a water sample that has been passed through a 0.45 µm filter, and thus can include
colloidal material. Not all dissolved copper may be bioavailable and as such sitespecific WQG may be derived to account for varying modifying factors like pH,
hardness, salinity, dissolved organic matter and suspended solids. This stems from a
growing focus on regulating water quality based on chemical speciation and
bioavailability of metal contaminants (Meyer, 2002).

1.3.2 Speciation of copper in marine and freshwaters
In the field of environmental chemistry it is well understood that the species of a metal
present in the aquatic environment affects the bioavailability of that metal. In aquatic
systems, copper can exist as the simple hydrated free metal ion Cu(H2O)62+, simple
inorganic complexes (CuCl+, CuOH+, Cu(OH)2, CuSO4, CuCO3, CuHCO3+), simple
organic complexes with synthetic ligands (e.g. Cu-EDTA2-, Cu-NTA1- where these
synthetic ligands have sources in surface waters, e.g. sewage treatment) and with natural
organic ligands (e.g. Cu-alanine, Cu-citrate), or adsorbed to inorganic and organic
colloids (e.g. humic, fulvic and tannic acids, organic detritus) (Florence and Batley,
1980; Campbell et al., 2006). Cu(OH)2 and CuCO3 generally dominate inorganic
copper speciation in freshwater and seawater (Stumm and Morgan, 1996). Organicallycomplexed copper in the form of copper bound to algal exudates such as phytochelatins,
peptides, or unknown ligands are also possible (Morel and Price, 2003).
The concentration of free copper ions ([Cu2+]) for a number of water bodies are also
presented in Table 1.1. In freshwater systems free copper concentrations range over
several orders of magnitude, e.g. 10-16.5 to 10-11.5 M in the freshwater rivers in
Switzerland (Meylan et al., 2003, 2004) and 10-16 to 10-9 in freshwater lakes of various
productivity and acidity (Xue et al., 1995, 1996). In marine systems it appears that free
copper does not vary over such a large range of concentrations (probably due to less
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variation in hardness and pH) with [Cu2+] of 10-13 to 10-11.5 M in coastal regions and
values from 10-14 to 10-13 M in surface (oceanic) seawater (Sunda, 1989; Sunda and
Huntsman, 1995; Moffett and Dupont, 2007). Coale and Bruland (1988,1990) used
anodic stripping voltammetry (ASV) to estimate free copper ion concentrations which
were found to range from 10-13.3 M near the surface to 10-10.3 M at depths of 200-400 m
at stations in the North Pacific. Although freshwater and estuarine environments
generally have higher dissolved and total copper concentrations than coastal/oceanic
environments, they also have greater inputs of ligands, and higher copper complexation
capacities, making it difficult to make assumptions about general trends in free copper
concentrations.
In the aquatic environment the majority of copper (97 to > 99%) is in a complexed form
(Sunda, 1989; Xue et al., 1995; Xue et al., 1996; Eriksen et al., 2001; Bruland et al.,
2000; Buck et al., 2007). Ligands may be deposited into systems ex situ, e.g. humic
substances washed into local rivers from terrestrial runoff (pedogenic source), or
produced in situ by bacteria and algae, or may be present as simple carbonate and
hydroxide complexes in seawater. Despite the potential for elevated total dissolved
copper concentrations, the concentration of free copper remains low in marine
environments (sub-pM concentrations, 10-12.7 to 10-13.5 M Cu2+; Coale and Bruland,
1990; Bruland et al., 2000), and even lower in freshwater environments with high
metals complexing capacity. Typical copper chelation/complexing capacities of marine
waters increase towards land with oceanic copper complexing capacities of 0.6 – 2.8 µg
Cu/L, coastal copper complexing capacities up to 12 µg Cu/L and ranging from 0.9 - 48
µg Cu/L in estuarine systems (note that copper complexing capacities are conditional on
pH and ionic strength) (Sunda and Hanson, 1987; Stauber and Davies, 2000). Free
copper represented 0.0019 to 0.08% of dissolved copper concentrations in coastal
samples analysed by Sunda and Hanson (1987). Biogenic ligands produced by algae
and cyanobacteria are also of importance, however concentrations of biogenic ligands
may be limited where there are low levels of primary production due to nutrient
deficiency, phototoxicity or photodegradation of chelating agents (Sunda, 1989). In
oceanic waters, copper is heavily complexed by carbonates because pedogenic ligands
are virtually absent and biogenic ligand production may be very low (Sunda and
Huntsman, 1998; Erikssen et al., 2001). All of these ligands help buffer the free ion
concentration from large changes, preventing toxic effects on organisms. However,
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copper will be toxic to organisms once the copper complexing capacity of the water
body is exceeded and the free copper ion increases, or labile copper pools increase.
Kinetically labile metal species are complexes which are able to maintain equilibrium in
bulk solution with the free metal ion over time, in a dynamic situation where over a
certain time that free metal is consumed, e.g. at the cell surface of an organism. That is,
for labile metal complexes the kinetics of dissociation are sufficiently fast to allow the
metal within the complex to be available, which will depend on the time-scale of the
process, but may also depend on the metal-to-ligand ratio and pH (van Leeuwen et al.,
2005). By contrast, if a metal-ligand complex is inert, the dissociation of the metalligand complex will be so slow that it does not contribute to the flux of that metal across
a membrane/interface (van Leeuwen et al., 2005). Along with free ionic copper, labile
copper species may include simple inorganic and simple organic complexes, e.g.
CuCO3, and the copper associated with hydrated ferric oxide, clays and humic acids
(Florence and Batley, 1980). However, not all labile complexes will be bioavailable
(van Leeuwen et al., 2005) to microalgae (or any organism).
1.4 Toxicity of Copper to Microalgae
The toxicity of copper to microalgae was reviewed thoroughly in the paper by Stauber
and Davies (2000) and so only the results of microalgal toxicity tests with copper since
2000 have been compiled in Table 1.2. It is difficult to compare these results, due to the
use of different algal species, endpoints, test media, nutrient concentrations, pH, initial
cell densities and exposure times. The concentration of dissolved copper causing an
effect on microalgae can be as low as 1 µg Cu/L (Sunda and Guillard, 1976; Stauber
and Davies, 2000). However, some tests have EC50 values in the mg/L range, which
are clearly not useful for monitoring effects at environmental concentrations in
freshwater and seawater with maximum dissolved copper concentrations of only 50 and
30 µg Cu/L even in contaminated environments. These tests with high EC50 values
often rely on using high nutrient media, media that contains strong chelating agents
such as EDTA, or use of high initial cell densities of algae, all inappropriate compared
to environmental conditions.
The toxicity of copper to algae has been found to increase with decreasing initial cell
densities (Moreno-Garrido et al., 2000; Franklin et al., 2002a). This is likely due to the
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Table 1.2. Review of toxicity of copper to freshwater and marine algal species (since Stauber and Davies, 2000, review)
Algal Species
Freshwater
Chlamydomonas reinhardtii

Chlorella pyrenoidosa
Chlorella vulgaris
Chlorella sp.

EC50
(µg Cu/L) a

Test Endpoint

Exposure
Duration (h)

2.4

Growth rate

24

3.1

GSH:GSSG

24

3.2

Total GSH

24

68
60-987

Growth rate
Growth rate

96
72

30

Growth rate

48

1.1

Growth rate

48

6±2

Growth rate

48

5.9 (5.2-6.7)

Growth rate

48

5.7 (5.1-7.0)

Growth rate

48

1.0 - 19

Growth rate

48

8±2

Growth rate

72

7.3 (6.7-8.0)

Growth rate

72

7.0 (7.0-8.3)

Growth rate

72

7.3 ± 1.5

Growth rate

72

Test Medium and Conditions

Reference

Fraquil (-trace metals, vitamins and
EDTA)
Fraquil (-trace metals, vitamins and
EDTA)
Fraquil (-trace metals, vitamins and
EDTA)
Culture medium
Site-specific; various pH, DOC,
hardness
Synthetic softwater, pH 6
(80-90 mg CaCO3/L hardness)
Synthetic softwater, pH 7.5
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater- pH 5.5-8
(40-48 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)

Stoiber et al., 2007
Stoiber et al., 2007
Stoiber et al., 2007
Yan and Pan, 2002
De Schamphelaeare and
Janssen, 2006
De Schamphelaeare et al., 2005
De Schamphelaeare et al., 2005
Franklin et al., 2001b
Franklin et al., 2001a
Franklin et al., 2002b
Wilde et al., 2006
Franklin et al., 2001b
Franklin et al., 2001a
Franklin et al., 2002a
Johnson et al., 2007
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Table 1.2 (cont.)
Algal Species
Chlorella sp. (cont.)

EC50
(µg Cu/L) a
4.6 - 16

158 (115-223)

Closterium lunula
Microcystis aeruginosa

Pseudokirchneriella
subcapitata

Test Endpoint
Growth rate

Exposure
Duration (h)
72

Esterase activity

24

73 ± 45

Chlorophyll a inhibition

48

40 ± 5

Chlorophyll a inhibition

72

8±2

Cell size

48

13 ± 4

Cell size

72

200
< 0.75

Growth rate
Growth rate

96
48

< 0.75

Growth rate

72

6±2

Growth rate

48

4.9 (4.1-5.8)
4.2 (3.1-5.6)

Growth rate
Growth rate

48
48

88 ± 15
26.9-507
46
18
30-824

Growth rate
Growth rate
Growth rate
Growth rate
Growth rate

72
72
72
72
72

16.5 ± 4.8

Biomass

72

Test Medium and Conditions

Reference

Synthetic softwater
(80-90 mg CaCO3/L hardness)
Varied initial cell density from 102
to 105 cells/mL
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)
Synthetic softwater
(80-90 mg CaCO3/L hardness)

Franklin et al., 2002b

Synthetic softwater
(40-48 mg CaCO3/L hardness)
Synthetic softwater
(40-48 mg CaCO3/L hardness)
USEPA-EDTA
USEPA-EDTA
Synthetic softwater
(40-48 mg CaCO3/L hardness)
ISO medium
OECD; various pH, DOC, hardness
OECD, pH 5.5
OECD, pH 8.5
Site-specific; various pH, DOC,
hardness
ISO

Franklin et al., 2001a
Franklin et al., 2001b
Franklin et al., 2001b
Franklin et al., 2001b
Franklin et al., 2001b
Yan and Pan, 2002
Franklin et al., 2004
Franklin et al., 2004
Franklin et al., 2001b
Franklin et al., 2001a
Franklin et al., 2004
Bossuyt and Janssen, 2004
De Schamphelaeare et al., 2003
De Schamphelaeare et al., 2005
De Schamphelaeare et al., 2005
De Schamphelaeare and
Janssen, 2006
Heijerick et al., 2005
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Table 1.2 (cont.)
EC50
(µg Cu/L) a
32.0-245

Test Endpoint

8±2
7.5 (6.8-8.2)
6.2-17

Growth rate
Growth rate
Growth rate

72
72
72

4.6 (3.8-5.6)

Growth rate

48

51 (38-70)
14 ± 6
13 ± 5
50
343
5.1 (4.7-5.6)

Esterase activity
Chlorophyll a inhibition
Chlorophyll a inhibition
Growth rate
Growth rate
Growth rate

24
48
72
96
72
48

9.8 (7.1-14)

Growth rate

72

Marine
Chaetoceros calcitrans

60-80

Growth rate

96

Chlorella autotrophyca

9.6-38.3

Biomass

72

Chlorococcum littorale
Chlorococcum sp.
Cylindrotheca sp.
Dunaliella bardawil
Dunaliella salina
Dunaliella tertiolecta

10200
11700
7700
198000
220000
1461 ± 200
> 980
995 ± 40
> 980

Algal Species
P. subcapitata (cont.)

Scenedesmus obliquus
Scenedesmus subspicatus
Trachelomonas sp.

Biomass

Biomass
Biomass
Biomass
Motility
Motility
Growth rate
Growth rate
Growth rate
Growth rate

Exposure
Duration (h)
72

72
72
72
0.03 (2 min)
0.03 (2 min)
48
48
72
72

Test Medium and Conditions

Reference

Site-specific; various pH, DOC,
hardness
USEPA-EDTA
USEPA-EDTA
USEPA-EDTA
Varied initial cell density from 102
to 105 cells/mL
Synthetic softwater
(40-48 mg CaCO3/L hardness)
USEPA-EDTA
USEPA-EDTA
USEPA-EDTA

Heijerick et al., 2005

OECD - EDTA
Synthetic softwater
(40-48 mg CaCO3/L hardness)
Synthetic softwater
(40-48 mg CaCO3/L hardness)
Nutrient enriched synthetic seawater
(-EDTA)
Artificial seawater + ? Varied initial
cell density from 103 to 104 cells/mL
Daigo IMK
Daigo IMK
Daigo IMK
Contains EDTA
Contains EDTA
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients

Franklin et al., 2001b
Franklin et al., 2001a
Franklin et al., 2002b
Franklin et al., 2004
Franklin et al., 2001a
Franklin et al., 2001b
Franklin et al., 2001b
Yan and Pan, 2002
Ma et al., 2003
Franklin et al., 2004
Franklin et al., 2004
Ismail et al., 2002
Moreno-Garrido et al., 2000
Satoh et al., 2005
Satoh et al., 2005
Satoh et al., 2005
De Kuhn et al., 2006
De Kuhn et al., 2006
Franklin et al., 2001b
Franklin et al., 2001a
Franklin et al., 2001b
Franklin et al., 2001a
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Table 1.2 (cont.)
Algal Species
D. tertiolecta (cont.)
Dunaliella viridis
Entomoneis cf. punctulata

Heterocapsa niei
Heterocapsa sp.
Isochrysis galbana
Isochrysis aff galbana
Micromonas pusilla
Nannochloris autotrophyca
Nitzschia closterium
Nitzschia cf palea

Phaeodactylum tricornutum

EC50
(µg Cu/L) a
> 500
176000
13 ± 1
17 (15-20)
22 ± 4
18 (17-20)
97 ± 39
260 ± 80
9.1 (7.6-11)
15 (14-16)
16 (15-17)
11600
30-40
4200
0.4-4.4

Test Endpoint
Esterase activity
Motility
Growth rate
Growth rate
Growth rate
Growth rate
Esterase activity
Esterase activity
Esterase activity
Growth rate
Growth rate
Biomass
Growth rate

Exposure
Duration (h)
24
0.03 (2 min)
48
48
72
72
3
24
24
48
72
72
96

Biomass
Biomass

72
72

3.3 (3.1-3.6)
3.1 (2.4-4.2)
16.7 – 46.2

Growth rate
Growth rate
Biomass

48
72
72

40 ± 4
23 (18-28)
24 (23-26)
> 500
9±3
7.8 (6.3-9.5)
12 (11-14)
10 ± 4
8.9 (7.5-11)
13 (11-15)

Growth rate
Growth rate
Growth rate
Esterase activity
Growth rate
Growth rate
Growth rate
Growth rate
Growth rate
Growth rate

72
48
72
24
48
48
48
72
72
72

Test Medium and Conditions

Reference

Seawater + minimal nutrients
Contains EDTA
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Daigo IMK
Nutrient enriched synthetic seawater
(-EDTA)
Daigo IMK
Artificial seawater + ? Varied initial
cell density from 103 to 104 cells/mL
Seawater + minimal nutrients
Seawater + minimal nutrients
Artificial seawater + ? Varied initial
cell density from 103 to 104 cells/mL
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients

Franklin et al., 2001a
De Kuhn et al., 2006
Adams and Stauber, 2004
Franklin et al., 2001a
Adams and Stauber, 2004
Franklin et al., 2001a
Adams and Stauber, 2004
Adams and Stauber, 2004
Franklin et al., 2001a
Franklin et al., 2004
Franklin et al., 2004
Satoh et al., 2005
Ismail et al., 2002
Satoh et al., 2005
Moreno-Garrido et al., 2000
Franklin et al., 2004
Franklin et al., 2004
Moreno-Garrido et al., 2000
Johnson et al., 2007
Franklin et al., 2001a
Franklin et al., 2001a
Franklin et al., 2001a
Franklin et al., 2001b
Franklin et al., 2001a
Franklin et al., 2004
Franklin et al., 2001b
Franklin et al., 2001a
Franklin et al., 2004
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Table 1.2 (cont.)
Algal Species
P. tricornutum (cont.)

Prasinococcus sp.
Prorocentrum minimum
Kattegat
Prorocentrum minimum
Lissabon
Synechococccus sp.
Tetraselmis suecica
Tetraselmis tetrahele

EC50
(µg Cu/L) a
9.8-35.0

Test Endpoint
Biomass

Exposure
Duration (h)
72

Test Medium and Conditions

Reference

8±3
8±3
> 500
5400
7500

Cell size
Cell size
Esterase activity
Biomass
Motility

48
72
24
72
0.03 (2 min)

Artificial seawater + ? Varied initial
cell density from 103 to 104 cells/mL
Seawater + minimal nutrients
Seawater + minimal nutrients
Seawater + minimal nutrients
Daigo IMK
f/2

Moreno-Garrido et al., 2000
Franklin et al., 2001b
Franklin et al., 2001b
Franklin et al., 2001a
Satoh et al., 2005
De Kuhn et al., 2006

13500

Motility

0.03 (2 min)

f/2

De Kuhn et al., 2006

5300
40000
120

Biomass
Motility
Growth rate

72
0.03 (2 min)
96

Daigo IMK
Satoh et al., 2005
f/2
De Kuhn et al., 2006
Nutrient enriched synthetic seawater Ismail et al., 2002
(-EDTA)
7400
Biomass
72
Daigo IMK
Satoh et al., 2005
Tetraselmis sp.
83 (70-100)
Growth rate
48
Seawater + minimal nutrients
Franklin et al., 2001a
146 (125-177)
Growth rate
72
Seawater + minimal nutrients
Franklin et al., 2001a
> 500
Esterase activity
24
Seawater + minimal nutrients
Franklin et al., 2001a
340-410
Growth rate
96
Nutrient enriched synthetic seawater Ismail et al., 2002
(-EDTA)
Thalassiosira weissflogii
2.7 ± 0.3
Photosynthetic Quantum
48
Artificial seawater + f/10 trace
Miao and Wang, 2007
(free Cu2+)
Yield
metals + f/2 nutrients
19.8 (18.7-20.8) Growth rate
30
Aquil (- EDTA)
Karner et al., 2006
13.4 (12.1-14.3) Growth rate
30
Aquil (Trace EDTA)
Karner et al., 2006
0.032 ± 0.001
Growth rate
48
Artificial seawater + f/10 trace
Miao and Wang, 2007
(free Cu2+)
metals + f/2 nutrients
a
Values are mean ± 1 standard deviation or mean (95% confidence limits). Where a range of IC50 values are given, this is due to changes in a test variable, e.g. pH.
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decrease in surface area available for copper-cell binding. Different microalgal species
have different sensitivities to copper (when tested under identical conditions) (MorenoGarrido et al., 2000; Franklin et al., 2001a, 2004; Yan and Pan, 2002; Satoh et al., 2005;
DeKuhn et al., 2006) and the toxicity will also depend on the endpoint used e.g. 48-h
versus 72-h growth rate inhibition, cell yield and esterase activity (Franklin et al.,
2001a, 2001b; Adams and Stauber, 2004). Copper toxicity varies with pH, hardness,
dissolved organic matter and salinity (Franklin et al., 2000; Eriksen et al., 2001; De
Schamphelaere et al., 2005; Heijerick et al., 2005; De Schamphelaere and Janssen,
2006; Wilde et al., 2006). Hydrogen ions can compete for uptake at the cell surface and
thus at lower pH values (higher concentration of hydrogen ions), copper intake may
decrease. Alternatively at lower pH values, copper may become more available for
uptake due to higher solubility. Changes in pH may modify the cell surface of algae
(François et al., 2007) changing the interaction of cells with toxicants like metals.
Increases in calcium and magnesium ion concentrations (i.e., increased hardness) can
also decrease toxicity through competition with metals for cell binding. Thus organisms
that live in soft water may be more susceptible to metal pollution. Increased
concentrations of dissolved organic matter can also protect against toxicity (e.g.
DeSchamphelaere and Janssen, 2006) by providing an increase in alternative ligands for
binding or chelating copper, preventing its uptake into cells. These water quality factors
of pH, hardness and dissolved organic matter are considered in the biotic ligand model
(see Section 1.5).
It is generally considered that the free copper ion is most available to microalgae.
Sunda and Guillard (1976) established the importance of the cupric ion, not total copper
concentrations, in regulating the growth rate and accumulation of copper in algal cells.
However, Stauber and Florence (1987) found that copper bound to lipid based ligands
in neutral complexes were more toxic than ionic copper, due to the ability of these
complexes to cross the cell membrane by passive diffusion. The concentration of free
copper ([Cu2+]) causing effects to freshwater algae are reported as 10-12 to 10-11 M in
Xue et al. (1995). Free copper concentrations above 3  10-11 M and 4  10-11 M
inhibited the growth rate of Thalassiosira pseudonana and Nannochloris atomus,
respectively (Sunda and Guillard, 1976). Toxic effects, in terms of reduced growth rate,
decreased cell chlorophyll and increased volume per cell were observed for Emilinia
huxleyi, Thalassiosira weissflogii and Thalassiosira psuedonana at [Cu2+] of  10-11 M
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(Sunda and Huntsman, 1995). Karner et al. (2006) established that the concentration of
Cu2+ to cause a 50% reduction in the growth rate of Thalassiosira weissflogii was 2.0 
10-8 M (1.3 µg Cu/L), which corresponded to an IC50total copper of 18 µg Cu/L (LOECtotal
copper

6.4 µg Cu/L). However, the 48-h IC50 (growth) for T. weissflogii was found to be

much lower, at 0.051 ± 0.003  10-8 M free copper (0.032 ± 0.001 µg Cu2+/L) in a study
by Miao and Wang (2007). Different test media could account for the differences, with
Miao and Wang (2007) also finding that toxicity (based on growth rate inhibition)
increased 2.5- to 3.5-fold in tests without nitrogen or phosphate. The EC50 for
T.weissflogii was 4.3 ± 0.5  10-8 M (2.7 ± 0.3 µg Cu2+/L) for phototsynthetic maximum
quantum yield (Miao and Wang, 2007) when nitrate was present. Eriksen et al. (2001)
found that toxicity of copper to Nitzschia sp. was greater at a lower salinity (salinity =
20 and 30‰). At the lower salinity, a free copper ion concentration of 6.3  10-9 M
reduced the growth rate to < 8% of controls, while at 30‰ salinity, a free copper ion
concentration of 3.2  10-9 M reduced the growth rate by 60%. Wilde et al. (2006)
calculated that the 48-h IC50free Cu for the freshwater green alga, Chlorella sp., was 9 
10-8 M at pH 6. The relationship between IC50free Cu and pH was linear, with increases
in pH correlated with increasing toxicity (R2 = 0.99) (i.e. at higher pH values, toxicity
occurred at lower free ion concentrations). This is similar to the work by De
Schamphelaere et al. (2005) who found that the 48-h EC50free Cu decreased from 33.1 to
0.28  10-8 M Cu2+ (i.e., toxicity increased) between pH 6 and 7.5 for Chlorella sp. and
the 72-h EC50free Cu decreased from 46.7 to 0.056  10-8 M Cu2+ (i.e., toxicity increased)
between pH 5.9 and 8.5 for Pseudokirchneriella subcapitata.
Labile copper species may also be bioavailable and contribute to toxicity (Sunda, 1988;
Stauber and Davies, 2000). Kinetic control of uptake can occur when copper transport
is diffusion limited, that is, the rate of copper internalisation (kint) is faster than the rate
of supply of copper to the diffusion boundary layer (kdiff) and uptake will be controlled
by the rates at which copper complexes dissociate. Potentially, enzymes at the cell
surface may be able to reduce certain Cu(II) complexes to Cu(I) which can then be
taken up by the cell (Stauber and Davies, 2000).
The toxicity of copper to marine algae is discussed further in Chapters 3 and 4, the
toxicity of copper to both freshwater and marine algae in the presence of bacteria is
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discussed in Chapter 5 and the toxicity of copper to a marine species, Tetraselmis sp. in
the presence of biofilms, is discussed in Chapter 6.

1.4.1 Uptake of copper into algal cells
Initial adsorption of copper (as a charged metallic ion) to cell surfaces is considered to
be rapid, with slower internalisation by facilitated diffusion, using transmembrane
transport proteins that may be pumps or channels (Campbell et al., 1995; Hudson, 1998;
Stauber and Davies, 2000; Megharaj et al., 2003). Charged copper in solution (free
Cu2+) is unable to cross the hydrophobic lipid bi-layer of the cell membrane, however,
neutrally charged lipophilic copper complexes are able to cross the lipid bi-layer via
passive diffusion (Stauber and Florence, 1987). For a discussion of the processes
governing uptake of copper in relation to models predicting toxicity, see Section 1.5
below.
High affinity and low affinity uptake systems for copper have been identified in yeasts
(Eide, 1998). High affinity uptake systems require the reduction of Cu2+ to Cu1+ at the
plasma membrane and this is performed by plasma membrane reductases FRE1 and
FRE2 (ferric reductases, involved in the uptake of iron). The Cu1+ ion is then taken up
through transporter proteins encoded by the genes ctr1 and ctr3. It is an energydependent process and specific for Cu1+ over other metals, that may be via a Cu+/2K+
antiporter membrane protein (i.e. one copper ion enters the cell as two potassium ions
exit the cell) (Eide, 1998). The protein encoded by ctr1 has a number of methionine and
serine residues (with -S-CH3 and –OH reactive groups, respectively) that may have
affinity for copper. Similar motifs have been seen in a number of bacterial copperresistant proteins and similar transport proteins (and genes encoding them) have been
noted in humans (Eide, 1998). If highly conserved across prokaryotic and eukaryotic
cells, these proteins may also be relevant in the transport of copper in algal cells.
However, such metal-specific membrane-transport proteins may not exist in algae,
allowing for the uptake of both essential and non-essential metals (Megharaj et al.,
2003). More general trace metal uptake systems would also explain competition for
uptake observed by cations (e.g. the competition for uptake between Zn, Cu and Mn in
microalgae reported by Sunda and Huntsman (1983, 1998); Sunda, (1989) or Zn and
Mn with Cd (Töpperwien et al., 2007)).
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1.4.2 Mechanisms of copper toxicity
The mechanism(s) of copper toxicity in microalgae has not been completely elucidated,
and is likely to vary depending on species. A number of mechanisms of copper toxicity
to microalgae have been discussed in the literature:
(i) Toxicants like copper may disrupt cell membranes upon binding, altering
membrane potential and increasing membrane permeability (Sunda and
Huntsman, 1983 and 1998; Parent et al., 1996; Cid et al., 1996; Franklin et al.,
2001a).
(ii) The free copper ion can be toxic because by competing for binding sites at
algal cell surfaces it can prevent the uptake of other essential micronutrients, e.g.
Ca2+, Mg2+, Mn2+ and Zn2+ (Sunda and Huntsman, 1983, 1998; Franklin et al.,
2004). The ability of copper to interfere with the uptake of other essential
metals relates to the binding constants for each metal with the physiologically
active sites at the cell surface, the concentration of free (or highly labile) metal
species in solution and the kinetics of metal-cell binding for different metals
(Stauber and Davies, 2000).
(iii) Once internalised, copper can bind to intracellular thiol groups (SH), for
which it has high affinity, e.g. copper may interfere with the ratio of reduced to
oxidised glutathione in the cell (the GSH:GSSG ratio), affecting mitosis
(Stauber and Florence, 1987; Stoiber et al., 2007).
(iv) Copper may inhibit enzymes in the cytoplasm, including esterase and -Dgalactosidase (Stauber and Davies, 2000; Franklin et al., 2001; Adams and
Stauber, 2004).
(v) Copper can cause changes in intracellular pH (Cid et al., 1994, 1995).
(vi) Copper can exert toxicity by interfering with photosynthesis, potentially
through inactivation of photosystem II reaction centres, as suggested by changes
in rates of photosynthesis, chlorophyll a fluorescence and ATP production (Cid
et al., 1995). However, evidence from toxicity studies suggests that growth
inhibition endpoints are more sensitive to copper than photosynthesis inhibition
endpoints (Cid et al., 1995; Stauber and Davies, 2000).
(vii) Copper may lead to the production of oxygen free radicals which can cause
lipid peroxidation and other cell/membrane damage (Cid et al., 1994; Pinto et
al., 2003; Morelli and Scarano, 2004; Sabatini et al., 2009).
20

1.4.3 Algal detoxification mechanisms for copper
Algal cells are capable of regulating some of their internal metal concentrations
(homeostasis) and can regulate the environment around them. Different species may
exhibit a variety of mechanisms that can be used to either prevent or inhibit copper
uptake initially, or detoxify copper once inside the cell (Stokes 1983; Stauber and
Florence, 1987; Campbell, 1995; Mason and Jenkins, 1995; Stauber and Davies, 2000;
Campbell et al., 2002; Megharaj et al., 2003; Worms et al., 2006). The potential
mechanisms may be:
(i) Physical exclusion due to reduced membrane permeability (Stokes, 1983;
Megharaj et al., 2003).
(ii) External binding of metal ions by cell exudates. Algal cells may produce
ligands that are pumped into solution which then bind metals. This production
could be naturally-occurring, a result of nutrient stress (in nutrient-deplete
conditions carbon is shunted into this pathway), or a specific reaction to excess
of metals in solution (Stokes, 1983; Megharaj et al., 2003; Vasconcelos et al.,
2002; Koukal et al., 2007).
(iii) Internal immobilisation of metals, e.g. association of copper with sulfate in
granules, into polyphosphate bodies or calcium calcretions, or in nonmetabolically active areas of the cell, e.g. the cell wall, effectively sequestering
copper into non-biologically available forms (Stokes, 1983; Stauber and
Florence, 1987; Megharaj et al., 2003; Amiard-Triquet et al., 2006).
(iv) Synthesis of internal metal binding proteins (e.g. phytochelatins). These
proteins are high in cysteine residues rich in sulfur capable of binding copper (or
other metals) strongly (Sunda and Huntsman, 1998; Morelli and Scarano, 2004;
Kawakami et al., 2006; Le Faucheur et al., 2005, 2006, Morelli et al., 2009).
(v) Efflux mechanisms, to eliminate copper from the cell by pumping it back
into solution. If efflux mechanisms are relatively fast, although metal may be
being internalised, a high turnover of metal can mean little metal actually
accumulates within the cell (Stokes, 1983; Sunda and Huntsman, 1998; Worms
et al., 2006.
(vi) Very high growth rates can effectively dilute internal cell concentrations
(Sunda and Hunstman, 1998; Luoma and Rainbow, 2005).
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(vii) Increased production of enzymes, e.g. catalase, superoxide dismutase,
capable of scavenging damaging reactive oxygen species (Stauber and
Florence,1987; Pinto et al., 2003; Morelli and Scarano, 2004; Sabatini et al.,
2009).
Sometimes these mechanisms are an intrinsic part of the cell metabolism. Alternatively,
the mechanism may be induced in the presence of high concentrations of metals/copper.
Mechanisms of toxicity and detoxification mechanisms of algae are discussed in greater
detail in Chapter 4.
1.5 The Biotic Ligand Model (BLM)
Various theoretical models have been proposed to link the concept of bioavailability of
metal species in solution with metal-organism binding, uptake, internalisation and
toxicity, including the gill-surface interaction model (GSIM) (Pagenkopf, 1983), the
free ion activity model (FIAM) (Morel, 1983), the extended FIAM (Brown and
Markich, 2000), and most recently, the biotic ligand model (BLM) (Di Toro et al, 2001;
Santore et al, 2001). These frameworks set out to predict the toxicity of metals based
upon key water quality parameters (e.g. pH, dissolved organic matter (DOC), hardness
and salinity) and metal-ligand binding constants, effectively reducing the need for both
ultra-trace metal speciation analysis and toxicity testing, thus reducing the expense and
time required for water quality assessments. Computer modelling programs, e.g.
WHAM (Windemere Humic Aqueous Model; Tipping, 1994) predict the metal
speciation in solution and from this information and knowledge of metal-cell binding
constants, the concentration of metal bound to sensitive sites on the cell surface can be
calculated (Di Toro et al., 2001). This allows calculation of the flux of metals across
the membrane, with internal delivery of toxicant resulting in biological effects. The
sensitive or active sites are known as the “biotic ligand”, and this concept was
developed using fish as test organisms, where the gill was identified as being the biotic
ligand (in water-only exposures, i.e. non-dietary exposure) (Pagenkopf, 1983; Di Toro
et al., 2001). Using sets of experimentally-derived acute response data of organisms,
and the site-specific water quality parameters, the toxicity of metals to various
organisms can be estimated. In the FIAM, toxicity was related to the activity of the free
hydroxy metal ion, however later work showed that adaptation of the model was
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required to take into account highly labile species that can contribute to toxicity and
competition for uptake at surface sites. The activity of individual free hydroxy metal
ions alone could not explain the extent of biological effects observed in test examples.
Thus the biotic ligand model takes into account both interactions at the active sites at
the water-organism interface and the chemical species of metal available for uptake.
Figure 1.1 is a schematic diagram (adapted from Di Toro et al., 2001 and Janssen et al.,
2003) that illustrates some of the important processes inherent to the BLM, including
complexation to organic matter and inorganic ligands, metal-reactive site binding and
competition for cell surface binding sites and internalisation. Figure 1.2 summarises
some of the main reactions that form the basis of the BLM and modelling metal uptake
in cells.
Before the metal reaches the surface of cells, it must first diffuse from bulk solution to
near the surface of the organism (the diffusion layer, 10 to 100 nm). This mass
transport process is defined by Equation 1.1:
kdiff
MLbulk solution  MLdiffusion layer
Mz+bulk solution  Mz+diffusion layer

Equation 1.1

Where ML is a metal-ligand complex, Mz+ is the free metal ion and kdiff is the rate of
diffusion of a species from bulk solution to the diffusion layer.
Metal-ligand complexes undergo dissociation/association reactions in solution (both
bulk solution and in the diffusion layer) (shown in Equation 1.2):
ka
M + L  ML
kd

Equation 1.2

where ka is the rate of association of metal (M) and ligand (L) to form complex (ML); kd
is the rate of dissociation of the metal-ligand complex. The concentration of ML in
solution is related to the concentration of metal, the concentration of free ligand and the
equilibrium rate constant (KML), Equation 1.3:
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Bilipid plasma
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Figure 1.1. Schematic overview of the biotic ligand model (BLM) using copper and an
algal cell as examples. Adapted from Di Toro et al. (2001) and Janssen et al. (2003).
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Figure 1.2. Conceptual model of metal-algal interactions, and interaction of metals
with ligands in solution (bulk solution and diffusion layer). Mz+, free metal ion; ML,
metal-ligand complex; kdiff, rate of diffusion from bulk solution into the diffusion layer;
ka and kd, rates of association and dissociation for metal with ligands; KML, equilibrium
constant for the formation of ML; M-X-membrane, metal biotic ligand complex; Lz-,
free ligand; Mint, internalised metal; kint, rate of internalisation; kf and kf′, rate constants
for the association and dissociation of the free metal ion with M-X-membrane; kfl and
kfl′, rate constants for the association and dissociation of the metal ligand complex with
M-X-membrane. Reproduced and adapted from Campbell et al. (2002).
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[ML] = KML  [M]  [L]

Equation 1.3

The binding of metal to sensitive sites at the organism interface is represented by
Equation 1.4 in which metal (M) binds to some reactive site (X) (the presumed biotic
ligand for algal cells) on the cell membrane:

kf
kint
M(L) + X-membrane  M-X-membrane + L  Mint + X-membrane

Equation 1.4

kf′
kf and kf′ are the rates of formation and dissociation for the metal-reactive site complex
(M-X-membrane), and kint is the rate of internalisation of metal across the cell
membrane. Once metal is internalised, the sensitive site at the membrane is able to bind
more external metal, creating a pseudo-equilibrium between solution and the membrane.
The concentration of M-X-membrane is given by Equation 1.5:
{M-X-membrane} = KS  {X-membrane}  [M]

Equation 1.5

where KS is the specific stability constant for the metal with the transport site. The site
X may be a metal-sensitive site or a transmembrane transporter, ion channel or carrier
(Slaveykova and Wilkinson, 2005; Campbell et al., 2006).
Uptake of metals can be understood using Michaelis-Menten enzyme-substrate kinetics,
Equation 1.6:

V=

Vmax [Mz+]
[Mz+] + Ks

Equation 1.6

where V is the rate of metal ion uptake, Vmax is the maximum rate of uptake which
occurs when transport ligands are fully saturated and [Mz+] is the concentration of metal
ion in solution. Ks is the half saturation constant and is defined by Equation 1.7:

Ks=
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kf′ + kint
kf

Equation 1.7

In the biotic ligand model it is assumed that surface complexation (kf and kf′) is rapid
and internalisation (kint) is the rate limiting step. This leads to a pseudo-equilibrium
between the solution and cell surface (as long as transport of metal from bulk solution to
within the diffusion boundary layer of the organism is not limiting, i.e. kdiff >> kint, e.g.
silver uptake into Chlamydomonas reindardtii, Fortin and Campbell, 2000). Therefore
M-X-membrane, the concentration of metal bound to the biotic ligand, is an indicator of
the concentration of metal that will be internalised, and thus an indicator of biological
effect (Campbell et al., 1995, 2006; Wilkinson and Buffle, 2004). Where FIAM differs
from the BLM, is that the BLM also takes into account competition between metals and
protons for the reactive site at the cell surface (Figure 1.1). Other sites at the cell
surface that are non-reactive, i.e. places at which cations are not transported into the
cell, make up the rest of the adsorptive capacity of the cell. There are only a certain
number of reactive sites to which Ca2+, Mg2+, H+, Zn2+, Cu2+ (etc.) can bind, which will
be organism-dependent. Therefore, theoretically at higher hardness or low pH there will
be greater concentrations of Ca2+, Mg2+ or H+ competing with the trace metal of interest
(e.g. Cu2+). As a result the equilibrium concentration of Cu-X-membrane decreases,
and less copper enters the cell where it can exert toxicity. Once factors like the number
of reactive binding sites, the affinity of certain metals to the biotic ligand and the
toxicity of a metal to an organism have been characterised, Cu-X-membrane and
effective toxicity can be calculated based upon site-specific water quality parameters.
Where an organism has high uptake of a metal that depletes the concentration of metal
in the diffusive boundary layer a system may be known to be diffusion limited, i.e. kdiff
is << kint. Metal uptake will depend on the rate of supply of metal from the bulk
solution to the organism-water interface and the BLM will not apply.
Considerable effort has gone into developing acute BLMs for freshwater and marine
fish (rainbow trout, zebrafish, perch (Niyogi and Wood, 2003, 2004)) and invertebrate
species (Daphnia magna, DeSchamphelaere and Janssen, 2002; Mytilus sp., Arnold et
al., 2005), however chronic BLMs are still under development. Furthermore,
substantial research has gone into developing an acute and chronic BLM for algae,
coupled with work informing the current BLM framework, i.e., algal research related to
the FIAM and to understanding the abiotic factors that influence metal uptake into cells
(Errécalde and Campbell, 2000; Fortin and Campbell, 2000, 2001; Heijerick et al.,
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2002; Campbell et al., 2002; De Schamphelaere et al., 2003, 2005; Hassler and
Wilkinson, 2003; Hassler et al., 2004a, 2007; Slaveykova and Wilkinson, 2003a, 2003b;
Slaveykova et al., 2003; Vigneault and Campbell, 2005; Wilde et al., 2006; François et
al., 2007; Lamelas and Slaveykova, 2007; Töpperwien et al., 2007; Worms et al., 2006,
2007; Worms and Wilkinson, 2007). However, its applicability has not been fully
validated and is still debated. Reviews by Campbell et al. (2002, 2006), Hassler and
Wilkinson (2003) and Worms et al. (2006) outline some of the issues specific to algae
that make confirmation of an algal BLM difficult. A number of assumptions are made
in order for the BLM to be applied (drawn from Slaveykova and Wilkinson, 2005):
(i) The plasma membrane is the site of interaction of the trace metal with living
organisms. It is further assumed to be chemically homogenous, i.e. only one
type of binding site.
(ii) A single 1:1 binding site with a homogenous distribution of charges is
involved, and a single compound is transported.
(iii) The carrier molecule does not possess regulatory sites and no significant
modification of the carrier concentration occurs, through degradation or the
synthesis of new carrier ligands (e.g. no up- or down-regulation of transporter
production, and no up- or down-regulation of the rate of transport).
(iv) Mass transport towards the biological interface is not rate-limiting, i.e. kdiff
>> kint, and thus the thickness of the diffusion layer, and time taken for metal
species to cross the diffusion layer can be ignored.
(v) The surface complexation kinetics at the biological interface are not ratelimiting.
(vi) The dissociation constant of M-X-membrane has the same value on both
sides of the plasma membrane.
(vii) Chemical gradients at the bulk solution-biological interface do not affect
transport to, or reaction with, transport sites (e.g. changes in pH do not
physically change the nature of the active site, X-membrane).
(viii) The induced biological response is directly proportional to metal
internalisation fluxes or concentrations of the surface complex M-X-membrane.
In establishing a chronic BLM (in line with the use of chronic growth rate inhibition
bioassays for assessing toxicity to algae), it becomes difficult to satisfy a number of the
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assumptions that the theoretical model is built on, in particular assumption (iii), that the
cell will not regulate its immediate environment (Slaveykova and Wilkinson, 2005;
Worms et al., 2006) and assumption (vii), that the specific sites on the cell membrane at
which metal will be transferred into the cell, i.e. the biotic ligand, will not change in
response to the metal, pH or some other factor. There is some evidence that the algal
biotic ligand may change due to pH changes (Heijerick et al., 2002; François et al.,
2007) or that membrane permeability can change upon exposure to metal mixtures
(Franklin et al., 2002b) or in the presence of organic matter (Vigneault et al., 2000;
Parent et al., 1996; Slaveykova et al., 2003; Boullemant et al., 2005; Lamelas and
Slaveykova, 2007). Over time, functional sites at the cell membrane will degrade,
particularly when under stress or, alternatively, it is possible that cells will up-regulate
the production of sites to gain access to limited nutrients (like Fe, Mn, Cu and Zn) or
up-regulate the production of mucous or other cell exudates as a stress-response.
Fundamentally, environmental systems are dynamic and are not necessarily in a steadystate equilibrium so it may be inappropriate to apply the BLM, a model based on
equilibria, to all systems (Slaveykova and Wilkinson, 2005; Van Leeuwen et al., 2005).
Some specific examples from the literature where the BLM has failed to fully describe
metal uptake into algae are described below. Heijerick et al., (2002) found that calcium,
magnesium and sodium were all competitors for uptake with zinc in
Pseudokirchneriella subcapitata cells, and that the influence of their competition with
zinc on toxicity could be modeled effectively. However, while H+ also competed with
Zn2+ for uptake into cells, the non-linear nature of the relationship between hydrogen
ion concentration and 72-h IC50 for zinc suggested that pH can change the nature of the
biotic ligand. This could lead to problems when making predictions from models,
because if a stability constant based on low pH values is used, zinc toxicity at higher pH
is underestimated, and vice-versa (Heijerick et al., 2002). This paper, as one of the first
exploring the concept of an algal-BLM, is key in showing that while metal toxicity to
algae may be modeled based on certain water quality parameters, changes in the plasma
membrane as the site of interaction (or biotic ligand) in response to key variables like
pH may make the development of an algal BLM very complicated. Slaveykova and
Wilkinson (2003) also showed that the BLM failed for lead uptake in Chlorella kessleri
at pH values greater than 6.5. Similarly, with the critical water quality parameter of
dissolved organic matter, metal uptake into algal cells can vary with the concentration
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gradient of DOM, that is, uptake may not be independent of DOM like fulvic and humic
acids (Vigneault et al., 2000; Parent et al., 1996; Slaveykova et al., 2003; Boullemant et
al., 2005; Lamelas and Slaveykova, 2007; Slaveykova, 2007).
Hassler and Wilkinson (2003) also studied zinc uptake by a green alga, Chlorella
kessleri, but found that neither the FIAM nor the BLM could explain internalisation of
zinc. The flux of metal across the membrane (where flux is defined by both the uptake
rate and the number of critical binding sites on the cell surface) was not linear over a
range of concentrations, i.e. first order uptake was not observed. They further
demonstrated that zinc uptake is active (rather than passive) and can clearly be regulated
by the cell (homeostasis), their hypothesis being that in zinc-limited conditions, algal
cells may be able to produce extra sites in the membrane for zinc transport (Hassler and
Wilkinson, 2003). Hassler et al. (2004a) went on to show that in the absence of
competing ligands, the BLM could predict lead uptake but not zinc uptake, and while
some competition effects were able to be modeled (the effect of calcium on lead uptake,
the effect of cadmium concentrations on zinc uptake), other competition effects were
not well predicted (e.g. that of calcium and zinc). They calculated that the cells should
not be diffusion limited with respect to zinc and that the kinetics of the loss of water
from the hydration sphere of the free zinc ion are faster than the internalisation flux.
The failure of the model with respect to zinc may therefore be because as an essential
metal it is tightly regulated by the cell, when compared to lead which is non-essential,
leading to dynamic interactions between the cell and its immediate environment in
response to zinc concentrations (Hassler et al., 2004a). Tight regulation of zinc was
also observed in a freshwater bacterium (Mirimanoff and Wilkinson, 2000). This issue
of homeostasis may be an issue of concern for other essential trace metals that can exert
toxicity on algal cells at low concentrations, e.g. copper.
One of the main exceptions to the biotic ligand model is the transport of metals in the
presence of various ligands. Uptake of metal may increase (compared to that predicted
by BLM) due to the ability of the metal to cross the plasma membrane without the use
of transporter by forming neutral, lipophilic complexes which may then rapidly diffuse
across a bi-lipid plasma membrane; or by being taken up by anion transporters (as
opposed to cationic metal transporters). For example, Stauber and Florence (1987)
showed that neutral copper-lipid complexes were capable of crossing cell membranes
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quickly, thus exerting greater toxicity than free copper alone, while more recently
Worms et al. (2007) found increased permeability of C. reinhardtii cells to nickel, when
exposed to nickel in the presence of synthetic hydrophobic ligands (8-hydroxyquinoline
and diethyldithiocarbamate). However, Worms et al. (2007) found that in the presence
of more environmentally relevant ligands (natural organic matter in the form of
Suwannee River fulvic or humic acids), equilibrium models would be successful in
modeling uptake, as internalisation of nickel was proportional to the amount of free
nickel. For the second case of metal being taken up by anion transporters, Errécalde
and Campbell (2000) found that cadmium uptake rates increased for
Pseudokirchneriella subcapitata (Selenastrum capricornutum) when citrate was used to
buffer trace metal free ion concentrations in the media rather than nitrilotriacetate. This
increased uptake of cadmium was hypothesised to be due to accidental transport of Cdcitrate complexes by a membrane transporter. Similarly, Fortin and Campbell (2001)
found that silver uptake was enhanced in the presence of thiosulfate when compared to
uptake in the presence of chloride, because silver-thiosulfate complexes are transported
into the cell quickly via the sulfate/thiosulfate channel in the cell membrane.
Although most algal BLM development work has focused on abiotic factors that
influence metal uptake, one biotic factor that has been considered with respect to metal
speciation, uptake and/or toxicity is algal cell density (Franklin et al., 2002b;
Slaveykova, 2007). Test protocols with algae can use a variety of initial cell densities
(up to 106 cells/mL), higher than those found in the environment even in bloom
conditions. Franklin et al. (2002b) found that copper adsorbed to cell surfaces and
internalised copper concentrations decreased with increasing cell density, with a
subsequent decrease in toxicity for two green algae. This was primarily related to the
decrease in dissolved copper in solution due to increased adsorption of copper on the
greater surface area of cells at higher cell densities. Conversely, Slaveykova et al.
(2007) found that lead uptake decreased at lower cell densities, but this was related to an
increase in fulvic acid adsorbed to cell surfaces at lower cell densities, with the
hypothesised creation of a cell-fulvic acid-metal ternary complex that makes lead more
available to cells than expected by modelling. Thus consideration of biotic factors is
very important in understanding metal uptake and toxicity.
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The above examples show that the BLM framework is not without problems with
respect to metal uptake in algae. However, use of models based on bioavailability can
be successful in certain cases. De Schamphelaere et al. (2003) developed a copper
toxicity model for Pseudokirchneriella subcapitata and were able to successfully
predict 100% and 97% of the EC50dissolved and EC10dissolved values, respectively, within a
factor of 2, compared to the observed effect concentration. Extending this model to
previous data, they found that these effects concentrations could be predicted within a
factor of 2 for 81% of the tested European waters (De Schamphelaere et al., 2003). The
model was also applied to other algal species (De Schamphelaere and Janssen, 2006)
with some success, but obviously it has been built specifically for the interaction of
copper (rather than all trace metals) and algae (as opposed to many aquatic organisms)
in freshwater alone, so does not have the universal appeal of the BLM. Bioavailability
models can be useful tools for water quality assessment, and while it may be that an
algal BLM is not yet universally applicable, further research into the fundamental
understanding of metal-cell interactions can only help to develop more relevant models.
1.6 Interactions between Algae and Bacteria in the Aquatic Environment
Interactions between algae and bacteria in the plankton are extremely important in
oceanic nutrient cycling (Rooney-Varga et al., 2005; Azam and Malfatti, 2007) and in
aquaculture (Sakata and Sakata, 1996), while interactions between algae and bacteria in
biofilms are also considered important in aquatic environments (discussed below, see
Section 1.7). Relationships between algae and bacteria may positively or negatively
influence the individual species in the community (Grossart, 1999; Fukami et al., 1997).
Symbiotic relationships result in positive effects for both individuals, commensalism is
positive for one individual and has no effect on the other, competition is potentially
positive to one individual and negative to another, or negative to both, while parasitic
bacteria thrive on their hosts’ nutrients, ultimately causing death for that host species
(Grossart, 1999). Specific algal-bacterial relationships that result in negative effects on
individual species include: competition for nutrients and light (Grossart, 1999); the
production of anti-microbials by algae that specifically inhibit the growth of bacteria
either on or near their cells (Steinberg et al., 1997; Gross 2003, Rooney-Varga et al.,
2005); or, alternatively, the production of algicidic compounds by bacteria (Fukami et
al., 1997). Positive interactions may include the use of algal exudates (also termed
extracellular polymeric substances (EPS) or algal-derived dissolved organic matter
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(DOM)) as a carbon source by bacteria or the remineralisation of essential elements for
algal growth through bacteria-mediated degradation processes (Grossart, 1999).
Exudates from one alga may bind metal(s) in solution, reducing the concentration of
free ionic metal, thus making metals less available to all species in a community
(Koukal et al., 2007). Individual algal species can sustain a range of different, distinct
bacterial communities (Grossart et al., 2005; Shafer et al., 2002), and this may influence
the interactions that may occur in any particular system. The role of interactions
between algae and bacteria in mediating toxicity are examined further in Chapter 5.
1.7 Biofilms in the Aquatic Environment
Biofilms are an important part of the aquatic environment because in combination with
planktonic algae they form the basis of the food chain, and are of particular importance
for grazers (Zippel and Neu, 2005; Barranguet et al., 2003, 2005). In the environment,
biofilms are often used as biomonitors of pollution, due to their sessile nature and
ability to accumulate material over time, allowing them to give a time-integrated
response to changes in water quality and the ecosystem as a whole (Fuchs et al., 1997;
Burns and Ryder, 2001). Biofilms may also reflect the quality of the sediment, rather
than simply the water column (Holding et al., 2003; Meylan et al., 2003; Underwood et
al., 2004; Stal and Défarge, 2005). They are also of interest ecologically because they
have short generation times, are species rich and are often the first community to
respond to and recover from stress (Burns and Ryder, 2001). Metals and other
pollutants can accumulate to high concentrations in biofilms (to both cells and the
biofilm matrix) and may be a potential exposure route of toxicants for higher order
organisms (Friese, 1997; Kröpfl et al., 2003a; Mages et al., 2004; Garcia-Meza et al.,
2005). However, this ability to accumulate metals also makes them useful in wastewater treatment and the purification of water, and biofilms are often used to filter out
and process harmful contaminants (Zippel and Neu, 2005). Contrary to their usefulness,
one of the main foci in biofilm research is the biofouling of submerged objects in
marine and freshwaters, and also in medicine and dentistry, in trying to prevent the
formation of biofilms on surgical equipment or implants and subsequent infections.
Less work has focussed on their role in ecological systems, natural or contaminated.
Palmer and White (1997) define a biofilm as “a collection of microorganisms and their
associated extracellular products at an interface and generally attached to a biotic or
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abiotic substratum”. The substrate may be other cells, tissues, matrix polymers,
minerals, synthetic polymers and materials or sediment. The microorganisms can be
heterotrophic or autotrophic and include bacteria, algae, fungi and protozoa.
Phototrophic biofilms can also be known as periphyton in freshwater aquatic systems or
aufwuchs. The term aufwuchs refers not just to microorganisms but any organisms
attached to a substrate, e.g. embedded larvae, macroalgae attached by holdfasts, whereas
the term periphyton tends to refer only to the microflora capable of photosynthesis
(Clark et al., 1979).
Natural biofilm development is difficult to define in formal stages as biofilms consist of
dynamic, changing populations with cells of different ages growing at different rates
and with succession of species occurring over time or with changes in the environment.
However, biofilm development can be placed in three broad categories; formation,
growth and maturity. In the environment ‘clean’ substrates do not exist. Within
minutes of a new substrate entering water it will be coated in a thin film of organics,
which is referred to as a conditioning film or a pellicle (Palmer and White, 1997; Morel
and Palenik, 1989). Bacteria are the first organisms to colonise the substrate, and the
addition of bacterial extracellular polymeric substances (EPS) to the substrate coatings
allows algae to attach to the substrate and a structured biofilm to build (Battin et al.,
2003). As the biofilm grows, and bacteria or algal cells are recruited into the biofilm,
discrete microcolonies form, creating a three dimensional heterogenous structure. This
structure consists of channel networks and mushroom-shaped colonies with significant
void spaces, rather than a homologous, even monolayer. Depending on the solution
around the biofilm, there is potential for constant recruitment of new cells and
organisms, promoting fierce competition at all stages of development. The channel
networks allow (aerobic) growth to extend out further from the substrate, allowing the
exchange of gases and removal of wastes. Maturity is the most difficult stage to define,
but suggests a period when change of the biofilm is no longer rapid and growth
becomes limited. It is often indicated by the sloughing of cells that are no longer viable
or can no longer effectively grow in the biofilm community. These cells may detach,
allowing the cells to form a new population elsewhere. The biomass of the film
stabilises, with growth counterbalanced by senescence of cells. Time of development,
thickness of biofilm and light attenuation have all been used to operationally define
maturity in biofilms. All of these attributes of biofilms are related to other factors, as
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speed of colonisation is influenced by temperature, light availability, velocity of water,
nutrient limitation in the water column and grazing pressure, which will also in turn
relate to toxicity (Guasch et al., 2004; Barranguet et al., 2000, 2005; Sabater et al.,
2002). Kröpfl et al. (2003b) found that biomass on glass slides reached a maximum
after 7 weeks of development (over a 9-week test period in Lake Velence, Budapest),
however 4-week deployment periods on glass plates, slides or rocks are often used to
grow a biofilm prior to exposing it to toxicants (Friese et al., 1997; Kröpfl et al., 2003b;
Barranguet et al, 2003; Massieux et al., 2004; Boivin et al., 2006).
The matrix of the biofilm is partly made up of extracellular polymeric substances (EPS).
EPS is composed of the organic carbohydrate and protein material excreted by living
organisms, and the intracellular products released through cell lysis and senescence.
Sutherland et al. (2001) suggest that up to 97% of the biofilm is water, two to five
percent of the biofilm is made up of microbial cells, and the remainder of the matrix
contains polysaccharides (neutral or polyanionic), proteins (extracellular or resulting
from cell lysis), DNA and RNA (from lysed cells) and various other ions either
dissolved in the matrix or bound to components. Total organic carbon analysis suggests
that intact cellular material may account for only 2-15% of the carbon content, while the
rest is extracellular (Sutherland, 2001).
1.8 Interaction of Trace Metals with Biofilms
The community structure and unique chemical environment that can exist within the
biofilm matrix, in contrast to the micro-environment of a planktonic cell in the water
column, may play a role in the bioavailability of trace metals in the wider environment.
The EPS contain negatively charged functional groups, e.g. carboxylate, sulfhydryl,
sulfate and phosphate functional groups (Flemming and Wingender, 2001; Flemming
and Leis, 2002), providing binding sites for metals throughout the biofilm matrix, not
just at cell surfaces (Bhaskar and Bhosle, 2006). Metals may also co-precipitate or
adsorb to inorganic components within the biofilm, e.g. iron oxides (Morel and Palenik,
1989; Sigg et al., 1997; Admiraal et al., 1999; Ohnuki et al., 2004). Channels
throughout the biofilm allow the distribution of oxygen, nutrients, metabolites and also
toxicants (Sutherland, 2001) to active cells within the biofilm matrix, not just at the
‘surface’ of the biofilm. Despite these channels, uneven distribution of oxygen and
pockets of anoxia occur (Glud et al., 1992; Costerton et al, 1995), particularly in colony
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clumps or near the substrate, exposing cells to both oxidised and reducing conditions,
which suggests the redox chemistry of trace metals in biofilms is much more complex
than in the water column (Morel and Palenik, 1989).
The greater sensitivity of yeast and bacteria in planktonic form, compared to in
biofilms, has been well documented in medical studies, with biofilm growth on surgical
equipment and transplant material a serious cause of infections (Palmer and White,
1997, Harrison et al., 2006; Kang et al., 2006). The growth of cells in a biofilm matrix
can be a mechanism of survival for individual species in contaminated aquatic
environments (García-Meza et al., 2005), or as a defence against naturally occurring
microbial agents (Burmølle et al., 2006). There are a number of factors that may
provide protection for biofilms against metals (Morel and Palenik, 1989, Wilkinson and
Buffle, 2004; Sutherland, 2001):
(i)

the high cell density compared to planktonic systems will protect
individual cells from high toxicant exposure;

(ii)

the community matrix can be a store for nutrients which can protect
against metal toxicity;

(iii)

toxicants may be diffusion-limited due to the physical structure of the
biofilm, protecting cells lower in the biofilm structure and because the
diffusion boundary layer surrounding cells is thicker when the advective
flow of water past cells decreases; and

(iv)

metals may adsorb to inorganic material within the biofilm or bind to
sites associated with the EPS, rather than bind to cell surfaces where they
may be available for uptake intracellularly.

Hu et al. (2007) found that compared with the fast sorption kinetics in E. coli planktonic
cell cultures (minutes), equilibration of copper within E. coli biofilms had not occurred
even at 2.5 h, with penetration of copper into the biofilm of < 150 µm. As discussed by
Morel and Palenik (1989) the high cell densities in biofilms “increases dramatically the
relative importance of the microorganisms, their metabolic processes, their cellular
exudates and their cell surface reactions” in governing interactions with trace metals.
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Previous work on the relationship between metals and biofilms has focused on a number
of key areas. Biofilms have a high adsorptive capacity for metals, and this has been
explored as an engineered solution to the remediation of aquatic systems through
removal of metal contaminants (e.g. Zhang et al., 2006), and also in terms of potential
for the trophic transfer of metals up food chains (Friese 1997; Kröpfl et al., 2003,
Mages et al., 2004, Barranguet et al., 2003). More recently, some more complex
accumulation studies were undertaken, linking free metal or labile metal species in the
environment with the accumulation of metals in periphyton (Behra et al., 2002; Meylan
et al., 2003, 2004; Le Faucheur et al., 2005). Their findings indicated that accumulation
of zinc in periphyton/biofilms was governed by free Zn2+ concentrations, while the
accumulation of copper was related to the concentration of labile copper species in this
system, including free Cu2+ and weakly complexed copper species. Meylan et al.
(2004) suspected that labile copper became important in this system because free copper
was so low that there was limitation of copper flux from bulk solution to the cell
surface, i.e. diffusion limitation of copper to cells.
Biofilms can be good indicators of river health (Burns and Ryder, 2001), and so the
majority of work studying the interaction of metals and biofilms has focussed on the
impact of metals on the biofilm, e.g. in terms of biomass and chlorophyll a
concentrations (Barranguet et al., 2002; Gold et al., 2003). This type of study may
incorporate changes in community function (bacterial and/or algal respiration,
photosynthesis and ability to use carbon substrates), changes in structure (taxonomic
shifts), or combinations of the two, such as pollution-induced community tolerance
studies in which shifts in community structure towards more tolerant species account
for increased community tolerance (Admiraal et al., 1999; Genter and Lehman 2000;
Paulsson et al., 2000; Soldo and Behra, 2000; Blanck et al., 2003; Massieux et al., 2004,
Boivin et al. 2005 and 2006; Schmitt-Jansen and Altenburger, 2005). Research on the
toxicity of metals to individual species, either within a biofilm matrix, in the presence of
biofilm exudates, or in whole biofilms is limited. Koukal et al. (2007) studied the
impact of exudate material on the toxicity of Cd, Cu, Pb and Zn to the freshwater alga
Pseudokirchneriella subcapitata and found that exudates helped to ameliorate metal
toxicity, due to metal-ligand binding, suggesting current toxicity testing protocols are
likely to underestimate toxicity. Barranguet et al. (2000) and Ivorra et al. (2002) studied
the photosynthetic response of planktonic species, monospecific biofilms (a single37

species algal or cyanobacterial biofilm) and natural biofilms to a variety of stressors
including copper stress, with the natural biofilms being the most tolerant to copper.
1.9 Objectives of the Project
This research aims to provide a better understanding of the metal uptake, bioavailability
and toxicity of metals to microalgae and works towards enhancing the existing
mechanistic basis of predicting metal toxicity to algae in single species culture and in
mixed communities.
The specific experimental objectives were:
(a) To assess the sensitivity of a range of marine microalgae to copper using 72-h
growth rate inhibition bioassays;
(b) To determine if biotic factors such as cell size and cell wall composition can
influence copper sensitivity in microalgae, and whether any general patterns in copper
sensitivity are evident based on taxonomic phylum;
(c) To assess the suitability of using a one-hour metal-cell partitioning coefficient (Kd)
as a rapid predictor of copper toxicity, in comparison to the chronic (72-h) algal growth
inhibition bioasays;
(d) To investigate the damage to cell ultrastructure caused by copper stress at the IC50
value for three algal species;
(e) To determine intracellular copper concentrations, uptake rates of copper into the cell
and potential detoxification mechanisms for copper-sensitive and copper-tolerant algal
species as a step towards understanding differences in species-sensitivity;
(f) To assess the relevance of standard laboratory algal bioassays by examining the role
of bacteria in the toxicity of copper to non-axenic algal cultures, by comparison with
axenic algal cultures (freshwater and marine species);
(g) To try to successfully incorporate marine biofilms into standard toxicity tests and
subsequently evaluate the ability of field-collected marine biofilms to ameliorate the
toxicity of copper to a laboratory-based microalgae; whilst simultaneously observing
any impacts of copper on the biofilm itself.
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CHAPTER 2. GENERAL METHODS
In this chapter the general methods for the preparation of glassware and plasticware,
algal culturing, cell counting, algal growth rate inhibition bioassays and the analysis of
dissolved copper concentrations are described. Specific methods appropriate to
individual chapters are outlined at the beginning of Chapters 3 to 6.
2.1 Materials
All general glassware and plasticware was cleaned in a laboratory dishwasher (GW
3050, Gallay, Auburn, NSW, Australia) with a phosphate-free detergent (Clean A
Powder Detergent, Gallay), then acid-washed in HNO3 (1% v/v; Merck, Kilsyth, VIC,
Australia) and rinsed three times with Milli-Q water (>18 M/cm, Millipore, North
Ryde, NSW Australia). All glassware and plasticware used in the bioassays or for
trace-metal analyses were pre-soaked in 10% HNO3 overnight and then washed
thoroughly five times with demineralised water and five times with Milli-Q water. For
DNA analysis, CellStar polypropylene centrifuge tubes (Greiner Bio-One,
Frickenhausen, Germany) or other sterile plastic-ware (LabServ, BioLab Australia,
Clayton, VIC, Australia) was used. This plasticware was used unwashed and was
sterile, DNA- and RNA-free.
All chemicals were AR grade or better, and solutions were prepared with high purity
Milli-Q water or with filtered seawater. Surface seawater was collected at Oak Park,
Cronulla, NSW in acid-washed polyethylene bottles and upon returning to the lab was
filtered immediately through a 0.45 µm cartridge filter (Millipore, North Ryde, NSW
Australia). Filtered seawater was stored at 4°C in the dark until use.
2.2 Algal Cultures
Details of the algal cultures and culture conditions for the 11 marine species and 3
freshwater species used in the study are given in Table 2.1. All marine microalgae were
originally obtained from the CSIRO Collection of Living Microalgae, Marine and
Atmospheric Research, Hobart, Australia. The marine species were maintained in f, f/2,
f/2 + Se, G + Se or G/2 + Se media (Guillard and Ryther, 1962; Loeblich and Smith,
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Table 2.1. Algal species investigated in this study: source, location of original isolation and culture medium used
Alga

Water Type

Temperature

Culture
Numbera

Place isolated

Culture
Medium

Axenic

Other

Bacillariophyceae (diatoms)
Minutocellus polymorphus (Hargraves and
Guillard) Hasle, Von Stosch and Syvertsen
Phaeodactylum tricornutum Bohlin

Marine

Temperate (21°C)

CS-3

Port Hacking, NSW, Australia

f/2

N

Marine

Temperate (21°C)

CS-29/4

Unknown

f/2

Y

Nitzschia closterium (Ehrenberg) W. Smith

Marine

Temperate (21°C)

CS-5

Port Hacking, NSW, Australia

f

N

CS-175

Unknown

Chlorophyceae (green algae)
Dunaliella tertiolecta (Butcher)

Marine

Temperate (21°C)

Chlorella sp. (isolate 6 1b)

Freshwater

Tropical (27°C)

f/2

Y

Lake Aesake, Papua New Guinea

MBL/2

Y/N

Chlorella sp.

Freshwater

Tropical (27 °C)

ERISS

Kakadu National Park, Northern
Territory, Australia
Nitelv River, Askershus, Norway

MBL

Y/N

Pseudokirchneriella subcapitata (Korshikov)
Hindak
Prasinophyceae (green flagellates)

Freshwater

Temperate (24°C)

ATCC
22662

USEPA

Y/N

Micromonas pusilla (Butcher) Manton and
Parke
Tetraselmis sp.

Marine

Temperate (21°C)

CS-222

Corio Bay, VIC, Australia

f/2 + Se

N

Marine

Temperate (21°C)

CS-87

Port Hacking, NSW, Australia

f/2

Y

Heterocapsa niei (Loeblich) Morrill and
Loeblich
Prymnesiophyceae

Marine

Temperate (21°C)

CS-89

Port Hacking, NSW, Australia

G + Se

N

Isochrysis sp.

Marine

Tropical (27°C)

CS-177

Mataira, Society Islands, Tahiti

f/2

Y

Gephyrocapsa oceanica Kamptner

Marine

Temperate (21°C)

CS-335

Jervis Bay, NSW, Australia

G/2 + Se

N

Emiliania huxleyi (Lohmann) Hay and Mohler

Marine

Temperate (21°C)

CS275/01

North Atlantic, Iceland Basin

K

N

Marine

Tropical (27°C)

CS-412

Fitzroy Island, QLD, Australia

f

N

Designated Chlorella sp.
(PNG isolate)
Designated Chlorella sp.
(NT isolate)
24 h light cycle

Dinophyceae (Dinoflagellate)

Cryptophyceae
Proteomonas sulcata (Hill et Wetherbee)
a

CS= CSIRO Collection of Living Microalgae, Marine and Atmospheric Research, Hobart, Australia; ERISS = Environmental Research Institute of the Supervising Scientist, Northern

Territory, Australia; ATCC = American Type Culture Collection.
40

1968; Keller et al., 1987). Recipes for the media are provided in Table 2.2. The f/2 and
G/2 media are half strength f or G medium, respectively.
Three freshwater species were also selected. Pseudokirchneriella subcapitata
(Korshikov) Hindak (formerly Selenastrum capricornutum Printz) (Chlorophyceae) was
originally obtained from the American Type Culture Collection (ATCC 22662) and is a
temperate isolate from the Nitelv River, Askershus, Norway used widely in toxicity
testing (USEPA, 2002). It was maintained in USEPA media (Table 2.2; USEPA, 2002).
Chlorella sp., isolate 6 (1b) (Chlorophyceae) is a tropical species isolated from Lake
Aesake, Papua New Guinea. It was maintained in half strength MBL media (Table 2.2;
Stein, 1973) and is denoted as Chlorella sp. (PNG isolate) throughout this work. A
second Chlorella sp. was obtained from the Environmental Research Institute of the
Supervising Scientist (ERISS, NT, Australia). It was originally isolated in Kakadu
National Park, Northern Territory, Australia, in very soft acidic water (2-4 mg CaCO3
L-1 hardness, pH 6) and was maintained in MBL medium (Table 2.2; Franklin et al.,
2000). It is denoted as Chlorella sp. (NT isolate) throughout this work.
The tropical species Chlorella sp. (PNG isolate), Chlorella sp. (NT isolate), Isochrysis
sp. and Proteomonas sulcata were maintained in growth cabinets at 27 ± 2°C. The
temperate marine species were maintained at 21 ± 2°C. These cultures were all
maintained on a 12:12 h light/dark cycle at 70 µmol photons/m2/s (TL 40W cool white
fluorescent lighting). The temperate freshwater species Pseudokirchneriella
subcapitata was maintained at 24 ± 2°C on a continuous light cycle at a light intensity
of 70 µmol photons/m2/s, as per the standard protocol (USEPA, 2002). A continuous
light cycle is required for this test species to ensure exponential cell division (minimum
of one division per day) throughout the test period.
Cultures were checked regularly microscopically and streaked onto Peptone Yeast
Extract Agar using a spread plate technique (Freshwater PYEA: 2% bacteriological
agar, 0.1% peptone (Oxoid, Bacto Laboratories), 0.1% yeast extract (Oxoid, Bacto
Laboratories) in 100% Milli-Q water; Marine PYEA: 2% bacteriological agar, 0.1%
peptone, 0.1% yeast extract in 75% filtered natural seawater, 25% Milli-Q water).
Plates were incubated in the dark for 14 days at 27°C, 24°C or 21°C for the tropical and
temperate species, respectively. Cultures were operationally defined as axenic if no
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Table 2.2. Composition of algal culture media. Three marine culture media were used;
f medium (Guillard and Ryther, 1962), G medium (Loeblich and Smith, 1968) and K
medium (Keller et al., 1987). Two freshwater media were used; MBL medium (Stein,
1973) and USEPA medium (USEPA, 2002).
Chemical

NaNO3
NaH2PO4.2H2O
K2HPO4
Na2EDTA.2H2O
FeNaEDTA
TRIS
Na2C3H9PO6
NH4Cl
Na2SiO3.5H2O
C6H5O7Fe.5H2O
C6H8O7.H2O
CuSO4.5H2O
ZnSO4.7H2O
MgSO4.7H2O
CoCl2.6H2O
MnCl2.4H2O
ZnCl2
MgCl2.6H2O
CaCl2.2H2O
FeCl3.6H2O
CuCl2.2H2O
H3BO3
NaHCO3
Na2MoO4.2H2O
Thiamine HCl
Biotin
Vitamin B12
Soil extract
H2SeO3
a

f marine
medium

G marine
medium

150
10

216

K marine
medium
Concentration (mg/L)
75

69.6
12

36.8
4.3
121
3.24
2.68
11.4

25.7
4.5
4.5
0.009
0.022
0.01
0.18

0.0049
0.022
0.052
1.72
0.12

0.011
0.180

MBL
freshwater
medium

USEPA
freshwater
medium

85

25.5

8.71
4.82

1.04

500
28.42
0.01
0.022
36.97
0.01
0.18
36.76
3.15

0.58
13.7
0.0126
0.2
0.001
0.001
0.00129 a

1
0.001
0.001
Approx 5
mL/L
0.00129 a

0.0063
0.2
0.001
0.001

12.60
0.006
0.1
0.0005
0.0005

14.7
0.00144
0.416
0.00328
12.2
4.41
0.160
0.000012
0.185
15.0
0.00728

0.00129

Only added to f/2 + Se, G + Se or G/2 + Se culture medium

colonies were present on the agar plates and bacteria were not observed in liquid culture
after examination under a phase contrast microscope.
2.3 Flow Cytometric Analysis of Microalgal Cells
A Bio-Rad Bryte HS Flow Cytometer (Richmond, CA, USA) and a 4-colour BDFACSCalibur flow cytometer (Becton Dickinson BioSciences, San Jose, CA, USA)
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were used to analyse algal cells. Details regarding the operating conditions for these
two instruments are presented in Table 2.3. Using flow cytometry, particles were
hydrodynamically focussed into a single fluid stream which passes through a laser
(Figure 2.1). Two photomultiplier tubes collect information on light scatter, both
forward-angle light scatter (< 15°) (FSC and LS1 on Bryte and FACSCalibur) and sideangle light scatter (15-85°) (SSC and LS2 signals on the Bryte and FACSCalibur
instruments, respectively). The forward scatter signal can be used as an indicator of cell
size, with a higher FSC signal suggesting larger cells, while side scatter detection
provides information on the internal granularity of cells (Franklin et al., 2004; Stauber
et al., 2005). The fluorescence signal of particles was also collected in photomultiplier
tube detectors (Franklin et al., 2004; Stauber et al., 2005). Green fluorescence was
collected as FL1, using a 530-560 nm band-pass filter for the Bryte-HS and a 530 ± 15
nm bandwidth band-pass filter for the FACSCalibur. Orange fluorescence was
collected as an FL2 signal (560-590 nm bandwidth band-pass filter for the Bryte-HS;
585 ± 21 nm bandwidth band-pass filter for the FACSCalibur). Chlorophyll a
autofluorescence (all algae) was collected as red fluorescence in the 660-700 nm bandpass filter as an FL3 signal (Bryte-HS), or using a > 600-nm long pass filter
(FACSCalibur). These parameters were all collected as logarithmic signals, using
forward scatter (FSC > 60) for a trigger signal in the Bryte-HS and side scatter (SSC >
200) as a trigger signal for the FACSCalibur. Samples were collected at a flow rate of
20 or 60 µL/min on the Bryte-HS and FACSCalibur instruments, respectively, with a set
acquisition time of 125 seconds. The pressure was set at 0.7 bar for the Bryte-HS (and
could not be varied from the manufacturer’s setting for the FACSCalibur).
Cell counts on the Bio-Rad Bryte HS flow cytometer were obtained by measuring the
area under the curve from a plot of cell number versus log chlorophyll a fluorescence
(Franklin et al., 2004). Counts were obtained by combining the particle count in the
sample volume (75 µL) with the specific flow rate of the instrument. When the
FACSCalibur flow cytometer was used to count cells, TruCount fluorescent beads (BD
Trucount™ Tubes, BD Biosciences) were added to each sample as an internal counting
standard. Bead counts were obtained by plotting the FL1 signal against the FL2 signal
in a cytogram and selecting the beads in region “R1” (Figure 2.2). Cell counts were
obtained for algal species by using gates to block the signal from the beads, then
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Table 2.3. Details on the flow cytometers used for the analysis of microalgal cells
Brand
Laser
Light scattering detectors
Forward angle light scatter
(< 15°)
Side angle light scatter (15-85°)
Fluorescence emission filters
Green fluorescence (FL1)
Orange fluorescence (FL2)
Red fluorescence (FL3)
Sample collection settings
Sample flow rate (µL/min)
Acquisition time (s)
Threshold

Bryte-HS
Bio-Rad, Richmond,
CA, USA
488-nm Xenon-ion
excitation lamp

FACSCalibur
Becton Dickinson Biosciences,
San Jose, CA, USA
15 mW, 488-nm air-cooled
Argon laser

LS1

FSC

LS2

SSC

530-560 nm bandwidth
band-pass filter
560-590 nm bandwidth
band-pass filter
660-700 nm bandwidth
band-pass filter

530 ± 15 nm bandwidth bandpass filter
585 ± 21 nm bandwidth bandpass filter
650-nm long pass filter

20
125
FSC > 60

60
125
SSC > 200

Side angle light scatter
(SSC)
Blue laser
488 nm

Forward angle
light scatter
(FSC)

Fluorescence
(FL1, FL2, FL3)
Flow stream

Figure 2.1. Schematic diagram of a flow cytometer showing the light scatter and
fluorescence detectors. (Figure reproduced from Stauber et al., 2005, p. 213).
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plotting the SSC signal against the FL3 signal and selecting the healthy cells in region
“R2” (Figure 2.2). Non-algal cells and dead particles with low chlorophyll fluorescence
were excluded from the analysis. The absolute cell count is calculated according to
Equation 2.1 (Franklin et al., 2004):

No. of events counted in R2 (cells)
No. of events counted in R1 (beads)



Known no. of beads
Test volume

= [Algal population] (cells/L)
(Equation 2.1)

Beads (R1)
R2

Figure 2.2. Determination of cell counts of P. subcapitata using TruCount™ beads. (a)
Dot plot of FL1 vs FL2 fluorescence identifying the bead population (R1). (b) Dot plot
of FL3 vs SSC (excluding bead population), identifying healthy algal cell population
(R2). (Figure reproduced from Stauber et al., 2005, p. 223).

2.4 Growth Rate Inhibition Bioassays
The chronic toxicity of copper to the microalgae was determined using 72-h growth rate
inhibition bioassays. A batch method was used for the growth rate inhibition bioassays
using 250-mL borosilicate glass Erlenmeyer flasks, coated with Coatasil silanising
solution (APS Ajax Finechem, Seven Hills, NSW, Australia) to reduce adsorption of
copper to the glass. Test flasks were soaked in 10% (v/v) nitric acid (Merck, Kilsyth,
Victoria, Australia) overnight and rinsed thoroughly with high-purity Milli-Q water
(>18 M/cm, Millipore, North Ryde, NSW, Australia).
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Minimal nutrient test media were used for all the bioassays (except for P. subcapitata)
because previous studies have shown that algal culture media contain chelators which
reduce metal availability and toxicity (Stauber and Florence, 1989). Seawater and
softwater were supplemented with nitrate and phosphate only, which supported
exponential growth of the algae over 72 h.
Filtered seawater (0.45 µm) collected from Oak Park, Cronulla (NSW, Australia) was
used for the test medium for all marine algal species. The media used to prepare test
treatments for the freshwater species are listed in Table 2.4. P. subcapitata testtreatments were prepared in USEPA medium (pH 7.4 - 7.5) without EDTA as per the
standard protocol (USEPA, 2002). Chlorella sp. (PNG isolate) test-treatments were
prepared in softwater (80-90 CaCO3 mg/L hardness), with the pH adjusted to pH 7.4 7.5 (Table 2.4). Bioassays using Chlorella sp. (NT isolate) were conducted in a very
softwater (2-4 mg CaCO3/L hardness) at low pH (pH 5.7 or pH 6.5) to match the water
quality conditions of the region from which this alga was isolated (Table 2.4) (Franklin
et al., 2000). For tests with Chlorella sp. (NT isolate) the pH of the treatment solutions
was initially adjusted to either pH 5.7 or pH 6.5 with the drop-wise addition of 0.1 M
HCl or NaOH prior to dispensing the solution into the flasks. The tests with Chlorella
sp. (NT isolate) were done at two pH values because previous research had shown that
small changes in pH had a large effect on copper toxicity to this species (Franklin et al.,
2000).
Copper stock solutions (5 and 100 mg/L) were prepared from copper sulfate
(CuSO4.5H2O, AR grade, APS Ajax Finechem) and acidified with HCl (0.2% v/v, pH <
2). At least five different copper treatments were prepared from the stock solutions in
triplicate and 50 mL dispensed into 250-mL Erlenmeyer flasks. Copper-free controls
(triplicate or quadruplicate for P. subcapitata) were also prepared and dispensed into
flasks. In seawater tests, each flask was supplemented with 15 mg NO3-/L (NaNO3, AR
grade, APS Ajax Finechem) and 1.5 mg PO43-/L (KH2PO4, AR grade, APS Ajax
Finechem), while in freshwater tests (except for P. subcapitata) 15 mg NO3-/L and 0.15
mg PO43-/L were added to each flask just prior to inoculation with algal cells. For P.
subcapitata, no further nutrient additions to the USEPA medium were required.
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Table 2.4. Final concentration of nutrients (mg/L) used in the media for freshwater
toxicity tests
Nutrient Added

NaNO3
K2HPO4
MgSO4.7H2O
MgCl2.6H2O
CaSO4.2H2O
CaCl2.2H2O
NaHCO3
KCl
FeCl3.6H2O
Al2(SO4)3.18H2O
MnSO4.H2O
MnCl2.4H2O
CuSO4.5H2O
CuCl2.2H2O
ZnSO4.7H2O
ZnCl2
UO2SO4.3H2O
H3BO3
CoCl2.6H2O
Na2MoO4.2H2O

Chlorella sp. (NT
isolate)
Magela Creek
Softwater (2-4 mg
CaCO3/L Hardness)
15
0.15
6.13

Test Media
Chlorella sp. (PNG
isolate)
Softwater (80-90 mg
CaCO3/L Hardness)

Pseudokirchneriella
subcapitata
USEPA Media (No
EDTA)

15
0.15
123

25.5
1.04
14.7
12.2

60
1.65
3.62
0.71
0.44
0.87
0.0297

96
8

4.41
15.0
0.160
0.416

0.00275
0.000012
0.00308
0.00328
0.00017
0.185
0.00144
0.00728

Cells in exponential growth phase (cultures 5-6 d old; or for Chlorella sp. (NT isolate)
4-5 d old), were used to inoculate the test treatments after centrifugation (1200  g, 7
min, Spintron GT-175BR, Spintron, Melbourne, VIC, Australia) and three subsequent
washes in test medium (seawater, softwater or USEPA medium (-EDTA)) to remove
residual culture medium. Due to the larger size and fragility of H. niei and Tetraselmis
sp. cells, these cultures were only rinsed once to prevent cell lysis (200 g, 4 min). The
test flasks were then inoculated with 2-4  103 cells/mL. This low cell density was used
to better simulate natural algal concentrations in seawater/freshwaters and to avoid
copper limitation in solution over the duration of the bioassay (Franklin et al., 2002b).
A sub-sample of each test treatment (5 mL) was immediately filtered through an acidwashed 0.45 µm membrane filter (MiniSart, Sartorius, Oakleigh, VIC, Australia),
acidified with 0.2% HNO3 (TracePur, Merck), and dissolved copper was determined by
inductively coupled plasma-atomic emission spectrometry (ICP-AES).
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The flasks were incubated for 72 h in 12:12 h light/dark conditions at 140 µmol
photons/m2/s at 27°C (for tropical species) or 21°C (temperate species) except P.
subcapitata which was kept at 24°C and under constant illumination for the duration of
tests as per the standard protocol. Test flasks were rotated within the light cabinet and
shaken twice daily by hand to ensure sufficient gas exchange. The pH was recorded
initially and after 72 h. For Chlorella sp. (NT isolate), the pH was monitored and
adjusted daily to pH 5.70 ± 0.05 or pH 6.50 ± 0.05 using drop-wise additions of 0.005
or 0.01 M HCl (TracePur, Merck) and NaOH (APS Ajax FineChem). Manual pH
adjustment rather than pH buffers were used, as some buffers have previously been
shown to affect control growth rates in some algae and/or to complex copper, reducing
its bioavailability (Wilde et al., 2006).
The algal density was measured in the triplicate control and copper treatments using
flow cytometry (Bio-Rad Bryte HS Flow Cytometer, Richmond, CA, USA or the 4colour BD-FACSCalibur, Becton Dickinson BioSciences, San Jose, CS, USA) (See
Section 2.3). The growth rate (cell division rate; µ), was calculated as the slope of the
regression line from a plot of log10 (cell density) versus time (h). Growth rates for
treatment flasks (divisions/day) were calculated (µ  24  2.303/ln2) and expressed as a
percentage of the control growth rates.
The 72-h IC50, i.e. the inhibitory concentration to reduce the growth rate by 50%, was
calculated using linear interpolation (ToxCalc, Ver 5.0.23C, Tidepool Software, San
Francisco, CA, USA). The data were tested for normality and homogenous variance,
and Dunnett’s multiple comparison test was used to determine which treatments
differed significantly from controls (1 tailed, p  0.05) in order to estimate the noobservable effect concentration (NOEC) and the lowest-observable-effect concentration
(LOEC). Where data was pooled to gain a single IC50 value based on multiple tests,
the Bonferroni t test or the Wilcoxon Rank Sum Test were used to determine which
treatments differed significantly from controls, because the numbers of replicates in
each treatment were unequal (e.g. more control replicates).
Control growth rates for single species of algae were compared using t tests.
Differences were significant if p < 0.05. The sensitivities of individual algal species
were compared using the method of Sprague and Fogels (1976). A parameter f1,2 was
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calculated where f1,2 =  {[log (upper 95% CL1/IC501)]2 + [log (upper 95%
CL2/IC502)]2} and compared to the ratio of the largest IC50/smallest IC50. If the ratio
was larger than f1,2, the IC50s were deemed to be significantly different.
2.5 Determination of Algal Cell Size
Algal cell size was calculated by flow cytometry for spherical cells (D. tertiolecta, E.
huxleyi) using forward-angle light scatter (LS1= < 15%) (Franklin et al., 2004) on the
Bio-Rad Bryte-HS flow cytometer. Fluorescent beads of nominal diameter 2, 5, 10 or
15 µm (Coulter CC Size Standard L2, L5, L10 and L15 Latex beads, Beckman Coulter,
Fullerton, CA, USA) or 3.6 µm (Flow-Set Fluorospheres, Beckman Coulter) were used
to create a calibration curve for cell size. An equation was fitted to the curve, and the
diameter of spherical algal cells determined. The surface area of the cell was then
calculated using the equation for the surface area of a sphere (4r2, where r = the radius
of the cell) and the volume calculated as 4r3/3. This technique was not as successful
on the BD-FACSCalibur used later in the studies and so cell sizes were also measured
using the microscopic technique described below (n=30).
The dimensions of the marine microalgal cells were also calculated using phase-contrast
microscopy and an eye-piece micrometer (400 magnification), for cells that were
spherical or non-spherical in shape. Cell size was determined on at least 30 individual
cells per treatment. The equation for the surface area (SA) of a prolate ellipsoid (where
length > width = depth) was used for Tetraselmis sp. and H. niei (SA = 2b2
+2a2b2/(a2-b2) * ASIN ( (a2-b2)/a), where a = length and b = width (He and Tebo,
1998). The volume of prolate ellipsoid cells were determined using the equation
volume = 4ab2/3. If the length equalled the width for an individual cell, the SA and
volume equations for a sphere were used instead. The cell size of P. tricornutum was
approximated by visualising the cells as two cones joined at their base with the SA of
each cone = r (h2+r2), where h = half length of cell and r = half width of cell (at the
centre point of the cell) and the volume of each cone = 1r 2h/3. The cell size for N.
closterium was calculated by visualising the cells as three cylinders; two small cylinders
attached to each end of a wider cylinder; SA of each cylinder = 2r2 + 2rh where r =
radius of cell and h = height of cell (volume calculations were not required for this

49

alga). The width, length or radius of cells was reported as µm, the surface area of cells
reported as µm2 and the volume of cells reported as µm3.
2.6 Copper Analysis
The concentration of dissolved copper in samples was measured by inductively coupled
plasma-atomic emission spectroscopy (ICP-AES) (Spectro Flame-EOP, Spectro
Analytical Instruments, Kleve, Germany). Copper concentrations were calculated from
a matrix-matched calibration curve (clean seawater or Milli-Q water, acidified with
0.2% HNO3) using serial dilution of a mixed metal standard (QCD Analysts,
Eaglewood, FL, USA) and a drift standard incorporated into the analysis procedure.
The detection limit for copper was typically  2 µg/L. Measured copper concentrations
were used in all calculations of toxicity endpoints.
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CHAPTER 3. SENSITIVITY OF MARINE MICROALGAE TO COPPER: THE
EFFECT OF BIOTIC FACTORS ON COPPER ADSORPTION AND TOXICITY 1
3.1 Introduction
The biotic ligand model (BLM) is a relatively new approach in environmental
regulation which should improve our ability to derive site-specific water quality criteria
for metals. It takes into account metal speciation in solution and the competition for
metal binding at the cell surface, both of which depend on a range of water quality
parameters such as pH, hardness and dissolved organic carbon (DOC). While the BLM
is capable of accurately predicting acute copper toxicity to invertebrates and fish at
fairly high copper concentrations, its extension to predicting chronic toxicity at low
metal concentrations in marine systems will depend on gaining a better mechanistic
understanding of copper uptake, toxicity and detoxification processes in biota. Copper
is an essential nutrient for aquatic life, but can be toxic at concentrations as low as 1
µg/L.
Water quality guidelines for metals are increasingly being derived from species
sensitivity distributions (ANZECC/ARMCANZ, 2000). However, currently we have a
limited mechanistic understanding of why some species are sensitive to contaminants
and others are tolerant. Both abiotic factors, such as pH, salinity and DOC, and biotic
factors, such as route of uptake, organism size/age and internal detoxification processes,
can influence metal tolerance (Buchwalter and Cain, 2005). Abiotic factors are
considered in the BLM, however less emphasis has been placed on biotic factors that
may also influence species sensitivity.
Because of their key position as primary producers in aquatic ecological systems,
microalgae are sensitive indicators of environmental change and are therefore important
test species for the regulatory assessment of metals. However, the sensitivities of
microalgae to metals such as copper vary over several orders of magnitude (Stauber and
Davies, 2000) (Table 1.2). While it is known that copper toxicity in microalgae is

1

The work in this chapter has been published as Levy, J.L., Stauber, J.L., and Jolley, D.F. (2007).
Sensitivity of microalgae to copper: The effect of biotic factors on copper adsorption and toxicity.
Science of the Total Environment, 387, 141-154. As first and corresponding author the work presented in
this chapter (and in the article) is the direct result of research from my PhD.
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generally manifested only after the uptake of copper into the cell (Stauber and Davies,
2000), little is known about the specific cell wall or cell membrane sites to which
copper binds to, and is then internalised (biotic ligand), the nature of the site of toxic
action, or the exact mode of action of copper in microalgae.
Copper adsorption to algal cells is described by Equation 3.1:
Cu(II)Lwater + Xcell  Cu(II)Xcell + Lwater

(Equation 3.1)

where L = ligand and Xcell = sites on the cell membrane (Sunda, 1989). Copper binds
rapidly and non-specifically to many sites on the cell membrane, including carboxylic,
sulfhydryl and phosphate groups (Crist et al., 1990), and specifically to copper transport
sites. Generally, copper sorption to cell surfaces is considered rapid (~ 10 minutes), and
is able to reach a pseudo-equilibrium with copper in solution, while internalisation of
the metal across the plasma membrane is much slower (hours) (Gonzalez-Davila et al.,
1995). At low copper concentrations however, copper transport may become diffusionlimited and copper uptake will be under kinetic control (Stauber and Davies, 2000).
Once copper is internalised, there is some evidence in marine algae that copper oxidises
thiol groups in the cytoplasm, leading to a lowering of the ratio of reduced to oxidized
glutathione, which in turn affects spindle formation and cell division (Stauber and
Florence, 1987).
Franklin et al. (2004) showed that two freshwater green algae (S. capricornutum and
Chlorella sp.) had similar copper cell partition coefficients and similar sensitivities to
copper. They suggested that species sensitivity to copper may be predicted from coppercell partition coefficients (Kd), but that further work was required to determine these for
a range of microalgae.
The relationship between rapid copper-algal cell binding over 1 h and copper toxicity
over 72 h was investigated using growth rate inhibition bioassays with a range of
marine microalgae from six different taxonomic groups. This study aimed to determine
if the copper sensitivity of algae was dependent on the amount of copper adsorbed to the
cell, as determined by the copper-cell partition coefficient (Kd). In particular the aim
was to establish whether copper adsorption to the cell membrane, and subsequent
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toxicity, was influenced by biotic factors, such as the ultrastructure of cell walls or cell
size, or whether trends could be established based on algal taxonomic groupings.
3.2 Methods
3.2.1 Algal cultures
Details on the origin, and culturing of the 11 marine species used for this research are
detailed in Section 2.2. A description of some of the key features of the species used,
along with their cell shape and cell size, is provided in Table 3.1.

3.2.2 Growth rate inhibition bioassays
The chronic toxicity of copper to 11 marine microalgae (13 strains) was determined
using 72-h growth rate inhibition bioassays as per the method outlined in Section 2.4.
Toxicity endpoints for D. tertiolecta, Tetraselmis sp. and P. tricornutum were derived
from multiple tests (n = 3, 3 and 2, respectively). Toxicity endpoints for N. closterium
were derived from quality control data for copper toxicity collected at the CSIRO
Centre for Environmental Contaminants Research over a number of years (n = 32),
while endpoints for the other algae were derived from one definitive test each as part of
the screening process.

3.2.3 Copper analyses
The concentration of dissolved copper in samples was measured by inductively coupled
plasma-atomic emission spectroscopy (ICP-AES) as per Section 2.6. Measured copper
concentrations were used in all calculations of toxicity endpoints and Kd determinations,
except where algal species were very sensitive (M. polymorphus and M. pusilla). For
these two algae, the copper concentrations used to calculate toxicity endpoints were the
best estimations possible based on the serial dilution factor applied to the first
measurable copper concentration using ICP-AES.

3.2.4 Determination of the partition coefficient (Kd)
Six algal species (D. tertiolecta, Tetraselmis sp., E. huxleyi (with and without
coccoliths), N. closterium, P. tricornutum and H. niei), with a broad range of copper
sensitivities, were selected from a preliminary survey to determine copper adsorption to
the algal cells. Species that were very sensitive to copper were not included, as the
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Table 3.1. Algal species investigated in this study: description, cell shape and cell size.
Alga
Features
Bacillariophyceae (diatoms)
Centric diatom. Siliceous cell wall
M. polymorphus
Pennate diatom. Weakly siliceous cell
wall
Pennate diatom. Siliceous cell wall
N. closterium
Chlorophyceae (green algae)
Naked membrane (no cell wall, but
D. tertiolecta
mucilage layer)
Prasinophyceae (green flagellates)
Prasinophyceae. Small green
M. pusilla
flagellate with organic scales
Prasinophyceae. Green flagellate
Tetraselmis sp.
Dinophyceae (Dinoflagellate)
Large, motile, fragile cell
H. niei
Prymnesiophyceae
Tropical species (27°C). GoldenIsochrysis sp.
brown flagellate.
Coccolithophorid. Coccoliths present
G. oceanica
(CaCO3 plates). Non-motile.
Coccolithophorid. Non-motile cell,
E. huxleyi
coccoliths present, no organic scales
Coccolithophorid. Coccoliths absent
E. huxleyi

Cell shape

Cell size (µm)a

Elliptical prism

4.0  3.7  3.1
24-30  2.5-3.5

P. tricornutum

Cryptophyceae
P. sulcata

Tropical species (27°C). Flagellate.
Periplast plates outside plasma
membrane.

24-32  1-3
Prolate ellipsoid

7-10  6-8

Sphere

2 ± 0.3b

Prolate ellipsoid

8-11  5-9

Prolate ellipsoid

18  12b

Prolate ellipsoid

4-7  3.5

Sphere

6-9

Sphere

4-6

Sphere

2-4

Prolate ellipsoid

5-9  2.5-6.5

All cultures were maintained and tested at 21°C unless otherwise noted.
a
Unless otherwise stated, cell size was determined from analysis of 30 random cells on a phase-contrast microscope
at 400 magnification using an eye-piece micrometer. Cell dimensions are reported in µm and are length, width and
depth for elliptical prism (M. polymorphus); entire cell length and width at widest section for pennate diatoms (P.
tricornutum and N. closterium); length and width (width = depth) for prolate ellipsoid cells and diameter for spherical
cells.
b
Analysis of same strain in Franklin (2003) by confocal microscopy.

exposure concentrations were below the detection limits of copper in seawater by ICPAES or inductively coupled plasma-mass spectrometry (ICP-MS).
The partitioning of copper between solution and cells at equilibrium (Kd), was
calculated as described in Equation 3.2:

Kd (L/cell) =
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cellular Cu (µmol/cell)
dissolved Cu (µmol/L)

(Equation 3.2)

Cellular copper was determined by difference (Figure 3.1). Kd on a surface area basis
was calculated by dividing Kd (L/cell) by the surface area of an algal cell (µm2/cell).
Six replicates of treatment solutions (control and five copper treatments) were prepared
in seawater using the same method as the growth rate inhibition bioassays (but without
nutrients added). Thirty millilitres of each solution were dispensed into Teflon
centrifuge tubes that had been pre-soaked in 10% HNO3 and rinsed thoroughly with
MilliQ® water. Three of six replicates (per copper concentration) were inoculated with
algal cells (2-3  105 cells/mL prepared as above), while three replicates (without algae)
were used to measure any copper losses from solution due to adsorption to the Teflon
tubes. The appropriate time of exposure (60 min) was determined from the sorption
plateaus of plots of cellular copper versus time (Figure 3.2). Preliminary experiments
showed that cells exposed to copper for 60 min had not internalised the copper and the
copper had had no effect on algal cell size (experiments used in Chapter 4). After 60
min the tubes were centrifuged (1200  g). Five mL sub-samples of supernatant were
removed, acidified to pH < 3 using concentrated Tracepur HNO3 (2 µL/mL of solution)
and dissolved copper measured by ICP-AES.
Total copper sorbed to the algal cells was calculated as the difference between the
dissolved copper in the treatments with algae and matching cell-free solutions (with
assumption that after 1 h most copper is adsorbed rather than internalised). The amount
of copper per cell (µmol/cell) was calculated by dividing the concentration of cellular
copper (µmol/L) by the cell density (cells/L). The dissolved copper (µmol/L) was
plotted against cellular copper (µmol/cell), and the Kd (L/cell) was determined as the
slope of the regression line. An example of this calculation is shown in Figure 3.3. The
Kd was then normalised for each alga based on surface area, due to the different cell
sizes of each algal species.

3.2.5 Determination of algal cell sizes
Algal cell size was calculated using the methods described in Section 2.5 and these
values were used to calculate Kd values in units of L/µm2, to allow comparison of cells
of different sizes.
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Seawater + Cu
Algae
Control
5
cells/mL)
(10
(No cells)

centrifuge
Remove supernatant

Analyse supernatant by ICP-AES to
determine Cu in solution
Cellular Cu =
Dissolved Cu (no algae) – Dissolved Cu (+ algae)

[Cellular Cu]

Expose algae to IC50 [Cu] and
determine time adsorption plateau

0

60

120

Time (min)

[Cellular Cu]

Expose algae to copper for 60 min and
graph cellular vs. dissolved copper
Slope=Kd

[Dissolved Cu] µg/L

Figure 3.1. Outline of the method for determining the partition coefficient (Kd) of
marine microalgal cells exposed to copper.
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Dissolved copper in solution (µg/L)
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(a)

25
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5
0
0
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Time of exposure (min)

2.5

(b)

pg Cu per cell

2
1.5
1
0.5
0
0

100

200

300

400

Time of exposure (min)

Figure 3.2. Time course of copper (a) dissolved in solution and (b) associated with
cells when Tetraselmis sp. (initial cell density of 5  103 cells mL-1) exposed to 26 µg
Cu/L. Time course of copper adsorption determined in seawater solutions with pH 8.1
and I = 0.7 M.
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[Dissolved Cu] (µg/L)
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5
0

(a)

With algae
Without algae
0

5

10

15
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25

30

35

40

Cellular Cu ( 10-10 µmol/cell)

Initial [Cu] (µg/L)

9
8
7
6
5
4
3
2
1
0

y = 13.3x + 0.5
R2 = 0.99

(b)

0.0

0.1

0.2

0.3

0.4

0.5

0.6

Initial dissolved [Cu] (µM)

Figure 3.3. Example of Kd determination (one of three P. tricornutum tests); (a) The
average concentration of copper in replicates following a 1-h exposure to copper, in the
presence or absence of cells. The error bars indicate 1 standard deviation. The
difference was calculated as cellular copper; (b) Cellular copper (µmol/cell) plotted
against initial dissolved copper concentrations (µmol/L), the slope of the line is the Kd
(L/cell). Error bars indicate 1 standard deviation for copper by difference. Kd
determined in seawater solutions with pH 8.1 and I = 0.7 M.
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3.2.6 Statistical analyses
Linear and non-linear regression analysis was used to compare species sensitivity, cell
surface area and partition coefficients (SPSS for Windows, version 14.0).
3.3 Results
3.3.1 Algal species sensitivities to copper
Initial pH values of control solutions in toxicity bioassays (all marine algae, no Cu)
averaged 8.06 ± 0.06 units (range 7.89 – 8.14). Final pH of control solutions in toxicity
bioassays (no Cu) averaged 8.3 ± 0.2 units (range 8.00 – 8.69). The largest pH change
observed in control solutions was for a test with Tetraselmis sp. with a change of 0.7 pH
units.
Where copper treatments were less than 200 µg Cu/L, the initial pH values for the
copper treatments were within 0.1 pH unit of control solutions. For the tests with D.
tertiolecta, copper treatments of  215 µg Cu/L were lower than controls by 0.4-1 pH
unit (due to an acid contribution from the acidified copper stock). Final pH values in
copper treated solutions changed by  0.54 pH units, with the largest changes occurring
when growth-rates were not inhibited (i.e. pH increased due to photosynthesis and a
decrease in CO2 in solution). No change in pH occurred when the growth rate was fully
inhibited.
The effects of copper on the growth rates of the eleven marine microalgae are shown in
Table 3.2. Growth rates in the controls were greater than or equal to 1.1 doublings/day,
except for the large dinoflagellate H. niei and E. huxleyi with coccoliths, which grew
more slowly (0.9 and 1.0 doublings/day, respectively). Algal growth rates for each
species decreased with increasing concentrations of copper. The 72-h IC50 values
ranged from 0.6 µg Cu/L for the small centric diatom Minutocellus polymorphus to 530
µg Cu/L for the tolerant chlorophyte Dunaliella tertiolecta.
Low cell densities were used in the bioassays to avoid copper depletion in solution over
the test duration which may otherwise lead to an underestimation of copper toxicity in
the bioassays (Franklin et al., 2002). To confirm this, copper was measured daily in test
solutions for several copper-tolerant species. For Tetraselmis sp., copper in the highest
concentration test treatment decreased slightly from 112 µg/L to 101 µg/L over 72 h,
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Table 3.2. The response of marine microalgae to copper in 72-h growth rate inhibition
bioassays in increasing order of sensitivity.
Alga

a

D. tertiolectaa
Tetraselmis sp.a
G. oceanica –
coccolithsb
E. huxleyi –
coccolithsb
N. closteriumc
G. oceanica +
coccolithsb
E. huxleyi +
coccolithsb
P. tricornutumd
H. nieib
P. sulcata b
Isochrysis sp.b
M. pusillab
M. polymorphusb

72-h IC50e
(µg Cu/L)

LOECg
(µg Cu/L)

NOECj
(µg Cu/L)

Control Cell
Division Rate
(doublings/day)

530
47
>25

95%
Confidence
Limits
(µg Cu/L)
450-600
46-49
-

42
22
2.6

8
7
1.3

1.39 ± 0.02
1.37 ± 0.26
1.07

20

16-26

-h

9

1.21

18
17

6-30f
17-18

5.8
1

4.4
<1

1.53 ± 0.16
1.21

15

12-18

-h

8

0.92

8.0
4.8
4.2
4.0
1.2
0.6

4.7- 8.3
3.5-7.2
2.4-7.5
3.8-4.2
1.1-1.4
0.5-0.8

1.5
ndi
-h
1.1
0.6
0.2

<1.5
ndi
<5
<1.1
0.3
<0.2

1.78 ± 0.08
0.96
1.54
1.85
1.45
1.77

Three separate bioassays conducted, results pooled and IC50 calculated with 95% confidence limits.
One screening bioassay conducted and IC50 calculated with 95% confidence limits.
c
n = 32, geometric mean for LOEC and NOEC.
d
n = 2.
e
Concentration of copper to cause a 50% inhibition of the algal cell division rate over 72 h.
f
± 2 SD.
g
Lowest concentration of copper tested to cause a significant effect on the cell division rate.
h
Value calculated for LOEC was > IC50, therefore not reported.
i
Not determined.
j
The highest concentration of copper tested at which there was no significant effect on cell division rate.
Where results are presented as “less than”, no NOEC was found using the copper concentrations tested.
b

indicating that there was little depletion of copper in solution over the test. For D.
tertiolecta the measured copper decreased from 938 µg/L (Day 0) to 559 µg/L (Day 3)
at the highest copper concentration tested (nominally 1000 µg Cu/L). To determine
whether this copper loss was due to adsorption to algal cells and test containers, or due
to precipitation of copper in seawater, copper was determined in filtered and unfiltered
(algal-free) copper test solutions. Dissolved and total copper were not significantly
different (paired t tests, p > 0.05 at all test concentrations), suggesting that copper losses
were due to adsorption to flask and algal cell surfaces rather than to precipitation in
seawater. Further confirmation was obtained using dialysis (1000 kDa molecular
weight cut-off, ~1 nm; Spectra/Por 7 dialysis membrane, Extech Supplies, Cole
Palmer). Free copper, Cu(H2O)62+, and simple inorganic species, e.g. Cu(H2O)4Cl2,
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with approximate diameters of 1 nm, would be able to cross the dialysis membrane
whereas inorganic and organic colloids with diameters from 10-200 nm would not be
dialysable (Apte and Batley, 1995). If the solubility limit for copper in seawater had
been exceeded then copper could precipitate as colloidal material. However, this copper
fraction would not be able to cross the dialysis membrane, leading to lower total copper
concentrations on the inside of the dialysis membrane compared to on the outside of the
membrane. Dialysis tubing was filled with 10 mL of seawater and left to equilibrate in
seawater before transfer to a test medium containing 495 µg total Cu/L (3 replicates)
with nutrient concentrations matched to the growth bioassays. After 24 h, the
concentration of copper in dialysis bags (440 ± 3 µg/L), i.e. truly dissolved copper, was
not significantly different (p > 0.05) to the concentration of dissolved copper in the
external medium (447 ± 6 µg/L), showing that the solubility limit for copper in seawater
had not been exceeded.
The toxicity of copper to two different clones of two species of coccolithophorids was
determined to establish the effect of the presence of coccoliths (calcium carbonate
scales) on copper sensitivity. For E. huxleyi, the clone with coccoliths present was
significantly (p > 0.05) more sensitive to copper than the clone without coccoliths, with
72-h IC50 values of 15 and 20 µg Cu/L, respectively (significance tested using Sprague
and Fogels, 1977). Similarly, the Gephyrocapsa oceanica clone with coccoliths was
more sensitive to copper than the clone without coccoliths, with 72-h IC50 values of 17
µg Cu/L and > 25 µg Cu/L, respectively. However, microscopic examination of the G.
oceanica clone without coccoliths showed that when treated with copper, cells with
coccoliths were produced, making it more difficult to interpret these results.
Regression analysis of cell surface area (µm2) with toxicity of copper to the alga (72-h
IC50) revealed no significant linear relationship (R2 = 0.02; p = 0.67, data not shown).
No general trend appeared to link the toxicity of copper to the size of the cell.

3.3.2 Copper partition coefficients (Kd)
Preliminary experiments showed that higher cell densities (105 cells/mL) than those
used in the bioassays were required to determine cellular copper by difference
consistently for the most algal species. Adsorption of copper to algae was rapid,
reaching a plateau after approximately 40 min (Figure 3.2). A 1 h exposure time was
61

Table 3.3. Copper partition coefficients (Kd) for algal species of varying sensitivitya.
Alga
D. tertiolecta
Tetraselmis sp.
E. huxleyi –
coccoliths
N. closterium
E. huxleyi +
coccoliths
P. tricornutum
H. niei
a

IC50
(µg Cu/L)
530
47
20

Surface Area
(µm2)
220
220
34

Kd (± 95% CL)
( 10-10 L/cell)
7.6 (± 0.6) b
32 (± 1) c
8 (± 9) d

Kd (± 95% CL)
( 10-12 L/µm2)e
3.5 (± 0.7)
14.5 (± 0.4)
24 (± 26)

18
15

103
90

24 (± 1) d
8 (± 1) d

23 (± 1)
8.9 (± 0.5)

8.0
4.8

126
610

11 (± 1) b
12 (± 7) d

9 (± 1)
2 (± 1)

Kd values are conditional on solution parameters; seawater, pH 8.10, I = 0.7 M.
Three separate Kd measurements.
c
Four separate Kd measurements.
d
One Kd measurement. Standard deviation of the slope of the line (Kd) calculated and converted to 95%
confidence interval.
e
Kd ( 10-12 L/µm2 ) calculated by dividing Kd ( 10-10 L/cell) by the surface area for each alga (µm2/cell).
b

chosen, as this was sufficient to ensure that (pseudo)equilibrium between copper in
solution and copper on the cells had been reached, and short enough to ensure that
copper internalisation was minimal. This is consistent with literature which suggests
that adsorption to biological particles is relatively fast (one hour or less) (Stumm, Sigg
and Sulzberger, 1994). However, as some research suggests that internalisation of
copper can occur within 1 h (Morelli and Scarano, 2004), the Kd here refers to total
copper sorbed to cells (cellular copper; adsorbed and absorbed) rather than simply
copper adsorbed to the cell surface.
The pH was not measured at the beginning of the Kd tests, but would be similar to initial
pH values in the growth bioassays, with pH generally within 0.1 units of controls
(average pH 8.10), except at high copper concentrations. Although pH was not
measured at the end of 1-h Kd value tests, no change in pH would be expected after such
a short exposure time (no growth). The ionic strength of seawater is approximately
0.7 M and experiments were conducted at room temperature (21°C). Thus these Kd
values are conditional on an ionic strength of 0.7 M, pH 8.10 and temperature of 21°C.
Copper sorption to algal cells increased linearly with copper concentration, and the lines
of best fit used to predict Kd had R2 values ranging from 0.84 to 1.0 (e.g. Figure 3.2).
Partition coefficients (Kd) ranged from 7.6 to 32  10-10 L/cell, with D. tertiolecta
having the lowest partition coefficient on a per cell basis, and Tetraselmis sp. having the
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Figure 3.4. (a) Plot of cell surface area against partition coefficient (Kd) normalised on a
surface area basis for each alga tested. There is a significant non-linear exponential
relationship between Kd and surface area (p = 0.026) that is plotted as the dashed line.
(b) Plot of species sensitivity for each alga (log 72-h IC50) against partition coefficient
Kd on a surface area basis. Error bars for both the x and y axes are one standard
deviation. Regression analysis found no significant linear relationship between Kd and
log 72-h IC50 (p = 0.81). Het, Phaeo, Nitz, Ehux(+C), Ehux(-C), Tet and Dun are
Heterocapsa niei, Phaeodactylum tricornutum, Nitzschia closterium, Emiliania huxleyi
(plus coccoliths), Emiliania huxleyi (without coccoliths), Tetraselmis sp. and Dunaliella
tertiolecta, respectively. Kd determined in seawater solutions with pH 8.1 and I = 0.7 M.
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highest partition coefficient on a per cell basis, i.e. Tetraselmis sp. adsorbs relatively
more copper per cell than any other alga (Table 3.3). On a surface area basis, Kd values
varied from 2.0 to 24  10-12 L/µm2, with the largest cell H. niei having the lowest Kd
and the smallest cell, the E. huxleyi clone without coccoliths, the highest Kd.
Regression analysis showed that there was no significant linear relationship (p = 0.11)
between cell surface area and Kd (on a surface area basis) but a significant nonlinear
exponential relationship was found (p = 0.026). The cell surface area explains 66% of
the variation in Kd (L/µm2) (Figure 3.4a). However, the relationship was not significant
when Kd was expressed as L/cell (p = 0.95). No significant linear relationship between
algal sensitivity to copper (72-h IC50) and copper-cell partitioning, either on a surface
area basis (Figure 3.4b; p = 0.82) or on a per cell basis (p = 0.96) was found. This
relationship was also tested for significance with toxicity on a normal (non-log) basis,
and also with the exclusion of Dunaliella tertiolecta, and no tests showed a significant
linear relationship between partition coefficient and toxicity, expressed as 72-h IC50
values (p > 0.05 in all cases). However, it must be noted that if the results for D.
tertiolecta were eliminated, a non-linear relationship between Kd and sensitivity of algal
species could be obtained (y = 7.82x2.44; R2 = 0.69) (Fig 3.4b) for which the partitioning
of copper to cell surfaces increases as the sensitivity decreases. There is no reason to
eliminate D. tertiolecta as an outlier from the above work, but this does suggest that
testing of more algal species could be useful.
3.4 Discussion
3.4.1 Species sensitivity to copper
The sensitivity of the 11 marine species to copper varied by three orders of magnitude,
with IC50 values ranging from 0.6-530 µg Cu/L. It is difficult to compare the
sensitivity of these species with literature data due to the different test conditions, cell
densities and test media used (Stauber and Davies, 2000). However, the results are in
accordance with previous studies in our laboratory that also used a minimal nutrient
medium to avoid complexation of metals and consequent under-estimation of copper
toxicity (Franklin et al., 2004, Franklin et al., 2001a, Franklin et al., 2001b, Stauber and
Davies, 2000). Of the species tested, the most sensitive species was the small centric
diatom M. polymorphus. The naked chlorophyte (no cell wall) Dunaliella tertiolecta
was the most tolerant species to copper, with a 72-h IC50 of 530 µg Cu/L. This was
similar to reported 72-h IC50 values of 576 µg Cu/L (Peterson and Stauber, 1996) and >
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600 µg Cu/L (Franklin et al., 2000) for this alga. The 72-h IC50 values reported in the
current study are in agreement with 72-h IC50 values reported for N. closterium (18
µg/L this study, 14 µg/L in Stauber and Davies, 2000), P. tricornutum (8 µg/L this
study, 10-20 µg/L in Franklin et al., 2001a, 2001b, 2004), M. pusilla (1.2 µg/L this
study, 3.1 µg/L in Franklin et al., 2004) and H. niei (4.8 µg/L this study, 16 µg/L in
Franklin et al., 2004). Four of eleven algal species (or thirteen strains) tested had LOEC
values less than the current Australasian marine water quality guideline for copper of
1.4 µg Cu/L (ANZECC/ARNCANZ, 2000), and P. tricornutum had a LOEC of 1.5 µg
Cu/L. This suggests that the guideline may be under-protective for many sensitive
marine microalgae.

3.4.2 Factors affecting species sensitivity to copper
Abiotic factors
While not specifically addressed in the current work, abiotic factors or water chemistry
(e.g. pH, ionic strength, hardness, DOC and ligand concentrations), can all be major
influences on the toxicity of copper to algae (De Schamphelaere et al., 2003; De
Schamphelaere et al., 2005; Heijerick et al., 2005; De Schamphelaere and Janssen,
2006; Wilde et al., 2006 ). For example, De Schamphelaere et al. (2005) found that
copper toxicity increased with increasing pH for the freshwater algal species Chlorella
sp. and P. subcapitata. The role of pH is governing these changes is complicated as at
lower pH metals are generally more readily available in solution while at higher pH,
metals will co-precipitate with, or adsorb to, Al- or Fe-oxyhydroxides (Stumm, Sigg and
Sulzberger, 1994; Lee et al., 2002). However, at lower pH, hydrogen ions will compete
for binding sites on the cell walls and membranes, potentially reducing the toxicity of
copper (DeSchamphelaere and Janssen, 2005 and 2006; Wilde et al., 2006; Worms et
al., 2006; François et al., 2007). Waters of higher hardness may be protective against
toxicity for some organisms as competition between calcium (and magnesium) ions
with copper ions will increase. This has been shown for invertebrates like Daphnia
magna (DeSchamphelaere and Janssen, 2002), but may not always be the case with
algae (DeSchamphelaere et al., 2003). Similarly in estuarine waters, the concentration
of sodium ions could potentially add competition for binding sites on organisms.
Most of the work on the role of varying water quality parameters on the toxicity of
copper to microalgae has used freshwater organisms. In oceanic waters varying pH,
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ionic strength, and hardness are not considered to be such an issue as they remain
relatively constant, i.e. the pH is well-buffered (in this case generally 8.00 to 8.10), the
ionic strength does not vary much (I = 0.7 M ) and the concentration of calcium and
magnesium (the major ions that determine hardness) are relatively constant when
compared to freshwaters (Bates, 1975; Buffle and Stumm, 1994; Miller, 2000; Open
University, 2005). However, they will vary in near-shore coastal regions and estuarine
systems, and cannot be ignored depending on terrestrial inputs from rivers and
stormwater run-off in urban areas. These abiotic factors will still play a role in the
availability of copper to marine microorganisms.
However, abiotic factors alone cannot explain why one species is more sensitive than
another in the same environment. Thus biotic factors were explored within this work to
try and explain differences in species-sensitivity to copper.

Cell size
Small cells have large surface area to volume ratios and have been reported to be more
sensitive to copper than larger species (Quigg et al., 2006). In the current study, the
three most sensitive species M. polymorphus, M. pusilla and Isochrysis sp. were
amongst the four smallest species in our study. M. pusilla had the smallest surface area,
yet was about twice as tolerant as M. polymorphus. However, the dinoflagellate H. niei
was the largest species tested and was one of the most sensitive algal species to copper,
with a 72-h IC50 of 4.8 µg/L. Regression analysis showed no significant relationship
between cell surface area and sensitivity to copper. Also, the clones of E. huxleyi and
G. oceanica that did not produce coccoliths were smaller than the clones with
coccoliths, yet were less sensitive.
There is limited data on the effect of cell size on copper sensitivity in microalgae. The
effect of cell size on copper sensitivity in the pennate diatom Haslea ostrearia
(Simonsen) was studied by Joux-Arab et al. (2000). With apical axes of 40, 65 and 85
µm in length, sensitivity was highest for the 85 µm strain and lowest for the 65 µm
strain, i.e. copper sensitivity was not related to cell size. In a study of freshwater
phytoplankton in mesocosms (Le Jeune et al., 2006), smaller phytoplankton (3 to 20
µm) dominated communities (> 90% of total biomass) over larger phytoplankton (20250 µm) after 27-day exposures to copper concentrations of 160 µg/L (complexing
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capacity of the waters was 100 ± 10 and 110 ± 10 µg/L in the spring and summer
samplings, respectively). Although it was suggested that smaller organisms should be
more sensitive to copper because of the higher cell surface to volume ratio, small cells
may also recover faster due to their rapid growth rates.
From the current study and limited literature, it appears that there is no clear evidence
that small microalgae are more sensitive to copper than larger species.

Cell wall type
The naked chlorophyte D. tertiolecta was the most tolerant species to copper. It appears
that the absence of a cell wall did not render it more sensitive to copper than other green
algae with cell walls, such as the prasinophytes M. pusilla and Tetraselmis sp., which
had much lower IC50 values. In contrast, a wall-less clone of the freshwater unicellular
green alga C. reinhardtii was reported to be more sensitive to cadmium, copper and
nickel than a strain with a cell wall (Macfie et al., 1994). Yet neither total copper,
weakly-bound nor strongly-bound copper (operationally defined as externally-bound
and internally-bound copper, respectively) differed significantly between the two strains
(Macfie and Welbourne, 2000), suggesting that the cell wall itself did not modify
copper toxicity in this alga. However, in exposures to cadmium, the walled strain
accumulated more metal than the wall-less strain (Macfie and Welbourne, 2000), while
in a study by Kola and Wilkinson (2005), the maximum internalisation flux of cadmium
was five fold higher for wild type C. reinhardtii, when compared to a wall-less strain.
The sensitivity of two coccolithophorids, E. huxleyi and G. oceanica, to copper was
examined for two clones, a normal strain which produces coccoliths and a strain which
does not produce coccoliths, to determine whether a difference in this external structural
feature would be reflected in differences in sensitivity to copper. The normal strains of
both E. huxleyi and G. oceanica were slightly, but significantly, more sensitive to
copper than the non-coccolith producing strains. This was contrary to expectation. The
coccolith producing cells have a larger diameter and the presence of many small
coccoliths increases the surface area of these cells. Thus prior literature would suggest
a greater number of inert or non-biologically active sites for copper to bind to, reducing
the concentration of copper available to bind to active sites, decreasing uptake into cells,
therefore making the coccolith-producing strains less sensitive to copper in growth
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bioassays. Alternatively it has been proposed that smaller cells, with a larger surface
area to volume ratio, should be more sensitive to toxicants, yet this is also not the case.
The experimental examination of adsorption revealed that the E. huxleyi copper
seawater-cell partition coefficients (Kd) (on a per cell basis) were not significantly
different between the two strains. So why are the coccolith-absent strains more
sensitive to copper if it is not related to adsorption sites? It is possible that the
mechanism by which calcium is taken up to produce coccoliths, also enhances copper
uptake, thereby increasing the sensitivity of the coccolith-bearing clones.
Coccolithophorids require calcium for the production of coccoliths (Rost and Riebesell,
2004) and have been shown to have much higher uptake rates of calcium when
compared to non-coccolith forming haptophytes, e.g. E. huxleyi compared to Isochrysis
galbana (Sorrosa et al., 2005). However, this explanation is unlikely because (1) the
closely related but non-coccolith forming Prymnesiophyte, Isochrysis sp., was much
more sensitive than any of the coccolithophorid clones in this study, and (2) there is no
evidence from freshwater studies with other organisms that copper uptake occurs via
calcium channels (Niyogi and Wood, 2004).

Taxonomic grouping
Of the 11 algal species investigated, there was no indication that any one taxonomic
class of algae was more sensitive to copper than another. The five most sensitive
species to copper (with 72-h IC50 values of < 5 µg/L) included five different classes of
algae (a diatom, a prasinophyte, a cryptomonad, a prymnesiophyte and a dinoflagellate).
Most of the literature data on the toxicity of copper to microalgae in laboratory growth
inhibition bioassays have focused on diatoms, so it is difficult to determine if one
specific class of algae is more sensitive than another. Stauber and Davies (2000)
summarised the copper sensitivities of marine phytoplankton, including 16 diatoms, one
chlorophyte, one dinoflagellate and one cyanophyte, and found similar sensitivities of
all algae except the chlorophyte Dunaliella tertiolecta, which was tolerant to copper.
Algae from the genera Dunaliella and Tetraselmis have been identified as highly
tolerant species, e.g. the highly saline tolerant Dunaliella salina is also tolerant to
metals, and has been reported to effectively outcompete other algal species in highly
metal-stressed conditions (Moreno-Garrido et al., 2005; DeKuhn et al., 2006).
Similarly, Tetraselmis chui was also reported as one of the most tolerant algal species to
metal stressors (Moreno-Garrido et al., 2005).
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While the green algae Dunaliella spp. and Tetraselmis spp., are often found to be
tolerant, considerable variation in toxicity among green algae occurs. D. tertiolecta was
found to have higher tolerance to copper than D. salina (Nikookar et al., 2005) which
may have been related to lower concentrations of copper in the cell and an increase in
ascorbate peroxidase activity. Ismail et al. (2002) found that Tetraselmis sp. was three
times less sensitive than T. tetrahele from the same genera, with 96-h IC50 values of
130 and 370 µg/L, respectively, showing variation in toxicity within closely related
algal species. Moreno-Garrido et al. (2000) found sensitivity to copper (72-h IC50
µg/L) to decrease in the order Isochrysis galbana (prymnesiophyte; 0.4 µg/L) >>
Chlorella autotrophyca (green alga; 9.6 µg/L) ≈ P. tricornutum (diatom; 9.8 µg/L) >
Nannochloris atomus (green alga; 16.7 µg/L), showing that green algae can be just as
sensitive as other taxonomic groups. In a study of toxicity of copper to marine algae
from a variety of taxonomic groups (using chlorophyll a measurements in micro-well
plates to assess growth inhibition), Satoh et al. (2005) found that Isochrysis galbana and
the cyanophyte Synechoccus sp. were of similar tolerance, with 72-h IC50 values of 4.2
mg Cu/L and 5.3 mg Cu/L, respectively (Table 3.2). Two green algae Prasinococcus
sp. and Tetraselmis tetrahele fell in the same range of sensitivity (IC50 values of 5.4
and 7.4 mg Cu/L) while two more green algae (Chlorococcum littorale and
Chlorococcum sp.) were more tolerant, with 72-h IC50s of 10.2 and 11.7 mg Cu/L,
respectively. The diatom (Cylindrotheca sp.) fell within the sensitivities of the green
algae, with a 72-h IC50 of 7.7 mg Cu/L, while the dinoflagellate Heterocapsa sp. was
most tolerant to copper with an IC50 of 11.6 mg/L, in contrast to the current study
where H. niei was one of the most sensitive species. The high (mg/L) 72-h IC50 values
reported in Satoh et al. (2005) compared to those in the present study are likely to be
due to the use of a standard culture medium as the test medium, and the cell densities
were presumably higher than in this current study in order to obtain sufficient
chlorophyll a to use as a surrogate for biomass. Interestingly, despite the wide range of
species studied from different groups in Satoh et al. (2005) there was less than a three
fold difference in sensitivity, while in the current study sensitivity ranged over three
orders of magnitude.
In this study the diatoms M. polymorphus and P. tricornutum were two of the more
sensitive species to copper, with IC50 values of 0.6 and 8.0 µg Cu/l, respectively.
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However, the other diatom tested, N. closterium, was more tolerant, with an IC50 of 18
µg Cu/L. The relative sensitivity of diatoms to copper compared to other algal classes
is unclear from the literature. Sunda and Guillard (1976) found that the lowest observed
free ion concentration to affect growth was 1.9 ng Cu2+/L for the diatom Thalassiosira
pseudonana and 2.5 ng Cu2+/L for the green alga Nannochloris atomus, suggesting
greater tolerance of the green alga. However, in a study by Hawkins and Griffiths
(1982), a dinoflagellate (Amphidinium carterae) and a diatom (P. tricornutum) were
found to be the most tolerant species to copper, with IC50 values of 6.4 µg Cu2+/L (1 
10-7 M Cu2+) while two species of green algae, Stichococcus baciallaris and D.
tertiolecta, were most sensitive, with IC50 values of 5 and 50 ng Cu2+/L (7.9  10-11 and
7.9  10-10 M Cu2+), respectively. Another marine diatom, Amphora coffeaeformis, was
noted to be very copper tolerant, even growing on copper-based antifouling paints
(Brown et al., 1988). Tolerance in A. coffeaeformis was found to be related to the
production of soluble exudates and mucilage which presumably decreased copper
uptake into the cell. Mucilage layers may play a very important role in copper
adsorption, with Tien et al. (2005) finding that copper Freundlich adsorption capacity
constants (Kf) were higher in four mucilaginous freshwater species including three
cyanophytes and a chlorophyte (3.96-12.62 mg Cu per g) when compared to the nonmucilaginous algal species including a chlorophyte, two diatoms and a dinoflagellate
(0.36 to 3.63 mg Cu per g). In addition, cells with mucilage required more time to reach
adsorption maxima and copper adsorption per unit area was larger. Exudate production
and cell surface changes in response to metal stress have been suggested as possible
detoxification mechanisms for many algae, and may help alter metal speciation in the
immediate local environment around cells (Gonzalez-Davila et al., 1995; Croot et al.,
2000).
In a study of succession in a marine phytoplankton community following copper
exposure, Gustavson et al. (1999) found that while a pollution-induced community
tolerance response was observed, with short-term tolerance that increased concurrently
with a decrease in total number of species, diversity and richness (at 15 µg Cu/L), they
could not make any general assumptions regarding particular copper-sensitive or
copper-tolerant groups of algae. Similar conclusions regarding species specificity have
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been reached with respect to freshwater algal communities, e.g. Genter and Lehman
(2000) who emphasised that copper and metal sensitivity was very species-specific.
It is clear from the current study and the variety of responses to copper by different algal
taxonomic groups observed in the literature that the relationship between copper and
species-sensitivity is complex, and is unlikely to be related to taxonomic groupings.

Metal-cell partitioning
In the current study, copper water-cell partition coefficients (Kd) varied four-fold on a
per cell basis and 12-fold when corrected for cell surface area. The prasinophyte
Tetraselmis sp. (Kd 32 ± 1  10-10 L/cell) adsorbed the most copper per cell, relative to
the concentration of dissolved copper in solution. Relative adsorption declined in the
order Tetraselmis sp. > diatom Nitzschia sp. (Kd 24  10-10 L/cell) > dinoflagellate H.
niei (12 ± 7  10-10 L/cell) = diatom Phaeodactylum sp. (11 ± 1  10-10 L/cell) > green
alga D. tertiolecta (Kd 7.6 ± 0.6  10-10 L/cell) = coccolithophorid E. huxleyi regardless
of the presence of coccoliths (with coccoliths, Kd 8 ± 1  10-10 L/cell; without coccoliths
8 ± 9  10-10 L/cell). Where more than one test for Kd values was carried out (n  3),
e.g. D. tertiolecta, Tetraselmis sp. and P. tricornutum, the results agreed closely and the
standard deviation was small giving confidence that the Kd measurements for all species
were sufficiently precise. The one exception was E. huxleyi (without coccoliths) where
the standard deviation in Kd was inexplicably large. A study by Quigg et al (2006)
found that of seven phytoplankton tested, the diatom Thalassiosira weissflogii,
accumulated the most copper per cell over one hour, while the two chlorophytes
(Pyramimonas parkeae and Tetraselmis levis) also accumulated high concentrations of
copper. This contrasts with the current work, where the chlorophyte accumulated the
least copper relative to the concentration of copper in solution. These differences
suggest that sorption of metals to cell surfaces appears to be non-discriminatory for cell
wall type.
Total sorption of copper to cell surfaces was not related to the sensitivity of algal
species after 72-h exposures to copper (Figure 3.3b). The hypothesis under
investigation was derived from the work of Franklin et al. (2002) who showed that two
freshwater green algae, Selenastrum capricornutum (now Pseudokirchneriella
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subcapitata) and Chlorella sp. had similar Kd values (25 and 30  10-11 L/µm2) and
similar sensitivities to copper (72-h IC50s of 6.6 and 4.6 µg Cu/L, respectively). These
authors hypothesised that copper toxicity in freshwater algae may be predicted by
copper-cell binding. The present study, however, using a wider range of species derived
from the marine environment, does not support these findings. The Kd values calculated
in the current study were approximately one order of magnitude lower than those found
for the two freshwater algae in the Franklin et al. (2002) study, in which Kd values were
calculated after 72 h (i.e. after cells were growing and dividing). These differences may
be because the current study calculated Kd values after only one hour, which was
sufficient time for a pseudo-equilibrium between copper in solution and copper cellbinding to be established, and was without the confounding factors of cell growth
(Gowrinthinan and Rao, 1991; Gonzalez-Davila et al, 1995; Quigg et al., 2006).
There was a relationship between cell size and partition coefficient on a surface area
basis. The copper partition co-efficient (Kd in L/µm2) decreased with increasing cell
surface area in an exponential relationship (R2 = 0.66, p = 0.026) (Figure 3.4a).
However, this relationship was not significant when the Kd was expressed on a per cell
basis. This is similar to that reported by Quigg et al. (2006), who found that, despite the
copper accumulation rate being the highest for the smallest cell, copper accumulation
rates were not linearly related to cell surface area for seven phytoplankton species
(Quigg et al., 2006).
It is important to note that Kd values, which define partitioning between solution and
cells are like all other stability constants or adsorption isotherms (e.g. adsorption to iron
oxides) and will differ in different media. The pH, temperature and ionic strength of the
media are major determining factors in how much copper will adsorb or partition to cell
surfaces (Buffle and Stumm, 1994; Stumm and Morgan, 1996). For example, at lower
pH, functional groups on the cell surface will be more highly protonated and thus less
copper will partition to sites on the cell surface (Stumm, Sigg and Sulzberger, 1994).
As these abiotic factors will vary in different aquatic environments it would be difficult
to use Kd values to predict species-sensitivity from one site to another. While surface
waters in the open ocean have similar ionic strength, pH and hardness (Bates, 1975;
Buffle and Stumm, 1994; Miller, 2000; Open University, 2005), most concern over
metal pollution in marine environments occurs along coastlines and in estuaries, where
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anthropogenic influences are greatest. In these environments there is potential for
variation in these key water quality parameters, due to freshwater inputs. Ionic strength
and hardness both decrease with decreasing salinity. There is also potential for binding
of metals by ligands other than those produced by algae and those at the cell surface of
microalgae, as terrestrially-derived humic substances could enter marine systems
through freshwater inputs. The Kd values determined here are limited in use to pH 8.10,
an ionic strength of 0.7 M and a temperature of 21°C.

Other factors
Algal sensitivity to copper is more likely to be related to copper internalisation than to
adsorption to non-specific surface binding sites. Binding of copper to the biotic ligand,
as yet unknown in algae but assumed to be sites on the plasma membrane
(DeSchamphelare et al., 2005), is the critical step before internalisation of copper and
subsequent toxicity (Kola and Wilkinson, 2005). Different uptake rates for algal
species could lead to differences in metal-sensitivity. Quigg et al. (2006) found that the
most copper-sensitive species, a cyanobacterium (Synechococcus sp.), had a 2-3 fold
greater copper uptake rate on a surface area basis, than eukaryotic algae such as
Tetraselmis levis and E. huxleyi.
Growth inhibition in microalgae has also been related to intracellular copper
concentrations (Stauber and Florence, 1987, Franklin et al., 2002). However, biota may
bioaccumulate metals in non-metabolically active forms, so internal metal loadings do
not always reflect differences in sensitivity (Buchwalter and Cain, 2005, Luoma and
Rainbow, 2005). Detoxification mechanisms include exclusion, internal sequestration
and active efflux mechanisms. For example, copper may be prevented from entering
algal cells by the release of exudates that bind copper in solution, reducing the
bioavailable fraction of metal, and thereby reducing toxicity. Alternative physical
exclusion mechanisms may include reduced membrane permeability (Megharaj et al.,
2003) or alteration of the metal species at the cell surface. Once copper is internalised,
the production of cysteine-rich phytochelatins can bind excess copper, rendering it less
toxic through subcellular partitioning of metals to inactive sites. Phytochelatins were
induced by free copper concentrations of 8  10-11 M for the freshwater green alga
Scenedesmus vacuolatus (LeFaucher et al., 2006) and in the marine diatom P.
tricornutum (Morelli and Scarano, 2004) but not in Thalassiosira weissflogii (Miao and
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Wang, 2007). Similarly, sequestration of copper in the cell wall of the marine diatom
Skeletonema costatum (Nassiri et al., 1997) and accumulation of copper in thykaloid
membranes of the freshwater green alga Oocystis nephrocytioides (Soldo and Behra,
2005), away from internal metabolic systems, were suggested to be the major
detoxification mechanisms for these algae. The induction of proteins due to stress
(toxicant-induced or via nutrient deficiency) has been noted in some algal cells (Davis
et al., 2005) and the induction of the antioxidant superoxide dismutase has been noted
for the marine prasinophyte Tetraselmis gracilis when exposed to cadmium. Finally,
efflux mechanisms may be used to pump metal back into solution, potentially as a
different, less toxic metal species. Population dynamics and growth rates can also play
a role, as an increase in cell density will provide a greater surface area, effectively
diluting the concentration of toxicant per cell (Franklin et al., 2002, Megharaj et al.,
2003, Luoma and Rainbow, 2005).
Interspecies differences in sensitivity of microalgae to copper may also be related to
their habitat (estuarine versus coastal versus oceanic environments) and their prior
exposure to copper. Sunda (1989) showed that small changes in metal bioavailability in
the open ocean affected the type of algal species that occurred. In contrast, Quigg et al.
(2006) showed that copper accumulation rates in algae were not related to geographic
position, e.g. coastal versus oceanic environments. Some algae have been shown to
adapt, either physiologically or genetically, to high metal concentrations, resulting in
decreased sensitivity to metals. Twiss (1990) reported Chlamydomonas acidophila
isolated from acidic, copper-contaminated soils, had algistatic copper concentrations 20125 times higher than laboratory strains. Acclimation or adaptation of freshwater algae
to these high metal concentrations has also been explored in laboratory environments,
with increases in copper or zinc concentrations in algal growth media leading to an
increased tolerance towards those metals (Muyssen and Janssen, 2001; Bossuyt and
Janssen 2004). In contrast, Johnson et al. (2007) found no increased tolerance to copper
or zinc in the marine alga N. closterium or the freshwater alga Chlorella sp. after
acclimation to copper in culture medium over 100 days.
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3.5 Conclusions
Inter-species differences in copper sensitivity of marine microalgae were not related to
biotic factors, such as cell wall type and cell size, nor to taxonomic class, nor to
equilibrium partitioning of copper to the cell. Adsorption of copper to cells was rapid
and it was not possible to discriminate between non-specific copper binding sites and
high affinity active sites on the cell wall/cell membrane. It is possible that copper
sensitivity is better related to copper uptake rates (internalisation) and intracellular
detoxification processes. These factors are investigated in Chapter 4.
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CHAPTER 4. UPTAKE AND INTERNALISATION OF COPPER BY THREE
MARINE MICROALGAE: COMPARISON OF COPPER SENSITIVE AND
COPPER TOLERANT SPECIES 2
4.1 Introduction
To increase our fundamental understanding of how and why species differ in their
sensitivities to contaminants, several approaches have been used, including biological
monitoring, physiological comparisons of contaminant uptake, studies of sub-cellular
partitioning and detoxification, and predictive and biodynamic modelling (Buchwalter
and Cain, 2005).
Recent studies in metals-based ecotoxicological research have focussed heavily on
generating models capable of predicting toxicity based on water quality parameters such
as pH, hardness, salinity and dissolved organic matter. These parameters influence both
the speciation of the metal in solution and the binding of metals at the organism
interface, ultimately affecting metal internalisation and toxicity. Various equilibriumbased models have been proposed to predict toxicity, including the Free Ion Activity
Model (FIAM) (Morel, 1983), the extended FIAM (Brown and Markich, 2000) and the
Biotic Ligand Model (BLM) (Di Toro et al., 2001; Santore et al., 2001; De
Schamphelaere and Janssen, 2002; De Schamphelaere et al., 2003). The BLM has been
used to successfully predict acute toxicity to freshwater fish and invertebrates at
relatively high metal concentrations, however, its application to marine species such as
microalgae, under low chronic exposure conditions, is still under development. Some
exceptions to the BLM have been noted in the literature (Campbell, 1995; Hassler et al.,
2004a). A more mechanistic-based approach, which takes into account the kinetics of
2

The work in this chapter has been published as Levy, J.L., Angel, B.M., Stauber, J.L., Poon, W.L.,
Simpson, S.L., Cheng, S.H. and Jolley, D.F. (2008). Uptake and internalisation of copper by three marine
microalgae: Comparison of copper sensitive and copper tolerant species. Aquatic Toxicology, 89, 82-93.
As first and corresponding author the vast majority of the work presented in this chapter (and in the
article) is the direct result of research from my PhD. The research was designed as a part of my thesis,
yet input has come from various other people. I prepared the D. tertiolecta and Tetraselmis sp. cells
which were then imaged using TEM by Winnie Poon (PhD student supervised by Shuk Han Cheng) at
City University, Hong Kong. Brad Angel (PhD student supervised by Stuart Simpson at CSIRO and Di
Jolley at UoW) and I prepared the P. tricornutum cells which were imaged using TEM by Tania Ballind
at ANSTO (Australian Institute of Science and Engineering grant, grant #05082). Brad Angel and I
processed some of the copper internalisation experiments together in accordance with our individual
research questions since they are very intensive tests. Brad used some of the data to model copper uptake
rates as part of a PhD on the effects of pulsed contaminants on marine organisms, and also used the P.
tricornutum TEM images.
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metal binding and uptake, may be required to better understand metal toxicity and
detoxification processes in algae.
The majority of BLM studies have focussed on the acute responses of a number of
species of fish to metals, where the gill has proven to be the biotic ligand. Microalgae
have also gained attention in the BLM literature (Santore et al., 2001; De
Schamphelaere et al., 2003; Heijerick et al., 2002). The BLM assumes that for algae
the “biotic-ligand” consists of specific sites on the plasma membrane, which do not
change upon exposure to a toxicant, or under different water quality regimes, e.g.
changes in pH, and that no major biological regulation is induced upon metal binding to
the ligand (Campbell et al., 2002; Hassler et al., 2004a). Recent work has suggested
that this assumption may not hold true for algae, as exposure to metal mixtures may
change membrane permeability and thus metal uptake (Franklin et al., 2002a), or
changes in pH may cause conformational changes in surface proteins responsible for
metal transport, thus altering the internal flux of metals (François et al., 2007).
Furthermore, internalisation of lipophobic metals across the lipophilic cell membrane is
not always the rate-limiting step in metal uptake, e.g. Campbell et al. (2002) showed
that silver uptake in algae is limited by diffusion from the bulk media to the surface of
cells, while consequent adsorption and internalisation are fast. The BLM also failed to
explain the toxicity of zinc to Chlorella kesslerii, a green microalga, where zinc uptake
could not be predicted from the solution chemistry or cell-bound zinc, possibly due to
the production of membrane-bound zinc transporters (Hassler and Wilkinson, 2003).
Although equilibrium models have had some success in predicting acute responses of
organisms, it is clear that microorganisms have a dynamic relationship with the
environment around them (Worms et al., 2006).
Algae are capable of regulating their internal cell environment and also their immediate
surroundings, e.g. through the production of exudates with metal binding capacity
(Megharaj et al., 2003; Worms et al., 2006). Other detoxification mechanisms
employed by algae may include:
(i)

the exclusion of metals through changes in membrane permeability;

(ii)

binding or sequestration of metals at non-metabolically active sites within
the cell, e.g. in the cell wall;

(iii)
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binding to cysteine-rich phytochelatins;

(iv)

induction of stress-proteins or antioxidants; or

(v)

efflux of metal into solution.

Toxicity, therefore, is not just a function of exposure to contaminants, but also of
internal biological sequestration (Luoma and Rainbow, 2005).
The aim of this study was to further investigate the species-sensitivity concept - why is
one species of marine microalgae more or less sensitive to copper than another species?
Copper was chosen as the contaminant of concern due to its high aquatic toxicity at
environmentally relevant concentrations and increasing use as a replacement for
tributyltin in antifouling biocides (Stauber and Davies, 2000; Warnken et al., 2004).
The previous chapter showed that inter-species differences in copper sensitivities of
marine microalgae were not related to biotic factors, such as cell wall type and cell size,
or to taxonomic class, or equilibrium partitioning of copper to the cell surface. Rather,
differences in sensitivity to copper may be related to copper uptake rates, intracellular
copper concentrations, sub-cellular partitioning and cellular detoxification processes
(De Schamphelaere et al., 2005; Miao and Wang, 2007). This chapter compares copper
sensitivities, uptake rates and intracellular copper concentrations in three marine
microalgae: the diatom Phaeodactylum tricornutum (Bacillariophyceae) and the green
algae Tetraselmis sp. (Prasinophyceae) and Dunaliella tertiolecta (Chlorophyceae). It
also examines ultrastructural changes in response to copper, determines if copper
inclusions are visible in the cells using electron microscopy and investigates the
production of exudates as a potential detoxification mechanism.
4.2 Methods
4.2.1 Algal cultures
The details on algal culturing for the three marine algae studied, Phaeodactylum
tricornutum Bohlin, Tetraselmis sp. and Dunaliella tertiolecta (Butcher), are provided
in the methods chapter, Section 2.2 and Table 2.1.

4.2.2 Growth rate inhibition bioassays
The chronic toxicity of copper to the three algae was determined using 72-h growth rate
inhibition bioassays, as per section 2.4, following an initial screening process (Chapter
3).
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4.2.3 Statistical analyses of toxicity data
The NOEC, LOEC and 72-h IC50 values were calculated for the three algae using the
statistical process outlined in Section 2.4

4.2.4 Algal cell size
In order to determine the effect of copper on cell size, algal cell sizes (± copper) were
measured throughout the bioassays as per Section 2.5.

4.2.5 Determination of extra- and intracellular copper concentrations
Algae were exposed to various concentrations of copper for up to 72 h, in a test medium
of filtered seawater with minimal nutrients (15 mg NO3-/L, 1.5 mg PO43-/L) under
similar conditions as the growth rate inhibition bioassays. Algae, at initial cell densities
of 3.0 (± 0.3)  103 cells/mL, were allowed to grow for one day in copper-free test
media prior to the addition of copper. P. tricornutum was exposed to 10 (72-h IC50),
30 and 50 µg Cu/L, Tetraselmis sp. to 10, 50 (72-h IC50) and 100 µg Cu/L and D.
tertiolecta to 50 and 500 (72-h IC50) µg Cu/L. This allowed direct comparison of
intracellular copper concentrations at the 72-h IC50 for each alga, and at a common
concentration of 50 µg Cu/L. A modified method of Franklin et al. (2002b) was used to
determine copper adsorbed to the cell (extracellular fraction) and copper inside the cell
(intracellular fraction) in triplicate samples collected at time-points from 0 to 72 h (0,
0.5, 1, 2, 4, 10, 20, 30, 48 and 72 h). The method is summarised as a schematic diagram
in Figure 4.1 and is discussed in detail below.
To remove extracellular copper, a 0.01 M EDTA (BDH, Merck) solution in a 0.1 M
KH2PO4 (Ajax)/K2HPO4 (Ajax) phosphate buffer (pH 6.0, salinity adjusted with NaCl
(Asia Pacific Specialty Chemicals) to 35‰) was used. Preliminary experiments showed
that a 20-min exposure to this washing solution effectively removed extracellular
copper without damaging the integrity of the cells. Other researchers have also
successfully used EDTA for this purpose, without damaging cells (Franklin et al.,
2002b; Hassler et al., 2004b) and without causing efflux of zinc from cells (Mirimanoff
and Wilkinson, 2000).
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Expose algae to copper for 0-72 h (in triplicate).
Test medium: Filtered seawater, 15 mg NO3-/L, 1.5 mg PO43-/L.
Initial cell density: 3.0 (± 0.3)  103 cells mL-1.
12:12 h light/dark photoperiod, 140 µmol photons m-2 s-1, 21°C

Centrifuge cells. 1200  g, 4 min.

Rinse with 5 mL seawater, Centrifuge.

Wash in EDTA washing solution for
20 min (0.01 M EDTA, 0.1 M
KH2PO4/ K2HPO4 buffer pH 6.0,
salinity adjusted to 35‰). Centrifuge.

Rinse with 5 mL seawater, Centrifuge.

supernatant

Dissolved Cu fraction
Analyse by ICP-AES

supernatant

Rinse 1
Analyse by ICP-AES

supernatant

Extracellular Cu fraction
Reduce pH to < 3
Analyse by ASV

supernatant

Rinse 2
Analyse by ICP-AES

Digest final pellet in 2 mL
concentrated HNO3 overnight. Make
up to 20 mL with Milli-Q.

Intracellular Cu fraction
Analyse by GF-AAS

Rinse flasks with 100 mL 10% HNO3

Flask adsorbed-Cu
Analyse by GF-AAS

Figure 4.1. Schematic diagram for isolating extracellular and intracellular copper
fractions for P. tricornutum and D. tertiolecta. For Tetraselmis sp., centrifugation was
replaced with filtration.

81

Two different methods were required to collect and wash cells. P. tricornutum and D.
tertiolecta were centrifuged, however Tetraselmis sp. frequently lysed if centrifuged
multiple times, however it was easily resuspended off filter papers, unlike the other
species. Therefore, filtration through an acid-washed glass unit with a 0.45 µm pore
size GH-polypropylene membrane filter was used for collecting Tetraselmis sp.
fractions. When the appropriate method was used, cell membranes appeared intact and
cells retained a refractile appearance when observed under phase-contrast microscopy.
At each time-point, a number of flasks for each replicate were combined, mixed
thoroughly and the cell density determined by flow cytometry (BD-FACSCalibur).
Depending on cell density, several flasks were used per replicate (generally 1-5 flasks),
with three replicates per treatment. For Tetraselmis sp., weighed sub-samples of test
solution were filtered through a 25-mm glass filtration unit (pre-acid-washed and rinsed
with Milli-Q water) using a 0.45 µm GH-polypropylene filter (Pall Corporation, Ann
Arbor, MI, USA). The filtrate was removed by pipette and approximately 20 mL was
acidified and retained for analysis (dissolved copper fraction). Cells were rinsed with 5
mL of seawater to remove excess test media and to avoid copper carryover into the
extracellular fraction. This solution was retained for analysis (seawater rinse fraction).
The cells on the filter were transferred to a Teflon centrifuge tube using the buffered
EDTA washing solution and made up to a final volume of 20 mL. This mixture was
vigorously shaken for 30 seconds, allowed to stand for 20 minutes, then re-filtered,
using a new filter and retaining the filtrate for analysis. The cells were rinsed with
another 5 mL of seawater. Cells on the filter paper were transferred to a clean Teflon
tube and 2 mL of concentrated HNO3 (Tracepur, Merck) was added to the tube, left to
digest for 30 minutes, then microwaved at 90W for 5 min. The digest was diluted to 20
mL using Milli-Q water to give a final acid concentration of 10% (v/v) HNO3, and
stored at 4°C (intracellular copper fraction). Blank solutions (no algae) were also
prepared in each sample batch. To complete the mass balance, any copper that had
adsorbed to the walls of the test flasks was determined after rinsing each flask with 100
mL of 10% (v/v) nitric acid.
For D. tertiolecta and P. tricornutum, centrifugation (4 min at 1200  g) rather than
filtration was used to harvest cells and collect metal fractions. The contents of flasks
were initially centrifuged and the supernatant collected for the dissolved fraction. Care
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was taken when removing the supernatant by pipette to leave the pellet undisturbed. A
second centrifugation step was sometimes required to pool the contents of multiple
flasks required for an individual replicate. Cells were rinsed with seawater and then
resuspended in 20 mL of EDTA, shaken vigorously for 30 seconds and centrifuged after
20 min (4 min at 1200  g) and the supernatant retained as the “extracellular copper”
fraction. The cells were rinsed with seawater again and the final pellet digested in nitric
acid as above. Seawater rinses were used to minimise copper carryover from the
dissolved to extracellular fraction, and from the extracellular to intracellular fractions.
The total volume used for each replicate was measured by mass. Blank solutions (no
algae) were also prepared in each sample batch. Cell density data from the flow
cytometer and solution volumes (weighed and converted using seawater density of 1.03
g/mL) were used to calculate the number of cells in all measurements of intra- and
extracellular copper.

4.2.6 Copper uptake rates
Intracellular copper concentrations were plotted against exposure time (0.5 to 72 h) and
the copper uptake rate was calculated as the slope (m) of the regression line with units
of 10-15 g Cu/cell/h or 10-18 g Cu/µm3/h. Note that this is the net copper
uptake/internalisation rate because the copper efflux rates from the cells were not
calculated. These slopes were compared statistically using t tests (comparing 2 slopes,
two-tailed, p = 0.05) and analysis of covariance tests (comparing > 2 slopes, one-tailed,
p = 0.05) (Zar, 1974) with Tukey’s post-hoc analysis to detect differences in uptake
rates.

4.2.7 Copper analyses
A variety of methods were used to measure copper concentrations based on the
detection limits required and the matrix of the sample. The higher concentrations of
copper in the saline dissolved and rinse fractions were measured easily using
inductively coupled plasma-atomic emission spectrometry (ICP-AES; Spectro FlameEOP, Spectro Analytical Instruments, Kleve, Germany) as described previously in
section 2.6. However, instruments with lower detections limits were required for the
other fractions.
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The saline matrix for dissolved and extracellular fractions was incompatible with
graphite furnace-atomic absorption spectroscopy (GF-AAS), and thus differential pulse
anodic stripping voltammetry (ASV) with a hanging mercury drop electrode (Metrohm
646 Voltammetric Analyzer; Berchem, Belgium) was used to measure copper
concentrations in the extracellular fractions following sample acidification to pH < 3.
Samples were stirred and de-aerated with nitrogen for 300 s before deposition for 300 s
at -0.6 V versus a saturated calomel electrode. A potential scan was initiated (scan rate
3.3 mV/s, pulse height 50 mV, pulse step 2 mV) and the copper oxidation peak recorded
between -0.2 and 0 V (to avoid the peak from chloride in the matrix). Copper
concentrations were calculated from a matrix-matched calibration curve (using the
EDTA extraction solution) spiked with 5 to 50 µg Cu/L (Australian Chemical Reagents,
Cu Elemental Standard, 1000 mg Cu/L in 2% HNO3).
Intracellular copper fractions and flask-adsorbed copper were determined using graphite
furnace-atomic absorption spectrometry (GF-AAS, 4100ZL Perkin-Elmer instrument,
Norwalk, CT, USA). Copper concentrations were calculated from matrix-matched
calibration curves using serial dilution of Australian Chemical Reagents, Cu Elemental
Standard, 1000 mg Cu/L in 2% HNO3.

4.2.8 Algal exudate analyses
Two methods were used to detect algal exudates in copper-exposed cells. Algae (2-4 
103 cells/mL) were inoculated into filtered seawater with minimal nutrients, 15 mg NO3/L and 1.5 mg PO43-/L, (± 50 µg Cu/L) for 72-h as per the standard growth inhibition
tests.
Copper complexed by algal exudates was determined as the difference between
dissolved copper (measured by ICP-AES) and ASV-labile copper (measured by anodic
stripping voltammetry) using the method described in Franklin et al. (2002b). Algal
cells were removed by filtration after 72-h using 0.45 µm membrane filter (pre-acid
washed with 10% HNO3 and rinsed with excess Milli-Q) (Minisart, Sartorius). A 5-ml
sub-sample of filtrate was acidified to 0.2% HNO3 and the concentration of dissolved
copper measured by ICP-AES. For ASV-labile copper determinations, PTFE
polarographic cells were filled with sample for 20 min to pre-condition the cell, and the
solution discarded. Another 20-ml volume of solution was then added to the PTFE cell
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and stabilised with sodium nitrate (40 µL 5 M, Sigma, South Croydon, VIC, Australia).
An initial ASV measurement was taken and then siting-shot titrations of 1-50 µg Cu/L
were added to each sample, with 10 min equilibration periods between each
measurement. The resulting plots were analysed using the Van den Berg-Ruzic
graphical method and the initial labile copper concentration determined. Controls
included: (1) seawater + 50 µg Cu/L (no algae), (2) seawater + algae (no copper), and
(3) seawater + algae, filtered after 72-h, + 50 µg Cu/L. Copper standards were also
measured just prior to and after the measurement of some samples, to ensure that algal
exudates were not interacting with the electrode, causing a reduction in the ASV signal.
In a separate test, total carbohydrate concentrations and total protein concentrations in
D. tertiolecta exudates were measured after an extracellular polymeric substances (EPS)
fractionation process to separate “loose EPS” (exudates in the water column) from
“capsular EPS” (exudates attached to the outside of cells) as outlined in Barranguet et
al. (2004). Control cells or copper-exposed cells (500 µg Cu/L) were grown for 72 h
under standard bioassay conditions and 250 mL of test solution was centrifuged to a
pellet for each replicate (3 replicates per treatment). Loose EPS was operationally
defined as the extruded material released by cells into the surrounding medium that
could be separated by centrifugation (5 min at 1200  g). Capsular EPS was defined as
the polymeric material that was still attached to the cell (but not internal material) after
centrifugation, and could be removed by adding 2 ml of 0.1 M H2SO4, vortexing and
placing in a 95°C water bath for 30 minutes. Subsequent examination of cells by phasecontrast microscopy showed that cell membranes were still intact and cells appeared
healthy. Total carbohydrate concentrations were measured using the phenol-sulfuric
acid assay (Dubois et al., 1956) with spectrophotometric determination of carbohydrate
material at an absorbance of 490 nm, and using glucose as a standard. Concentrations
were reported as µg of glucose equivalents/mL (or per cell). Total protein
concentrations were measured using the bicinchonoic acid protein assay (using BCA
Protein Assay Kit, Pierce, Rockford, IL, USA) with spectrophotometric determination
at 562 nm (Berges et al., 1993), and using human albumin as a standard. Concentrations
were reported as µg of albumin equivalents/mL (or per cell).
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4.2.9 Transmission electron microscopy (TEM)
Control cells (no copper) and cells exposed to copper for 72 h at close to IC50
concentrations (15 µg/L for P. tricornutum, 50 µg/L for Tetraselmis sp. and 500 µg/L
for D. tertiolecta) were centrifuged and prepared for TEM using a method modified
from Au et al. (1999). Chemicals for TEM were sourced from Electron Microscopy
Sciences (Hatfield, PA, USA). The cells were fixed in 4% glutaraldehyde, 8.55%
sucrose and 1% tannic acid in 0.1 M cacodylate buffer at pH 7.4 (overnight, 4°C, dark).
The cells were resuspended in fresh fixative, then set in agarose (final concentration
0.5% w/v), cut into small cubes and fixed overnight (4°C, dark). The cells were then
washed successively with cacodylate buffer containing decreasing concentrations of
sucrose (10 mins each, 4%, 4%, 2%, 2%, 1%, 0%). The cells were then post-fixed in
2% OsO4 in 0.1 M cacodylate buffer for 2 hours (4°C). Samples were rinsed twice in
0.1 M cacodylate buffer (10 min), twice in Milli-Q water (10 min), dehydrated through
an ethanol-acetone series, and then infiltrated with Spurr’s resin over 4 days, prior to
embedding in moulds. Ultra-thin sections were then prepared using an ultramicrotome
(Ultracut UCT, Leica Microsystems, Hong Kong) as per Au et al. (1999). TEM on P.
tricornutum cells was carried out at the Australian Nuclear Science and Technology
Organisation, Sydney (200 kV, JEOL 2000FXII transmission electron microscope)
while TEM of Tetraselmis sp. and D. tertiolecta was undertaken at City University,
Hong Kong (Philips Tecnai 12 BioTWIN transmission electron microscope, FEI,
Netherlands).
4.3 Results
4.3.1 Growth rate inhibition tests
Algal control growth rates were acceptable, with values of 1.78 ± 0.08, 1.37 ± 0.26 and
1.39 ± 0.02 divisions/day for P. tricornutum, Tetraselmis sp. and D. tertiolecta,
respectively. Changes in pH were minimal for test controls, with initial pH of controls
(seawater + nutrients) of 8.0 ± 0.1, and changes typically less than 0.3 pH units by the
end of the tests. For copper treatments, pH increased by < 0.5 pH units.
The sensitivities of the three species to copper over 72 h are shown in Figure 4.2. The
results for each alga are the combination of three separate bioassays, pooled together,
with controls for each alga normalised to 100% for each test. As the concentration of
copper in the test solutions increased, algal growth rates decreased (Figure 4.2). P.
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Figure 4.2. Concentration-response curves for P. tricornutum, Tetraselmis sp. and D.
tertiolecta exposed to copper for 72 h. Results are pooled from three tests, with mean
control growth rates normalised to 100% in each bioassay and the growth rate for each
replicate plotted as a percentage of mean control growth rate.
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tricornutum was the most sensitive species to copper, with a 72-h IC50 value of 8 µg
Cu/L (Table 4.1). Tetraselmis sp., a moderately copper-tolerant species, had a 72-h
IC50 value of 47 µg Cu/L, while the extremely copper-tolerant chlorophyte D.
tertiolecta had a 72-h IC50 of 530 µg Cu/L, well above expected environmental
concentrations of copper. The NOEC values were < 1.5, 7 and 8 µg Cu/L for P.
tricornutum, Tetraselmis sp. and D. tertiolecta, respectively. The LOEC values were
1.5, 22 and 42 µg Cu/L for P. tricornutum, Tetraselmis sp. and D. tertiolecta,
respectively (Table 4.1).

4.3.2 Changes in cell size upon copper exposure
In order to normalise cellular copper concentrations to a surface area or volume basis,
algal cell size in each bioassay was determined (Table 4.1). The cell sizes of D.
tertiolecta and Tetraselmis sp. and did not change over time in controls or upon copper
exposure. Therefore surface area and volume estimates were pooled in each individual
test to give mean surface areas for D. tertiolecta of 220 ± 50 and 200 ± 40 µm2, and
volumes of 310 ± 130 and 270 ± 70 µm3, for the 50 and 500 µg Cu/L treatments,
respectively. For Tetraselmis sp., surface areas were 240 ± 60 and 240 ± 50 µm2
respectively, and volumes were 330 ± 140 and 350 ± 120 µm3, respectively for the 10
and 50 µg Cu/L treatments. Exposure of P. tricornutum to 10 µg Cu/L caused cells to
increase in size. At higher exposure concentrations there was no further increase in

Table 4.1. Sensitivity of Phaeodactylum tricornutum, Tetraselmis sp. and Dunaliella
tertiolecta to copper (72-h)
Alga

P. tricornutum
Tetraselmis sp.
D. tertiolecta
a

72-h Growth Rate Inhibition
(µg/L)
IC50
LOEC NOEC
(95% CL)
8.0 (4.7- 8.3)
1.5
<1.5
47 (46-49)
22
7
530 (450-600)
42
8

Cell Dimensionsa
Length
(µm)
24-30
8-11
7-10

Width
(µm)
2.5-3.5
5-9
6-8

SA
(µm2)
60-130
240 ± 60
220 ± 50

Vol
(µm3)
50-70
330 ± 140
310 ± 110

Cell size was determined from analysis of at least 30 random cells using a phase-contrast microscope at
400  magnification and an eye-piece micrometer. Cell dimensions are cell length and cell width at the
widest section for the pennate diatom (P. tricornutum); and length and width (width = depth) for prolate
ellipsoid cells (D. tertiolecta and Tetraselmis sp.). Surface area and volume were determined using
equations for a prolate ellipsoid for Tetraselmis sp. and D. tertiolecta and the surface area and volume are
given as mean ± standard deviation. Surface area and volume were calculated for P. tricornutum by
visualising the cell as two cones.
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size. The surface area of P. tricornutum cells increased from 60-130 µm2 in controls to
a maximum of 500 µm2 in copper-treated cells and cell volume increased from
50-70 µm3 in controls to 430 µm3 in copper-treated cells. Extracellular copper
concentrations for all three algae were normalised on a surface area basis while
intracellular copper concentrations and uptake rates were normalised on a volume basis.
The specific size of cells at each time-point and copper exposure was used to normalise
P. tricornutum copper concentrations.

4.3.3 Dissolved copper concentrations in solution
Low initial cell densities (103 cells/mL) were used to avoid copper depletion in solution
over the course of 72 h (and retain relevant densities appropriate to the marine
environment), however dissolved copper concentrations in solution were also monitored
over the exposure period. In tests exposing P. tricornutum to nominal concentrations of
10, 30 and 50 µg Cu/L, the 72-h dissolved copper concentrations were 99-101%, 9096% and 85-92% of concentrations measured at 1 h, respectively. For D. tertiolecta
tests, measured final copper concentrations were 85% and 87% of the 1-h
concentrations in the 50 µg/L and 500 µg Cu/L treatments. However, for tests with
Tetraselmis sp. the concentration of dissolved copper decreased over 72 h, with final
concentrations only 51-60% of the 1-h concentration for all treatments. In Chapter 3 it
was shown that Tetraselmis sp. has a much higher Kd value (solution-cell metal
partition coefficient) for copper than other marine microalgae, suggesting that it adsorbs
relatively more copper to cell surfaces when compared with other species.

4.3.4 Extracellular copper
In general extracellular copper (operationally defined as the copper removed by
washing with EDTA) increased over the first 5-10 h for each alga (Figure 4.3), reaching
a constant value, followed by a small decrease with longer exposures of 48-72 h (Figure
4.3a, 50 µg Cu/L). Increasing dissolved copper concentrations led to increased
extracellular copper e.g. D. teriolecta (Figure 4.3b). However, for both P. tricornutum
and Tetraselmis sp., while an initial increase in copper concentration resulted in
increased extracellular copper, as the concentration of dissolved copper increased above
the alga’s IC50 value, extracellular copper reached a plateau. For example, for P.
tricornutum at 72 h, extracellular copper was 4 ± 2, 12 ± 5 and 10.2 ± 0.4  10-14 g
Cu/cell for 10, 30 and 50 µg Cu/L exposures, respectively.
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Figure 4.3. Concentration of extracellular (EDTA extractable) copper per cell over a 72-h
exposure (a) to 50 µg Cu/L for the three algae, P. tricornutum (), Tetraselmis sp. () and D.
tertiolecta () and (b) to 50 () and 500 µg Cu/L () for D. tertiolecta. Three replicates taken
at each time-point for each exposure concentration, with error bars an indication of standard
error.
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4.3.5 Algal exudates
The decrease in extracellular copper with increasing exposure time in Tetraselmis sp.
may have been due to a re-establishment of pseudo-equilibrium between cell surfaces
and bulk solution following the observed decline in dissolved copper in solution.
However, it could also be due to the production of extracellular ligands (or cell-surface
ligands) by algal cells. This could change the speciation of copper in solution, altering
the pseudo-equilibrium between cell surface sites and bulk solution. To help interpret
the decrease in extracellular copper for Tetraselmis sp., the production of algal exudates
was investigated by measuring ASV-labile copper in solutions of all three algae
exposed to 50 µg Cu/L for 72 h. Control and 50 µg Cu/L solutions were filtered (0.45
µm) after 72 h to remove algal cells. ASV-labile copper measurements in two controls
(seawater + 50 µg Cu/L and algal controls spiked with 50 µg Cu/L post-filtration)
showed that ligands, if present, were not adhering to the electrode or artificially
lowering the ASV-labile copper signal. After a 72-h exposure to 50 µg Cu/L, the ASVlabile copper concentrations were 92 ± 9%, 94 ± 9% and 114 ± 3% of the dissolved
copper concentrations for P. tricornutum, Tetraselmis sp. and D. tertiolecta,
respectively. This suggests that the decrease in extracellular copper concentrations was
not due to a decrease in labile copper in solution and that major production of exudates
in response to 50 µg Cu/L was unlikely.
Exudate production by D. tertiolecta exposed to 500 µg Cu/L was also determined by
measuring carbohydrate and protein in the loose EPS and capsular EPS fractions.
Seawater blanks for capsular EPS had carbohydrate and protein concentrations that
were below detection limits (< 4  10-12 g glucose equivalents/mL and < 4  10-12 g
albumin equivalents/mL). Carbohydrate and protein were not detected in the loose EPS
fraction of copper-treated cells. In the capsular EPS fraction, carbohydrate
concentrations were high in copper-exposed cells (20 ± 3  10-12 g glucose
equivalents/cell) compared to controls (3.8 ± 0.4  10-12 g glucose equivalents/cell).
Protein concentrations were also higher (25 ± 2  10-12 g albumin equivalents/cell)
compared to controls (9 ± 2  10-12 g albumin equivalents/cell). This suggests that
exposure to high copper concentrations induced exudate production at the cell surface in
D. tertiolecta. Not a lot is known about the exact concentration or type of
carbohydrates in aquatic systems due to various problematic analytical issues, including
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incomplete hydrolysis of polysaccharides and differing analytical responses of
monosacchardies to colorimetric reagents (Wilkinson et al., 1997; Wilkinson and
Cuenod, 2000; Chanudet and Filella, 2006). These problems with acid-hydrolysis apply
to the method used here for the determination of carbohydrates (phenol-sulphuric acid
method), and thus the results should be treated with care.

4.3.6 Intracellular copper concentrations
Despite pooling of cells, concentrations of intracellular copper in control cells not
exposed to copper were close to the GF-AAS detection limit (0.3 µg Cu/L). Average
background concentrations of copper inside control cells were 7 ± 5, 16 ± 8 and 59 ± 45
 10-16 g Cu/cell for P. tricornutum, Tetraselmis sp. and D. tertiolecta respectively on a
per cell basis, and 0.7 ± 0.5, 0.5 ± 0.2 and 1.8 ± 1.3  10-17 g Cu/µm3, respectively
when corrected for cell volumes.
Upon exposure to copper, intracellular copper in each species increased linearly over
the 72-h exposure period (Figure 4.4, Table 4.2). For some species at low copper
concentrations, e.g. D. tertiolecta at 50 µg Cu/L, there was a lag period of up to 20 h
before intracellular copper increased. Another exception was Tetraselmis sp. at 10 µg
Cu/L where intracellular copper concentrations increased until 30 h, but then remained
relatively constant for the rest of the 72-h period.
At the nominal concentration of 10 µg Cu/L Tetraselmis sp. had similar average (±
standard error) 72-h intracellular copper concentrations to P. tricornutum (0.22 ± 0.02 
10-13 g/cell and 0.23 ± 0.06  10-13 g/cell, respectively) (Table 4.2). At the common
nominal concentration of 50 µg Cu/L Tetraselmis sp. had much higher 20-, 48- and 72-h
intracellular copper concentrations than either P. tricornutum or D. tertiolecta, both on a
per cell basis and when normalised to cell volume (72-h; 1.97 ± 0.01  10-13 g/cell, 0.62
± 0.02  10-13 g/cell and 0.33 ± 0.01  10-13 g/cell, respectively) (Table 4.2).
At copper concentrations similar to their respective IC50 values, the average (± SE) 72h intracellular copper concentrations were 0.23 ± 0.06, 1.97 ± 0.01 and 0.59 ± 0.03 
10-13 g Cu/cell for P. tricornutum (10 µg/L exposure), Tetraselmis sp. (50 µg Cu/L
exposure) and D. tertiolecta (500 µg Cu/L), respectively (Table 4.2). This relationship
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Figure 4.4. Concentration of intracellular copper per cell for each algal species following exposure to
copper from 0 to 72 h. Control cells at 0-h () (n = 12-15). (a) P. tricornutum exposed to 10 (---), 30
(- -) or 50 µg Cu/L (). (b) Tetraselmis sp. exposed to 10 (---), 50 () or 100 µg Cu/L
(●  ●) (no time points prior to 24-h for 100 µg/L tests). (c) D. tertiolecta exposed to 50 () or 500
µg Cu/L (─ ─). Each point represents the mean and standard error at any one time-point (with n = 36).
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Table 4.2. Extracellular and intracellular copper in three algae after 72-h exposure to various dissolved copper concentrations a.
Alga

[Cu]
(µg/L)

P. tricornutum

10
30
50

Intracellular
10-13 g/cell
0.23 ± 0.06
0.48 ± 0.05
0.62 ± 0.02

Tetraselmis sp.

10
50
100

0.22 ± 0.02
1.97 ± 0.01
1.17 ± 0.20

Per cell (72 h)
Extracellular
10-13 g/cell
0.4 ± 0.1
0.9 ± 0.1
1.0 ± 0.03
n.d.b
1.1 ± 0.1
1.6 ± 0.3

Intra:Extra
0.5
0.5
0.6
-c
2
0.7

50
0.33 ± 0.01
1.1 ± 0.3
0.3
500
0.59 ± 0.03
5.7 ± 0.9
0.1
a
Results are given as mean ± standard error of three to nine replicates.
b
n.d. = not detected
c
Ratio could not be calculated at 72-h because extracellular copper was too low.

D. tertiolecta

Normalised to Surface Area and Volume of Cells
Intracellular
Extracellular
10-17 g Cu/µm3
10-17 g Cu/µm2
10 ± 2
9±1
11 ± 1
21 ± 2
14 ± 1
23 ± 1
6.7 ± 0.7
57 ± 0.1
19 ± 4

n.d.
45 ± 3
39 ± 12

14 ± 1
27 ± 1

60 ± 15
320 ± 40
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was similar on a per volume basis, with values of 10 ± 2, 57 ± 0.1 and 27 ± 1  10-17 g
Cu/µm3 for P. tricornutum, Tetraselmis sp. and D. tertiolecta, respectively.

4.3.7 Copper uptake rates
Copper uptake rates for the algae were calculated using intracellular copper
concentrations from 0.5 to 72 h (Figure 4.4). When expressed on a per cell basis all
regressions were significant with p < 0.05 (Figure 4). For P. tricornutum the uptake
rates were 0.3, 0.7 and 0.8  10-15 g Cu/cell/h for exposures of 10, 30 and 50 µg Cu/L.
The uptake rates at 30 and 50 µg Cu/L were significantly higher than the uptake rate at
10 µg Cu/L (p < 0.05) (Figure 4.4). The uptake rate at 10 µg Cu/L for Tetraselmis sp.
was 0.3  10-15 g Cu/cell/h, similar to that for P. tricornutum, however copper uptake
rates at 50 µg Cu/L were much higher in Tetraselmis sp. (2.6  10-15 g Cu/cell/h). The
uptake rate for Tetraselmis sp. decreased at the highest copper exposure (100 µg Cu/L;
1.4  10-15 g Cu/cell/h). For D. tertiolecta, when the exposure concentration was
increased from 50 µg Cu/L to 500 µg Cu/L the uptake rate increased marginally (but
significantly, p < 0.05) from 0.4 to 0.5  10-15 g Cu/cell/h (Figure 4.4). Similar results
were obtained when uptake rates were calculated on a volume basis. Poor regression
coefficients were obtained when the linear uptake rates for P. tricornutum were
expressed on a volume basis (Table 4.3). When the slopes were tested for significance
(i.e. that there was a change in concentration over time and the slope  0) it was found
that the uptake rates were not significantly different to zero for both the 10 and 50 µg
Cu/L treatments. This is likely to be related to the increase in cell volume upon copper
exposure that occurs in P. tricornutum cells, but not Tetraselmis sp. or D. tertiolecta. In
some cases it may be perhaps misleading to plot uptake on linear basis. For example,
when D. tertiolecta is exposed to 500 µg Cu/L (Figure 4.4c) the data may best be
interpreted as having fast uptake initially (2 h), after which time the rate of
accumulation slows down remarkably (but does not reach a steady-state).
When the uptake rates at each alga’s respective IC50 value were compared (on a per
cell basis), they were all significantly different. Tetraselmis sp. (IC50 50 µg Cu/L) had
the highest uptake rate of 2.6  10-15 g Cu/cell/h, when compared to P. tricornutum (0.3
 10-15 g Cu/cell/h; IC50 10 µg Cu/L) and D. tertiolecta (0.5  10-15 g Cu/cell/h; IC50
500 µg Cu/L) (Figure 4.4). Similarly, when uptake rates were compared on a volume
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Table 4.3. The uptake rate of copper into algal cells over the period of a chronic
toxicity test (72 h) expressed on a volume basis (to account for different cell sizes).

a

Alga and
Copper Treatment
P. tricornutum
10 µg Cu/L
30 µg Cu/L
50 µg Cu/L
Tetraselmis sp.
10 µg Cu/L
50 µg Cu/L
100 µg Cu/L
D. tertiolecta
50 µg Cu/L
500 µg Cu/L

Uptake Rate
(10 g Cu/µm3/h)a

Equation of Line
y = mx + b

R2

0.47
0.80
0.65

y= 0.047x + 5.4
y= 0.080x + 5.4
y= 0.065x + 8.8

0.09
0.17
0.17

0.99
7.4
1.8

y= 0.099x + 2.0
y= 0.74x – 2.3
y= 0.18x + 7.4

0.61
0.93
0.86

<0.005 a
<0.005 b
0.058

1.9
2.8

y= 0.19x + 0.88
y= 0.28x + 5.55

0.94
0.95

<0.005 a
<0.005 b

-18

P
value b
0.058
0.009
0.067

Uptake rates were calculated by plotting the mean (± SE) value for replicates at each time-point and
finding the slope of the straight line, with R2 values indicative of goodness of fit. Note that Pearson’s R2
values were not high for P. tricornutum on a volume basis. Significance of regression was tested in SPSS
Version 14.0 for windows using all replicates plotted individually, with bold face type of p values
indicative of a significant regression (for a line y=+x where  = true population slope, is  0 at
greater than 95% confidence, i.e. we are confident there is an actual slope to the line).
b
The lowercase letters (a,b) are used to denote slopes (uptake rates) for each individual alga that are
significantly different using t-tests (as described in Zar, 1974). Where slopes were not significantly
different to zero they have been excluded from the analysis.

basis; Tetraselmis sp. had a higher uptake rate (7.4  10-18 g Cu/µm3/h) than D.
tertiolecta (2.8  10-18 g Cu/µm3/h) but that of P. tricornutum, at 10 µg Cu/L could not
be compared (because the regression was not significant) (Table 4.3).
The uptake rates of the three algae, at the common copper exposure concentration of 50
µg/L, were significantly different (on a per cell basis), with D. tertiolecta having the
lowest rate of uptake (0.4  10-15 g Cu/cell/h), compared to P. tricornutum (0.8  10-15 g
Cu/cell/h) and Tetraselmis sp. (2.6  10-15 g Cu/cell/h) (Figure 3). On a volume basis,
Tetraselmis sp. had a higher rate of uptake (7.4  10-18 g Cu/µm3/h) than D. tertiolecta
(1.9  10-18 g Cu/µm3/h) but that of P. tricornutum could not be compared (because the
regression was not significant) (Table 4.3).

4.3.8 Changes in cell ultrastructure
The cell ultrastructure of the three algal species was examined in control cells and cells
exposed to copper concentrations similar to the IC50 value for each species, i.e. 15 µg
Cu/L (P. tricornutum), 50 µg Cu/L (Tetraselmis sp.) and 500 µg Cu/L (D. tertiolecta).
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TEM images of control and copper-treated algal cells of each species are shown in
Figure 4.5.
The most obvious change upon copper exposure was the cell swelling and clumping
observed for P. tricornutum. Changes in cell shape, from the typical elongate fusiform
shape of control cells (Figure 4.5a) to the shorter, swollen shape (shown for the coppertreated cells in Figure 4.5d) were observed. This accounts for the large increase in cell
volume previously noted. Tetraselmis sp. and D. tertiolecta cells did not increase in
size or change shape upon copper exposure (Figures 4.5 b, c, e and f). The main
changes in ultrastructure were an increase in the number and size of vacuoles in the cell.
Under higher magnification neither visible deterioration nor damage to the outer
plasma-membrane of treated cells, nor damage to thykaloid membranes of the
chloroplasts, was observed.
4.4 Discussion
The previous chapter showed that inter-species differences in copper sensitivity of algae
were not due to biotic factors such as cell wall type, cell size, nor were they due to
taxonomic class or equilibrium partitioning of copper to the cell surface. The current
chapter has shown that the sensitivity of algal species to copper was not related to
extracellular copper binding, or exclusively to intracellular copper concentrations and
uptake rates.

4.4.1 Extracellular copper and exudate production
Despite the use of low initial cell densities, copper in solution decreased by 40-50%
over 72 h for Tetraselmis sp. However, the decrease in dissolved copper was < 11% for
P. tricornutum and D. tertiolecta. This was not surprising as in the previous chapter it
was found that Tetraselmis sp. had a higher 1-h copper-cell partition coefficient (Kd of
32 ± 1  10-10 L/cell) compared to P. tricornutum (11 ± 1  10-10 L/cell ) and D.
tertiolecta (7.6 ± 0.6  10-10 L/cell). A similar relationship was found when Kd values
were normalised to surface area (µm2). Copper bound externally to Tetraselmis sp. also
decreased over 20-72 h. As dissolved copper decreased in the treatment where
Tetraselmis sp. was exposed to 10 µg Cu/L, this decrease in extracellular copper could
be indicative of a shift in solution-cell equilibrium, i.e., a re-establishment of pseudoequilibrium between the bulk solution and the cell interface.
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Figure 4.5. Transmission electron microscope (TEM) images under low magnification. (a), (b) and (c)
are control cells for P. tricornutum, Tetraselmis sp., and D. tertiolecta, respectively. (d), (e) and (f) are
cells exposed to their IC50 Cu concentration after 72-h and are P. tricornutum (15 µg Cu/L), Tetraselmis
sp. (50 µg Cu/L), and D. tertiolecta (500 µg Cu/L), respectively. The scale bars indicates 2 µm. Cell
swelling and clumping observed for P. tricornutum copper-exposed cells. Increased numbers and size of
vacuoles in Tetraselmis sp. and D. tertiolecta copper-exposed cells.
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Measurements of ASV-labile copper showed that for Tetraselmis sp. exposed to 50 µg
Cu/L, dissolved and labile copper did not differ at 72 h. Thus the decrease in
extracellular copper was unlikely to be due to copper complexation by cell exudates.
Interestingly, the uptake for this species at 50 and 100 µg Cu/L remained linear over
72 h despite the decrease in extracellular copper. This may be because specific binding
sites for copper on the cell membrane remained saturated, with the decrease in
extracellular copper due only to reduced binding at non-active cell membrane or cell
wall sites. Direct measurement of copper speciation, e.g. using a Cu-selective electrode,
would help determine speciation in solution, and would show if decreases in
extracellular copper were due to decreases in free copper in solution, but logistically this
was not possible in the current study.
Microorganisms are capable of altering their local environment, and one biotic process
that can modify metal speciation is the production of biogenic exudates that adsorb or
complex copper, effectively reducing the amount of free metal available, thus excluding
metal from the cell (Brown et al., 1988; Megharaj et al., 2003; Worms et al., 2006).
Xue and Sigg (1990) found that binding of Cu(II) to exudates from the freshwater green
alga Chlamydomonas reinhardtii was more significant in altering copper speciation than
binding to algal cell surfaces. Similarly, the freshwater gram-positive bacterium,
Rhodococcus opacus, was found to produce small (< 3 kDa) complexing ligands which
resulted in a decrease in free Zn2+ in solution (Mirimanoff and Wilkinson, 2000).
Research on marine algal species has found that some species are capable of producing
ligands with large binding constants for copper with log K values of 12-14 (Sunda and
Huntsman, 1998; Moffett and Brand, 1996; Croot et al., 2000). A second class of
ligands that are generally weaker may also be produced, with log K values of 8-10
(Croot et al., 2000; Town and Filella, 2000). Gerringa et al. (1995) found that exudates
from the diatom Ditylum brightwellii adsorbed copper up to 7 µg Cu/L, with toxicity
only manifesting after this dissolved copper concentration was exceeded.
In the current work ASV-labile copper was 92 ± 9%, 94 ± 9% and 114 ± 3% of
dissolved copper concentrations for P. tricornutum, Tetraselmis sp. and D. tertiolecta
exposed to 50 µg Cu/L for 72 h, respectively. This suggests that cell exudates were not
responsible for the observed decrease in extracellular copper. However, measurement
of cell-associated carbohydrate and proteins for D. tertiolecta at higher copper
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concentrations (500 µg/L), showed an increase in these moieties upon copper treatment.
Stress-induced cell surface proteins have been noted for the diatom Thalassiosira
pseudonana upon copper exposure and under conditions of iron and silicon limitation
(Davis et al., 2005). It is possible that exudates would have been detected by ASV if
higher copper exposure concentrations were used. Previous work with both P.
tricornutum and D. tertiolecta has found variable results. Croot et al. (2000) did not
find ligand production by either species, however González-Davilá et al. (1995) found
weakly complexing ligands produced by D. tertiolecta (log K’ 9.3). Exudate production
by P. tricornutum was found to increase with cell growth rate and during daylight hours
of the diurnal cycle (Zhou and Wangersky, 1985, 1989) but decrease under conditions
of nitrogen limitation (Zhou and Wagersky, 1989). In contrast, Obernosterer and
Herndl (1995) found that Chaetoceros affinis had 30% and 100% higher exudate release
when grown under nitrogen and/or phosphorus limitation, which supports the general
belief that nutrient limited algae produce excess carbon through photosynthesis that is
unable to be utilised in growth, and is released into solution as dissolved organic matter.
The test protocol used in the current study relies on minimal nutrient addition, and this
could potentially explain the lack of exudates in solution for all three algal species.

4.4.2 Intracellular copper and copper uptake rates
Species-sensitivity could not be easily predicted on the basis of intracellular copper
loadings or uptake rates. The moderately copper-tolerant Tetraselmis sp. (72-h IC50 of
47 µg Cu/L), had much higher internal copper concentrations than either P. tricornutum
(the most sensitive species with a 72-h IC50 of 8.0 µg Cu/L) and D. tertiolecta (the
most tolerant with a 72-h IC50 of 530 µg Cu/L), at comparable exposures of 50 µg
Cu/L and at IC50 values. Uptake rates were also higher for Tetraselmis sp, whereas the
most sensitive species, P. tricornutum had the lowest uptake rate. D. tertiolecta was
very tolerant to copper and had low intracellular copper concentrations, presumably due
to its ability to effectively exclude copper from the cell. Similar trends were observed
when data were corrected for cell size.
In P. tricornutum, Tetraselmis sp., and D. tertiolecta the concentrations of copper inside
the cell at the 72-h IC50 concentrations of 10, 50 and 500 µg Cu/L, respectively, were
23 ± 19, 197 ± 1 and 59 ± 5  10-15 g Cu/cell. These values are of a similar magnitude
to those found in other studies (see Table 4.4). The very tolerant Scenedesmus
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Table 4.4. Comparison of intracellular copper concentrations at or near the IC50 for a number of marine and freshwater algae.
Alga
Marine
Phaeodactylum
tricornutum
Tetraselmis sp.
Dunaliella
tertiolecta
Nitzschia sp.
Freshwater
Chlorella sp.

Pseudokirchneriella
subcapitata

Scenedesmus
subspicatus
Chlamydomonas
reinhardtii
a

Exposure
concentration
(µg Cu/L)

IC50 concentration

Exposure time

(µg Cu/L)

(h)

( 10-15 g Cu/cell)

( 10-17 g Cu/µm3)

10

8

72

23 ± 19

9.9 ± 6.9

This study

50
500

47
530

72
72

197 ± 1
59 ± 5

57 ± 0.2
27 ± 2

This study
This study

40

40

72

80 ± 36

10 ± 4

1.1-30
8.5
8.3
4.4

1.1-30a
7.3
7
4.4b
1.5-35 (pH 6.5-5.7)a

48
72
72
72
72

29
37 ± 10
6
14 (9-23)

18-46

18-46a

72

42-71a

37
6.2b
340c

72
72
72

13.7

6.2

380-950

Bossuyt and Janssen (2004)
Franklin et al. (2002b)
Ma et al. (2003)

2.4

24

13- 14 d

Stoiber et al. (2007)

1.3-5.1

Intracellular copper concentration at endpoint

Varies with pH; toxicity increases with increasing pH.
IC50 depends on cell density, but internal concentration of copper to cause 50% effect varied little with cell density.
c
IC50 when no EDTA or fulvic acid present.
d
Total cellular copper not specifically intracellular copper.
b

66 ± 17
~80-100
30b

60b

Reference

Johnson et al. (2007)
De Schamphelaere et al. (2005)
Johnson et al. (2007)
Franklin et al. (2002a)
Franklin et al. (2002b)
Franklin et al. (2000)
Franklin et al. (2000)
De Schamphelaere et al. (2005)
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subspicatus (IC50 340 µg Cu/L) accumulated the most amount of copper inside the cell
(380-950  10-15 g Cu/cell; Ma et al., 2003), followed by Tetraselmis sp. in the current
study (IC50 50 µg Cu/L; 197  10-15 g Cu/cell), while the most tolerant species, D.
tertiolecta, accumulated 59  10-15 g Cu/cell at its IC50 of 500 µg Cu/L. However,
Tetraselmis sp. (current study), Chlorella sp. (Johnson et al., 2007; Franklin et al.,
2002a, b) and Pseudokirchneriella subcapitata (Franklin et al., 2002a) had similar
intracellular copper concentrations on a volume basis despite different sensitivities to
copper. Bossuyt and Janssen (2004) found that inhibition of biomass for P. subcapitata
did not occur at concentrations up to 2.9  10-15 g Cu/cell within the cell. Intracellular
copper increased from 0.099 to 21  10-15 g Cu/cell for algae acclimated to 0.5 and 100
µg Cu/L, respectively, for 12 weeks, however a poor positive correlation (R2 = 0.1, N =
42, P > 0.05) between internal copper concentrations of acclimated algae and their
chronic copper sensitivity was observed.
It is interesting that in some cases uptake is initially fast and slows after a few hours (D.
tertiolecta exposed to 500 µg Cu/L), while for Tetraselmis sp. (exposed to 50 µg Cu/L)
internalisation appears to plateau after 30 h. Internalisation of copper by Tetraselmis sp.
exposed to 10 or 100 µg Cu/L did not appear to plateau at all. This is in contrast to the
assumption that steady-state may be achieved between cells and solution. However, the
high concentrations within Tetraselmis sp. could be explained if Tetraselmis sp. does
not have an excretion mechanism for copper but instead accumulates copper within the
cell in a detoxified form. Further work to determine the excretion rates of the three
species studied here and the chemical speciation of copper inside the cell (potentially
with synchrotron studies) would be necessary to understand these differing
internalisation patterns. While this study attempted to use low initial cell densities (to
minimise depletion of copper in solution and to maintain environmental relevance) it
may be useful to try and upscale the culturing processes to allow for a greater volume of
solution, and thus great number of cells to be harvested. This would ensure that even at
short exposures any change in copper concentration within the cell could be detected.
Extra testing would also be required to ensure that gas exchange and light availability in
the larger test containers were optimised. Alternatively radioisotopes of copper could be
used to overcome detection limit issues, but were not feasible in this study.

102

This research suggests that species with different sensitivities to copper do vary in the
amount of intracellular copper required to give a particular effect, e.g. 50% growth rate
inhibition. Literature on various organisms, including algae and invertebrates (Luoma
and Rainbow, 2005; Amiard-Triquet et al., 2006; Campbell et al., 2006) suggests that
information on the form and localisation of copper inside the cell is more useful for
predicting toxicity than total intracellular copper concentrations. Fractionation using
ultra-centrifugation can determine the partitioning of metals within the cell (Campbell et
al., 2005). Metals can be stored in biologically detoxified forms by binding to
phytochelatins or precipitating in granules. Alternatively, metals may be located in
fractions that are more likely to cause toxicity, e.g. bound to heat-sensitive proteins or to
organelles (Campbell et al., 2006). The drawback of this method is that it is
operationally defined, and must be adapted for each species used, not dissimilar to the
EDTA washing procedure used in the current work.

4.4.3 Changes in cell ultrastructure due to copper exposure
Some changes in cell ultrastructure were observed upon exposure to copper
concentrations equivalent to algal 72-h IC50 values. P. tricornutum cells were larger in
size and clumped together, while Tetraselmis sp. and D. tertiolecta cells did not change
in size, but had larger-sized and an increased number of vacuoles. It is not clear if these
vacuoles contained starch granules or were accumulating copper. Further ultrastructural
changes may have been observed at higher copper exposure concentrations. The
clumping of P. tricornutum cells could be due to copper oxidation of intracellular thiols,
leading to a lowering of the ratio of reduced to oxidised glutathione (GSH:GSSG ratio),
which has been hypothesised to inhibit mitotic spindle formation and consequently
inhibit cell division in the marine diatom Nitzschia closterium (Stauber and Florence,
1990). Thus algae continue to photosynthesise and fix carbon but cell division is
impaired, leading to swollen and enlarged cells that clump together. Recent research by
Stoiber et al. (2007) supports this hypothesis. They have shown a decrease in the ratio
of GSH:GSSG, in GSH levels and growth rate inhibition in the freshwater green alga
Chlamydomonas reinhardtii after a 24-h copper exposure, with EC50s of 3.1, 3.2 and
2.4 µg Cu/L, respectively. They also found growth rate inhibition to be highly
correlated with the ratio of GSH:GSSG, suggesting that this may be a general
mechanism of toxicity in microalgae under copper stress.
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Previous work on the copper tolerant Tetraselmis suecica (96-h IC50 for growth
inhibition of 170 µg Cu/L), found ultrastructural changes that included increased
vacuolisation of the cytoplasm, the appearance of cells within multilayered cell walls,
and the excretion of organic matter (Nassiri et al., 1996). X-ray microanalysis of the
exudates showed a high concentration of copper in the organic matter and in the
vesicles. Copper was found to be associated with sulfur and phosphorus within the
vesicles. At concentrations greater than 500 µg/L, T. suecica cells lost their flagella,
became spherical and intra-cytoplasmic granules appeared. The increase in organic
matter in the medium led to greater aggregation of cells. Previous ultrastructural
research on D. tertiolecta exposed to 500 µg Pb/L resulted in loosely packed, disrupted
thykaloid membranes, thickening of the cell membrane (possibly due to Pbprecipitates), an increase in vacuolisation and polyphosphate bodies, and an overaccumulation of starch (Saçan et al., 2007). Simultaneous exposure to lead and
aluminium (500 µg/L each) resulted in deterioration of the cell membrane (Saçan et al.,
2007). Electron dense deposits observed in the vacuoles in the Saçan et al., (2007)
study were not visible in the current study. Effects on cells are metal-specific, but it
appears that vacuoles may store the breakdown products, or act as a store for metals
(Worms et al., 2006). Since greater vacuolisation occurred for Tetraselmis sp. and D.
tertiolecta in the current study, compartmentalisation of copper may be a copper
detoxification pathway in these cells. The concentrations of copper or other metals to
which the alga are exposed in some of the above research papers, and D. tertiolecta in
the current work (500 µg Cu/L), are extremely high and are unlikely to occur in the
natural environment. There is a paucity of information on the effects of trace metals on
cell ultrastucture at lower, environmentally relevant concentrations of trace metals.

4.4.4 Other detoxification mechanisms
Binding of metals to cysteine-rich phytochelatins is also a potential copper
detoxification pathway but was not explored in this work. In a natural freshwater
environment, phytochelatin concentrations increased in periphyton when copper and
zinc increased in the biomass as a result of sediment resuspension (Le Faucheur et al.,
2005). Induction of phytochelatins occurred in the green alga Scenedesmus vacuolatus
at free copper concentrations of 8  10-11 M (Le Faucheur et al., 2006). Copperphytochelatin complexes have been found in P. tricornutum after 1-h exposures, with
increases in the Cu-phytochelatin complex with time (Morelli and Scarano, 2004).
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Despite this ability to bind copper to phytochelatin, this alga is still very sensitive to
copper. Glutathione reductase activity was also found to increase in copper-exposed P.
tricornutum cells, suggesting that the cells were trying to restore the concentration of
reduced glutathione in the cell which is the precursor for phytochelatin (Morelli and
Scarano, 2004). As metal increases in the cell, binding to phytochelatin may be
overwhelmed, thus leading to toxicity. D. tertiolecta exposed to zinc and cadmium
resulted in induction of phytochelatin synthesis at metal concentrations below those
impacting on growth (Hirata et al., 2001). Other marine microalgae have also been
shown to produce phytochelatins upon metal exposure, including Emiliania huxleyi and
Thalassiosira weissflogii (Kawakami et al., 2006).
As discussed previously, excretion of copper or copper complexes is another potential
detoxification mechanism which is worthy of further exploration.
4.5 Conclusion
Inter-species sensitivity to copper in marine microalgae, as measured by growth rate
inhibition, did not relate solely to internal cellular copper concentrations nor to copper
uptake rates. It is likely that species sensitivity also depends on cell detoxification
mechanisms. The most sensitive algal species (P. tricornutum, 72-h IC50 8 µg Cu/L)
had the lowest copper uptake rate when exposed to concentrations equivalent to its IC50
value. Cells were shown to swell and clump upon copper exposure. Intracellular
copper concentrations in P. tricornutum were lower than in Tetraselmis sp. and yet P.
tricornutum was five times more sensitive to copper, suggesting that potential
detoxification mechanisms in P. tricornutum are overwhelmed and effects are observed
at relatively low doses. The moderately-tolerant Tetraselmis sp. (72-h IC50 of 47 µg
Cu/L) had the highest copper uptake rate of all three species and had the highest ratio of
intracellular to extracellular copper. This alga may be able to detoxify copper within
the cell, thus showing only moderate sensitivity despite the higher internal copper
concentrations. The most tolerant species of algae, D. tertiolecta (72-h IC50, 530 µg
Cu/L), had the highest concentrations of copper in the extracellular fraction, one of the
lowest internal concentrations of copper at its IC50 and a very low ratio of intracellular
to extracellular copper at its IC50. Concentrations of both carbohydrate and protein
material associated with the surface of D. tertiolecta cells increased upon exposure to
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500 µg Cu/L suggesting that D. tertiolecta may gain its tolerance to copper through
effective exclusion of copper from the cell.
Understanding differences in species-sensitivity and, by extension, predicting toxicity of
copper to algal species, will require knowledge not only of water quality parameters,
copper-cell binding and internalisation rates, but also of intracellular processes and
detoxification mechanisms. This will require further research to resolve the exact
nature of the biotic ligand in algae and to determine the biological and chemical fate of
copper within these cells.
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CHAPTER 5. THE EFFECT OF BACTERIA ON THE SENSITIVITY OF MARINE
AND FRESHWATER MICROALGAE TO COPPER IN LABORATORY

BIOASSAYS 3
5.1 Introduction
Although single-species laboratory toxicity tests with microalgae are sensitive and
highly reproducible, they can lack environmental realism. Usually, single species tests
(monocultures) under controlled laboratory conditions are used in toxicity assessments
to reduce variability and to simplify the interpretation of results, as in Chapters 3 and 4.
Generally these tests are done with axenic cultures, i.e., unialgal cultures which are free
from bacteria or any other organisms. However, as algae rarely occur in isolation, but
rather as part of complex planktonic or biofilm communities, it is appropriate to try to
understand how the interactions between algae and their associated bacteria, either in
the plankton or in biofilms, may alter algal sensitivity to contaminants.
The environmental relevance of laboratory-based toxicity tests could be improved by
incorporating multi-species or multi-taxa tests. Several studies have used pollutioninduced community tolerance (PICT) responses of phytoplankton, periphyton, benthic
algae or biofilms to toxicants (Blanck and Dahl, 1996; Admiraal et al., 1999; Knauer et
al, 1999; Schmitt-Jansen and Altenburger, 2005), focusing on changes in community
structure in response to pollutants, which ultimately influences overall community
function (e.g. respiration, photosynthesis) and sensitivity to toxicants. More recent
research has attempted to develop multi-species algal tests in toxicity-based metals
assessment (Franklin et al., 2004, Yu et al., 2007), focusing on individual algal species’
responses when exposed in combination with one or two other algal species. These
have had limited success due to the difficulties associated with counting individual
species and assessing their responses in the presence/absence of toxicants. Little

3

The work in this chapter has been published as Levy, J.L., Stauber, J.L., Wakelin, S.A. and Jolley, D.F
(2009). The effect of bacteria on the sensitivity of microalgae to copper in laboratory bioassays,
Chemosphere, 74, 1266-1274. As first and corresponding author the vast majority of the work presented
in this chapter (and in the article) is the direct result of research from my PhD. The research was
designed as a part of my thesis, yet input has come from various other people. Steven Wakelin and
Adrienne Gregg (Centre for Environmental Contaminants Research, CSIRO, Urrbrae) did the PCRDGGE bacterial community analyses and DNA sequencing work following my experiments and initial
cell preparation, with Steven interpreting some of the results.
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attention has been given to how algal-bacterial interactions can influence metal uptake
and toxicity.
Bacteria may have either a positive or negative effect on algae in natural environments
(as discussed previously in Section 1.5) or in polluted environments, e.g. the tolerance
of the green macroalga Enteromorpha compressa to copper in a polluted coastal
environment in Chile may have actually been due to the epiphytic bacteria that
colonised its surface (Riquelme et al., 1997). Community-biofilm living may
ameliorate the toxicity of metals to microorganisms, e.g. through diffusion limitation of
toxicants, protective effects of high concentrations of extracellular polymeric
substances, protective effects of trapped nutrient stores, and effects due to a greater total
surface area (less toxicant per cell). The ability of biofilms to ameliorate toxicity to a
laboratory-cultured algal species is the subject of Chapter 6.
The aim of this chapter was to examine the influence of bacteria on the growth of a
number of algal species under controlled laboratory conditions, and on the toxicity of
copper to these algae. The four algal species selected for this study were Nitzschia
closterium (a marine diatom), Pseudokirchneriella subcapitata (a freshwater temperate
green alga), and two tropical species of Chlorella spp. (freshwater green alga), one
isolated from the Northern Territory in Australia (Chlorella sp. (NT isolate)) and the
other from Papua New Guinea (Chlorella sp. (PNG isolate)). Each of these four species
was maintained as both a unialgal strain without any microscopically visible and/or
culturable bacteria or fungi present (i.e. operationally defined as ‘axenic’ throughout
this study), and as a unialgal strain with bacteria present (non-axenic) (where the natural
algal clone has been isolated, but not all bacteria removed, i.e. the bacteria are
ostensibly from the same aquatic origin as the algae). The toxicity of copper to each
strain (axenic/non-axenic) of each of the four algal species was determined using 72-h
growth rate inhibition bioassays. It is hypothesised that the amelioration of copper
toxicity to algal species will occur in the presence of bacteria due to the supply of
additional binding sites for copper, reducing the concentration of copper available to
bind to, and enter, the algal cells. Bacterial production of exudates or other specific
biotic interactions could also contribute. For two algal species, N. closterium and the
Chlorella sp. (NT isolate), the bacterial status of both the axenic and non-axenic
cultures was also assessed using denaturing gradient gel electrophoresis (DGGE) as a
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bacterial community DNA fingerprinting technique. Sequencing information was used
to determine the identity of bacteria present.
5.2 Materials and Methods
5.2.1 General
All glassware and plasticware for toxicity tests and metals analysis was cleaned as per
Section 2.1. For DNA analysis, all plasticware was used unwashed and was sterile,
DNA- and RNA-free (CellStar polypropylene centrifuge tubes, Greiner Bio-One,
Frickenhausen, Germany or other sterile plastic-ware, LabServ, BioLab Australia,
Clayton, VIC, Australia).

5.2.2 Algal stock cultures
Details on the origin, and culturing of the marine species Nitzschia closterium
(Ehrenberg) W. Smith (Bacillariophyceae) and the three freshwater species
Pseudokirchneriella subcapitata (Korshikov) Hindak (formerly Selenastrum
capricornutum Printz), Chlorella sp. isolate 6 (1b) (PNG isolate) and Chlorella sp. (NT
isolate) used for this research are detailed in Section 2.2. All four of these cultures had
bacteria associated with them at the time of first use. These were our non-axenic
cultures. Axenic cultures were established according to the method below. The
bacteria present may be from the same aquatic environment from which the algal clone
was isolated, or potentially from contamination by air-borne bacteria or human
contamination. These are healthy algal cultures that have been maintained in the
laboratory over months to years. The bacteria present do not cause the algal cultures to
crash.
To establish axenic strains of the four cultures, cultures were streaked onto agar plates
containing normal medium plus 2% bacto-agar (Oxoid, Bacto Laboratories, Liverpool,
NSW, Australia). After 7-10 days incubation under the same light and temperature
conditions as liquid cultures, a single algal colony was isolated from each plate and
streaked onto a new medium agar plate. This process was repeated until no bacterial
colonies were visible on the plates (i.e. only algal colonies visible). A single algal
colony was then isolated from the agar plate into fresh liquid algal medium. After
culturing normally for at least 14 days, this new liquid culture was plated onto Peptone
Yeast Extract Agar using a spread plate technique. (Freshwater PYEA: 2%
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bacteriological agar, 0.1% peptone (Oxoid, Bacto Laboratories), 0.1% yeast extract
(Oxoid, Bacto Laboratories) in 100% Milli-Q water. Marine PYEA: 2% bacteriological
agar, 0.1% peptone, 0.1% yeast extract in 75% filtered natural seawater, 25% Milli-Q
water). Plates were incubated in the dark for 14 days at either 27°C or 21°C for tropical
and temperate species, respectively. If bacterial/fungal colonies formed on the PYEA
plates, the culture was re-streaked on algal media agar plates and the process was
repeated until no bacterial colonies were visible. The culture was then deemed axenic if
no bacteria were observed in the liquid cultures under a phase contrast microscope.
This was periodically checked during the testing period, and bacterial colonies were not
observed in any of the axenic algal cultures.

5.2.3 Growth rate inhibition bioassays
The chronic toxicity of copper to the four species of microalgae, both the operationally
defined axenic and non-axenic strains, was tested using 72-h growth rate inhibition
bioassays as per the method described in Section 2.4.

5.2.4 Copper analyses
The concentration of dissolved copper in samples was measured by inductively coupled
plasma-atomic emission spectroscopy (ICP-AES) as per Section 2.6.

5.2.5 Statistics to compare the toxicity of copper for different strains of algae
Control growth rates for single species of algae grown either axenically or with bacteria
present were compared using t tests. Differences were significant if p  0.05. The
sensitivity of individual algal species grown either axenically or with bacteria present
were compared using the method of Sprague and Fogels (1976) (see Section 2.4 for
more details).

5.2.6 DNA Extraction
Samples of N. closterium and Chlorella sp. (NT isolate) cultures were transferred to
50-mL sterile, RNA- and DNA-free polypropylene centrifuge tubes (CellStar
polypropylene centrifuge tubes, Greiner Bio-One, Frickenhausen, Germany) under
sterile conditions and sent to CSIRO Land and Water, Urrbrae for DNA analysis.
Samples were frozen in the dark at -80°C until analysis.
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The sample tubes were defrosted, ultrasonicated for 20 min, and shaken on a shaking
platform for a further 30 min. A 5 mL aliquot of sample was transferred to a sterile
15 mL centrifuge tube and the material pelleted by centrifugation (12000 g, 20 min,
25°C). Following initial unsuccessful attempts to extract the DNA using a microbial
DNA extraction kit (MoBio Laboratories Inc., Carlsbad, CA, USA), total DNA
extractions were done on both the operationally defined axenic and non-axenic cultures
using a PowerSoil™ DNA extraction kit (MoBio Laboratories) following the
manufacturers’ protocol. This method uses detergent (sodium dodecyl sulphate) and
mechanical disruption with bead beating (FP120; Q-biogene Inc, USA) to lyse the
microbial cells, followed by sequential precipitation steps to remove impurities such as
proteins, polysaccharides and aluminium and iron oxides and hydroxides. The
remaining DNA in solution is bound to a silicon membrane which was washed with
ethanol and the DNA eluted from the membrane into a buffer. The DNA was extracted
into 50 mL of Tris EDTA buffer solution and stored at -20°C prior to use in polymerase
chain reaction-denaturing gradient gel electrophoresis (PCR-DGGE).

5.2.7 Bacterial Community Structure
PCR-DGGE was used to determine the bacterial community structure of the axenic and
non-axenic N. closterium and Chlorella sp. (NT isolate) cultures as per Wakelin et al.
(2008). In brief, the amplification of the V3 region of 16s-rDNA used the universal
bacterial primers 27F (Lane, 1991) and 534R (Muyzer et al., 1993), with a GC-rich
clamp (42 base pair sequence) on primer 27F (Muyzer et al., 1993). The PCR used
Qiagen™ Hot Start reagents including DNA polymerase (Taq) and a buffer system
containing magnesium. The final solution of 25 µL contained 200 µM of each
deoxyribonucleotide triphosphate (dNTP) (i.e., deoxy-adenosine, -cyanine, -guanine and
-threonine triphosphates), 1 U Taq DNA polymerase, 0.8 µM of each primer and 5 µL
of DNA solution. The PCR cycles were completed on an Eppendorf mastercycler
gradient (40 cycles of 94°C for 1 min, 56°C for 1 min and 72°C for 1 min).
Prior to DGGE analysis, the success of the PCR process was checked by running 2 µL
of the PCR product on a 1.5% agarose gel, stained with ethidium bromide (0.5 µg/mL),
and visualised under UV light to check for single-banding. The electrophoretic
separation of rRNA PCR products was performed in the Ingeny PhorU system using a
30-60% urea-formamide denaturing gradient range in a 7% acrylamide:bis-acrylamide
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gel. Electrophoresis was conducted at 60°C and 110 V for 14 h. Gels were stained with
SYBR gold (Molecular Probes, Invitrogen, Mount Waverley, VIC, Australia),
visualised on a dark-reader (Clare Chemical Research, Dolores, CO, USA) and
photographed with an Olympus SLR digital camera. Images of the gel were captured
using an Epson expression 1680 transparency scanner and band position and intensity
recorded using TotalLab gel imaging software (Nonlinear Dynamics, Ltd., Newcastle
upon Tyne, UK), followed by a manual check and adjustment of the image. Each band
on the gel represents a distinct operational taxonomic unit, i.e. a phylotype of an
individual bacterial species, and the relative intensity of the band can be used as an
indicator of abundance. Using DGGE, bacterial species representing as low as 1% of
the total population can be detected (Muyzer et al., 1993).

5.2.8 Bacterial DNA Sequencing
DNA sequencing was used to characterise the phylogeny of bacterial species present in
the algal cultures. Using the extracted DNA, bacterial 16S rRNA genes were
specifically amplified as before, but using primers F968 and R1401 (Duineveld et al.,
1998). PCR chemistry and conditions were as described in Wakelin et al. (2007), and
agarose-gel electrophoresis as described before. PCR products were ligated overnight at
4°C into the pGEMT vector and heat-shock transformed into E. coli JM109 competent
cells (Promega). Following blue-white screening on X-gal/IPTG plates containing
ampicillin, bacterial colonies were picked onto a library plate and sent to the Australian
Genome Research Facility (Adelaide) for capillary sequencing from the M13 region.
Eight random colonies from each of the four samples were sequenced. Following
removal of flanking vector regions, the 16S rRNA sequences were compared against
those in the GenBank database using the Blastn search tool. Phylogenetic affiliations
were based on the consensus of data within the distance tree view of the Blastn search
results. Where possible, sequence information present from characterised type-strains
of bacteria was used to support the phylogenetic affiliations.
5.3 Results
5.3.1 Growth-inhibition bioassays
Initial pH values for N. closterium bioassays were between 8.10 and 8.30 (± 0.03 pH
units) for individual tests, with increases of up to 0.5 pH unit in control treatments (no
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copper) where growth rates were higher. The pH in P. subcapitata bioassays was 7.4 ±
0.1, with the pH of individual treatments increasing by ≤ 0.2 units over the course of
bioassays. The initial pH of Chlorella sp. (PNG isolate) bioassays was 8.05 ± 0.10 with
increases of ≤ 0.2 units over the course of 72 h. The pH for the Chlorella sp. (NT
isolate tests) was adjusted by hand to within 0.05 of pH 5.70 or pH 6.50 daily, but often
adjustment was not required where growth was minimal. However, pH values in
controls were up to 0.2 units higher at the end of the test due to growth in the final few
hours of the test.
Control growth rates for all species were acceptable: 1.2 to 1.9 doublings/day for the
three freshwater algae, and 2.1 to 2.5 doublings/day for the marine alga N. closterium.
Variability in the control growth rates was  7% for all species except P. subcapitata,
where variability in control growth rates was < 20%, but still within test acceptability
limits. Control growth rates in individual toxicity tests were significantly higher in nonaxenic cultures of N. closterium and P. subcapitata compared to the axenic cultures (ttests, p < 0.05). Control growth rates in the axenic Chlorella sp. (NT isolate) bioassays
were not significantly different from the non-axenic bioassays (Table 5.1).
As the concentration of copper in solution increased, the growth rate (as a percentage of
controls) decreased for all species (Figure 5.1). The no-observable effect concentration
(NOEC), the lowest observable effect concentration (LOEC) and 72-h IC50 values for
each algal species and for each of the two cultures types, axenic and non-axenic are
given in Table 5.1. These results were calculated based on the pooled data from two
definitive toxicity bioassays (N. closterium, Chlorella sp. (PNG isolate) and Chlorella
sp. (NT isolate) at pH 5.7) or three definitive toxicity bioassays (P. subcapitata,
Chlorella sp. (NT isolate) at pH 6.5).
For N. closterium, Chlorella sp. (PNG isolate) and P. subcapitata, there was no
significant difference in the sensitivity of the alga in the axenic culture when compared
to a non-axenic culture in individual tests or when data from multiple toxicity tests was
pooled. The 72-h IC50 values were 7 and 8 µg Cu/L for the axenic and non-axenic N.
closterium cultures, respectively, 3 µg Cu/L for Chlorella sp. (PNG) isolate (both
cultures) and 0.8 µg Cu/L for P. subcapitata (both cultures) (Table 5.1).
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Table 5.1. Comparison of 72-h IC50 values (µg Cu/L) for four algal species for both axenic and non-axenic cultures.
Alga

Culture type

Nitzschia closterium a

Axenic
Non-axenic
Axenic
Non-axenic
Axenic
Non-axenic
Axenic
Non-axenic
Axenic
Non-axenic

Chlorella sp. (PNG isolate) a
Pseudokirchneriella subcapitata b
Chlorella sp. (NT isolate) (pH 5.7) a
Chlorella sp. (NT isolate) (pH 6.5) b
a

Control Growth Rate
(doublings/day) c
2.12 ± 0.05
2.37 ± 0.05
1.52 ± 0.09
1.38 ± 0.05
1.28 ± 0.04
1.59 ± 0.14
1.75 ± 0.07
1.68 ± 0.10
1.62 ± 0.04
1.65 ± 0.08

NOEC
µg Cu/L
0.8
1
2.3
2.3
0.3

LOEC
µg Cu/L
1
1.5
2.8
3
0.6

d

d

4
26
<1
<1

5
55
1
1

72-h IC50
µg Cu/L
7 (6-8)
8 (4-10)
3.0 (2.9-3.0)
3.1 (3.0-3.2)
0.8 (0.8-0.9)
0.8 (0.5-1.1)
46 (36-57)
208 (114-289) *e
28 (27-28)
19 (0-43)

Results obtained by pooling the data from two definitive toxicity tests.
Results obtained by pooling the data from three definitive toxicity tests.
c
Control growth rate is the mean (± standard error) growth rate calculated from all control replicates from 2 or 3 toxicity tests. Tests for significant differences in control
growth rates were only done on individual results for any particular test week, and not on the pooled data presented here.
d
Calculated NOEC and LOEC values higher than the IC50, therefore not reported.
e
Asterisk indicates significant difference in IC50 values for the axenic and non-axenic cultures.
b
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Chlorella sp. (NT isolate) at pH 5.7
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Chlorella sp. (NT isolate) at pH 6.5
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Figure 5.1. Concentration-response curves for four algal species, N. closterium, P.

subcapitata, Chlorella sp. (PNG isolate) and Chlorella sp. (NT isolate), exposed to
copper for 72 h (, axenic culture; ■, a non-axenic culture). Data for Chlorella sp. (NT
isolate) are presented at two pH values, pH 5.7 and pH 6.5. Results for each alga have
been pooled from ≥ two bioassays. Each data point is the mean of ≥ three replicates
with the bars representing the standard error. Initial measured copper concentrations
were used. Note that the x axis is on a log scale, the scale of which varies for each
concentration-response curve.
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When the NT isolate of Chlorella sp. was exposed to copper at pH 5.7, differences in
IC50 values were significant, with the axenic culture being more sensitive to copper
than a non-axenic culture (72-h IC50 values of 46 and 208 µg Cu/L, respectively)
(Table 5.1). Differences were significant in both the individual toxicity tests and when
the data from the tests were pooled to obtain a single IC50 value. Concentrations of
copper as low as 5 µg/L caused significant reduction in growth rate of algae in the
axenic culture, whereas in non-axenic cultures the LOEC was higher (55 µg Cu/L), i.e.,
a decrease in the sensitivity of the alga was found when bacteria were present. The
Chlorella sp. (NT isolate) was more sensitive to copper at pH 6.5 than at pH 5.7,
however, the bacteria had no protective effect at pH 6.5, with no significant difference
in 72-h IC50 values of 28 and 19 µg Cu/L for the axenic and non-axenic cultures,
respectively. Calculated NOEC and LOEC values were also similar for both axenic and
non-axenic cultures at pH 6.5.

5.3.2 Bacterial analysis
The similar sensitivity of each alga to copper in the presence or absence of bacteria was
unexpected, so two species, N. closterium and Chlorella sp. (NT isolate) were
investigated further, using DGGE to profile the bacterial community if present (Figure
5.2). Each band in a DGGE profile represents a distinct phylotype (unique sequence or
species) of bacteria that is phylogenetically distinct. Bands occurring at the top of the
profile are phylotypes rich in AT (Adenine-Thymine) sequences in their DNA, while
bands at the bottom of the profile are GC (Guanine-Cytosine) rich. Bands that are
higher in intensity have more of that phylotype present in the culture.
Both cultures of N. closterium and Chlorella sp. (NT isolate) contained 16S rRNA
genes, including those previously operationally defined as axenic (Figure 5.2).
However, isolates known originally as non-axenic had much higher numbers and
diversity of bacteria present, as indicated by the intensity and number of DNA bands.
The two algae also had quite different DNA fingerprints, indicating that few bacteria
were common to both marine and freshwater cultures. This suggests that bacteria
present in the cultures were unlikely to be due solely to airborne, laboratory
contamination, but rather real differences in bacterial biofilms between marine and
freshwaters.
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Figure 5.2. Bacteria in algal cultures using denaturing gradient gel electrophoresis
(DGGE). Cultures were operationally defined as axenic or non-axenic (see Methods
Section 5.2.2). Lane A. Axenic Nitzschia closterium. Lane B. Non-axenic Nitzschia
closterium. Lane C. Axenic Chlorella sp. (NT isolate). Lane D. Non-axenic Chlorella
sp. (NT isolate). Each band represents an operationally distinct taxonomic unit, i.e.,
species of bacteria.
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The axenic N. closterium culture (Lane A, Figure 5.2) had three dominant phylotypes
and one region of indistinct banding that could indicate a number of phylotypes. One of
the dominant phylotypes was very AT rich, occurring at the top of the DGGE profile,
while one was very GC rich, occurring at the bottom of the profile. A ‘non-axenic’ N.
closterium culture (Lane B, Figure 5.2) had 18 phylotypes present, two of which were
shared with the axenic culture. Some double-banding occurred, e.g. at the bottom of
Lane B, which indicates that two phylotypes of very close genetic relation or one
phylotype expressing slightly different genetic sequences were present at this band
position. The axenic Chlorella sp. (NT) (Lane C, Figure 5.2) had 12 distinct phylotypes,
while a ‘non-axenic’ Chlorella sp. (NT) culture had 18 phylotypes. These two cultures
shared 9 phylotypes.
For both algal species, the greater number of bands on the gel and the higher intensity of
gel bands for ‘non-axenic’ cultures suggests that bacteria were more diverse and in
greater abundance in these cultures, in addition to containing some species that grew as
colonies on PYEA plates. Thus, the clean up process was successful in removing some,
but not all, of the bacteria present in the cultures.
16S rRNA sequence information was used to explore the phylogenetic association of
bacteria within the algal cultures. Selected sequences representative of bacteria found
in the algal cultures were loaded onto GenBank under accession numbers EU650654 to
EU650661 (Table 5.2). From the axenic N. closterium culture, all of the clones
sequenced were highly similar to Mesorhizobium spp., a genera of alphaproteobacteria
(Table 5.2). Sequences from a non-axenic culture of N. closterium were more varied,
but again were all from the alphaproteobacteria phylum. The majority of the sequences
(half) were from a poorly described alphaproteobacterial lineage (sequence EU650658;
Table 5.2), however alphaproteobacterial sequences in the Rhodobacteriaceae and
Sneathiellaceae families were also present. Similarly, the axenic Chlorella sp. (NT
isolate) culture had sequences associated with Rhodobacteriaceae (Table 5.2), however
most sequences were from origins which indicated contamination of the DNA (e.g.
skin-associated bacteria). In a non-axenic Chlorella sp. (NT isolate) culture, sequences
from the Methylobacteriaceae and Aurantimonadaceae were present (Table 5.2).
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Table 5.2. Origin and putative phylogenetic association of algae-associated bacterial
16S rRNA sequences submitted to GenBank
Accession
number
EU650654
EU650655
EU650656
EU650657
EU650658
EU650659
EU650660
EU650661
a

Origin

Phylogenetic association a

Nitzschia closterium
axenic culture
Nitzschia closterium
non-axenic culture
Nitzschia closterium
non-axenic culture
Nitzschia closterium
non-axenic culture
Nitzschia closterium
non-axenic culture
Chlorella sp. (NT isolate)
axenic culture
Chlorella sp. (NT isolate)
non-axenic culture
Chlorella sp. (NT isolate)
non-axenic culture

Alphaproteobacteria; Rhizobiales;
Phyllobacteriaceae; Mesorhizobium
Proteobacteria; Alphaproteobacteria;
Rhodobacterales; Rhodobacteraceae; Ruegeria
Alphaproteobacteria; Sneathiellales;
Sneathiellaceae; Sneathiella
Alphaproteobacteria; Rhodospirillales;
Rhodospirillaceae; Thalassospira
Alphaproteobacteria
Alphaproteobacteria; Rhodobacterales;
Rhodobacteraceae; Ruegeria
Alphaproteobacteria; Rhizobiales;
Methylobacteriaceae; Methylobacterium
Alphaproteobacteria; Rhizobiales;
Aurantimonadaceae; Aurantimonas

Based on the consensus of phylogenetic affiliation generated using the “distance tree view” of the Blastn
search results.

5.4 Discussion
The presence of bacteria, or rather, the presence of greater numbers and diversity of
bacteria associated with the algal cultures (as more intense DGGE bands indicate a
greater DNA density and a greater number of bacteria), was found to enhance the
growth of two out of four of the algal species tested in controls (no copper). This
increase in growth rate suggests that the relationship between algae and bacteria in these
cultures is beneficial to the algal species. Grossart et al. (2006) also found that the cell
density of Skeletonema costatum in exponential growth phase was significantly higher
in the presence of bacteria. The ability of bacteria to augment algal growth has been
shown to vary with the growth phase of the algae (Grossart et al, 2006). Grossart et al.
(2006) found that cell densities of Thalassiosira rotula remained high if exposed to
bacteria in the exponential phase of growth, but if exposed in stationary phase, algal cell
densities decreased rapidly. Algal growth rates in this study were measured only in the
exponential phase, in keeping with standard toxicity testing protocols which use
exponentially dividing cells. The relationship between bacteria and algae in laboratory
bioassays has also been shown to vary with phosphate concentrations and light
intensity, with algae generally out-competing bacteria in high phosphate and high light
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conditions (Gurung, 1999), as in our bioassays. The response of the alga will also
depend on the species of bacteria present, and the media in which the algae are grown
(e.g. nutrients and vitamins) (Grossart and Simon, 2007). Bacteria specifically isolated
from the surface of marine diatoms were found to have a greater positive effect on algal
growth than when marine bacteria isolated from ocean water were added to algal
cultures (Grossart, 1999), suggesting that the spatial relationship between bacteria and
algae may be important. Rier and Stevenson (2002) suggested that bacteria tended to be
more effective competitors for resources due to (i) faster growth rates, (ii) a greater
surface area to volume ratio and (iii) faster uptake rates of phosphorus. Competition
effects to the detriment of the algal species were not observed in the current study, with
algal species generally either gaining no benefit from the bacteria, or positive effects in
the form of increased growth rates in both controls and copper-treatments, possibly due
to nutrient remobilisation.
The impact of algal growth, alone or in combination with copper, on the bacterial
population was not assessed in this study, as the primary aim was to determine the
differences in sensitivity of algae to copper in the presence/absence of natural bacteria.
However, bacteria may also benefit from association with algae. In oligotrophic open
ocean conditions, the algal-bacterial relationship is strengthened because non-algal
derived dissolved organic matter is very low in concentration and bacteria largely rely
on algal-derived carbon as an energy source (Morán et al., 2002, Gurung et al., 1999).
Dissolved organic matter in laboratory algal bioassays has been found to be lower when
bacteria are present, indicating rapid bacterial solubilisation and decomposition of algalborn organic matter (Grossart et al., 2006). Increased extracellular polymeric substance
(EPS) production, either as a natural defence against colonisation (Steinberg et al.,
1997) or as a result of nutrient or trace metal stress, can increase the sedimentation or
sinking rate of algae through greater aggregation of cells, which is of primary
importance in driving carbon circulation in oceanic systems (Azam and Malfatti, 2007).
EPS is also important for the cycling of trace metals in aquatic systems, as metals bound
to bacterial and algal agglomerates, and to colloidal material/EPS, will be removed from
surface waters as the large particles sink (Morel and Price, 2003; Koukal et al., 2007).
Bacterial colonisation has been shown to be higher on stressed algal cells than healthy
algal cells (Grossart, 1999), which could be related to the release of organic material
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from the cell upon cell lysis as part of the natural senescence process or under
conditions of induced stress, such as exposure to metal contaminants.
The sensitivity of the axenic algal species to copper ranged over three orders of
magnitude from 0.8 µg Cu/L for P. subcapitata to 46 µg Cu/L for Chlorella sp. (NT
isolate) at pH 5.7. The Chlorella sp. (NT isolate) was less sensitive to copper at pH 6.5
(28 µg Cu/L) than reported previously (1.5 µg Cu/L, Franklin et al., 2000), but similarly
sensitive at pH 5.7 (46 µg Cu/L this test; 35 µg Cu/L Franklin et al., 2000). In contrast,
previous tests with P. subcapitata reported 72-h IC50 values of 6.6 to 17 µg Cu/L at cell
densities of 102–105 cells/mL (Franklin et al., 2000 and 2002), compared to this study in
which it was much more sensitive to copper (72-h IC50 of 0.8 µg Cu/L at an initial cell
density of 103 cells/mL). It should be noted that the P. subcapitata test media, USEPA
media without EDTA, can be potentially problematic for growth bioassays with trace
metals. EDTA is normally included in algal culture media to ensure that the essential
trace element iron is held in solution. Where EDTA is omitted, iron may precipitate to
form colloidal and particulate iron oxyhydroxides. Other trace metals like copper can
adsorb to these iron oxyhydroxides, complicating the chemical speciation of copper in
the test bioassay. Unpublished work on this culture medium has shown that iron does
precipitate over the course of growth bioassays with P. subcapitata. Nominally the
media contains 33.1 µg Fe/L, however actual dissolved iron was 15.1 µg/L (N. Franklin,
personal communication). Concentrations of copper were lower in test growth bioassay
solutions without EDTA when compared to test solutions containing EDTA. Losses
were greatest at lower copper concentrations (< 16% at 2.5 µg/L) but were negligible at
higher copper concentrations (e.g. 2% at 20 µg/L) (N. Franklin, personal
communication). In this research P. subcapitata was exposed to low concentrations of
copper as it was very sensitive to copper with an EC50 of 0.8 µg Cu/L. Thus copper
losses from solution may have been significant over the course of the assay.
The growth rate of P. subcapitata in controls (Cu-free) using this media were 1.28 ±
0.04 doublings per day and 1.59 ± 0.14 doublings per day for axenic and non-axenic
cultures, respectively. Values over one doubling per day are considered acceptable for
chronic microalgal growth rate inhibition bioassays. Thus the amount of iron dissolved
in the media is sufficient for exponential growth over this 72-h period. The initial
measured copper concentration is used to calculate concentration-response curves. But
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copper may decline over the 72-h period (due to adsorption to iron precipitates) and
thus the IC50 may be artificially high, and the alga even more sensitive to dissolved
copper than reported here. However the other option, including the EDTA in the
medium, is also not entirely appropriate in terms of environmental relevance. The
EDTA will strongly complex most of the copper present in growth bioassay (log K =
18.9; I = 0.1 M and 20°C; Mini-Stability Constant Database; Academic Software), thus
requiring very high concentrations of dissolved copper to provide high enough free
copper concentrations to cause toxic effects, which does not reflect the actual sensitivity
of the alga in the environment. In hindsight, perhaps it is necessary to review the use of
this standard testing protocol for this alga. This would be useful to do prior to further
work using P. subcapitata.
The presence of bacteria (or the greater concentration of certain bacteria in culture) was
found to decrease the sensitivity of only one algal species to copper, the Chlorella sp.
(NT isolate). However, this protective effect was only observed at pH 5.7. In addition,
for both culture types, the Chlorella sp. (NT isolate) was less sensitive to copper at the
lower pH value (5.7), as reported previously (Franklin et al., 2000), i.e. the increase in
concentration of hydrogen ions may be playing a protective role through competition
for binding sites on the algal cell. Potentially a certain bacteria may proliferate at the
lower pH value, when compared to growth at pH 6.5. This would mean that the amount
of copper available to the alga would decrease due to increased binding to bacterial
cells. Future work investigating bacterial cell counts in conjunction with algal cell
counts could help determine if this hypothesis holds true. Alternatively, measurements
of the total dissolved copper profile and the free copper concentration throughout the
72-h tests would help show how both the pH itself is affecting the speciation of copper
in solution (i.e. abiotic control of copper speciation) and also show if bacterial additions
are causing amelioration of toxicity simply due to depletion of copper in solution.
The presence of additional bacteria did not have any protective effect against copper for
N. closterium, the Chlorella sp. (PNG isolate) or for P. subcapitata. This was
unexpected, as it was hypothesised that the presence of bacteria would increase the
surface area thereby providing a greater number of binding sites for copper and
subsequently a decrease in copper uptake and toxicity. It is likely that the two latter
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axenic strains, not characterised by DGGE, also contained bacteria. This potentially
explains why the sensitivities of the axenic and non-axenic algae to copper were similar.
DNA of bacterial origin was detected in both the axenic and non-axenic N. closterium
and Chlorella sp. (NT isolate) cultures. Such DNA can, however, be present regardless
of whether the viable or active bacteria exist in culture. The autoclaving process used to
maintain algal cultures from week to week, while destroying live bacteria, liberates
DNA into the culture media. Furthermore, bacterial DNA present in batch seawater or
MilliQ® water used as the culture medium base can also be potentially detected by
DNA-based measures. For both algae, however, the axenic vs. non-axenic cultures
(having been made from the same culture medium), differed in bacterial community
structure as shown by both DGGE fingerprinting and sequence information. The
phylogenetic identity of dominant bacterial species present in the axenic cultures,
Mesorhizobium sp. for N. closterium and a Ruegeria sp. for the Chlorella sp. (NT
isolate), is also significant. In particular, the Ruegeria sequence closely matched others
which originated from studies assessing bacterial diversity associated with laboratory
cultures of marine algae (e.g. GenBank accession DQ486504). Bacterial sequences
from a non-axenic Chlorella sp. (NT isolate) culture also showed high levels of
similarity to submissions of bacteria intimately (symbiotically and even endophytically)
associated with marine organisms. In particular, this was true for sequence EU650658
which could not be reliably assigned to a known family of alphaproteobacteria.
Sequences with high similarity to EU650658 originated from tropical sponge tissue
(EF092174), coral (DQ416480, DQ416480), and oligochaetes (EU287331). Similar
sequences have been found within bulk marine sediment (EU287331, EU287307,
EU491873) and may have been present in symbiosis with higher organisms in this
habitat. Finally, the Chlorella sp.-associated Aurantimonas sequence was most similar
to a 16S rRNA sequence originating from the phycosphere of a Chlorella vulgaris
isolate (AM286549). Together, these results provide overwhelming evidence for the
presence of specific algal-bacterial communities in all of the cultures.
The inability to visibly detect or culture bacteria from the cultures thought to be axenic
may be due to either the very close phycosphere association of the bacterium with the
algal cell wall, or the bacteria existing endophytically within the algal cell. Where
bacteria are closely associated with the algal cell, it may be impossible to remove the
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bacteria from the alga using physical techniques. Moreover, the algal species may
benefit from the presence of bacteria, as shown by the increased growth rate in the
current tests when more bacteria were present. Other techniques previously used to
render algal cultures “bacteria free” have included the use of antibiotics. Antibiotics
were not used here, as previous work has found that antibiotics were toxic to algae,
leading to changes in cell morphology and reduced growth (Stauber, unpublished
results). Recently, the toxicity of a suite of antibacterial agents to P. kirchneriella was
tested, individually and in mixtures, and toxicity of these antibiotics to the alga was
found (Yang et al., 2008) at µg/L concentrations.
The interactions in mixed species toxicity testing are complex and, as in any particular
community, some species may exhibit greater, decreased or no change in sensitivity to
metals (Franklin et al., 2004). In multispecies toxicity tests with freshwater algae
Microcystis aeruginosa, P. subcapitata and Trachelomonas sp., the toxicity of copper to
Trachelomonas sp. was greater when other species were present, with the 72-h IC50
decreasing from 9.8 µg Cu/L in individual assays to 2.8 µg Cu/L in multispecies assays
(Franklin et al., 2004). The toxicity to M. aeruginosa and P. subcapitata was not
affected. In contrast, in a multispecies test with the marine algae Micromonas pusilla,
Phaeodactylum tricornutum and Heterocapsa niei, toxicity to P. tricornutum was
reduced, while that for H. niei was not (Franklin et al., 2004). As cells were added in
quantities to give equivalent surfaces areas, these differences could not be simply
related to a decrease in copper binding to cells (Franklin et al., 2004). Similarly in tests
combining M. aeruginosa and either Chlorella pyrenoidosa or Scenedesmus obliquus,
the addition of other algae in surface-area equivalent and cell number equivalent tests
provided a protective effect against short-term (24-h) toxicity of copper to M.
aeruginosa (based on esterase activity) (Yu et al., 2007). Intracellular reactive oxygen
species concentrations were also higher for M. aeruginosa in single species bioassays
compared to multispecies assays. This suggests significant algal-algal interactions,
beyond surface area effects (Yu et al., 2007).
Previous work on P. subcapitata has shown that the exudates it produces (7-d old
culture) decreased the toxicity of cadmium, copper, lead and zinc to the alga based on
the inhibition of photosynthesis after 1 h of exposure to high concentrations of metals.
The protective effect of the exudates was metal- and concentration-specific: at very high
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concentrations the exudates no longer ameliorated metal toxicity due to saturation of
exudate binding sites (Koukal et al., 2007). Exudate production of mixed bacterial/algal
biofilm communities has been shown to increase upon metal exposure (García-Meza et
al., 2005). These exudates may be of bacterial or algal origin, but they can be a survival
mechanism for these organisms under stress. It is possible that bacterial exudates were
being produced in response to copper in the culture with Chlorella sp. (NT isolate) at
pH 5.7 (the one case where the bacteria appeared to ameliorate the toxicity of copper).
Further tests to confirm the speciation of copper over the duration of the test, or
determination of the copper complexing capacity of the test media, may help to
elucidate the role of bacterial exudates in the current work. Boivin et al. (2007) did a
comprehensive study that investigated algal and bacterial communities in flood-plain
sediments. Although they found that the structure and physiology of the bacterial
communities correlated with the algal community structure, they could not prove that
changes in these interactions were caused by metal contamination. Due to the
complexity of mixed species toxicity testing, the majority of research has focussed on
pollution-induced community tolerance (PICT) of phytoplankton, bacteria or biofilm
communities (Blanck and Dahl, 1996; Boivin et al., 2006; Admiraal et al., 1999;
Massieux et al., 2004); or functional changes brought about by metals for entire
communities (Lehmann et al., 1999; Boivin et al., 2005) and not on the specific
individual responses of algae or bacteria within a community to a metal.
As the presence of bacteria had little effect on copper sensitivity of these algae, this
work shows that algal cultures do not necessarily need to be axenic to be useful in
toxicity testing. This research suggests that algal toxicity tests that use non-axenic algal
cultures are acceptable for metals assessment, where contamination is low, as it is likely
to be difficult to obtain a culture that is truly bacteria-free. However, this will depend
highly on the type and abundance of bacteria present, as cultures can vary widely in
their non-axenic character. The findings indicate that for the algal species
examined, laboratory tests are an acceptable mimic for the effects that might be
observed in the field.
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CHAPTER 6. THE EFFECT OF FIELD-COLLECTED BIOFILMS ON THE
TOXICITY OF COPPER TO TETRASELMIS SP. IN LABORATORY BIOASSAYS
6.1 Introduction
Biofilms (often known as periphyton in freshwater systems) are an integral part of
aquatic systems. Rock, wood and biotic surfaces are colonised by bacteria and/or algae,
which then form a source of nutrition for grazing organisms. In natural environments,
cell-cell and cell-exudate interactions in biofilms may help alleviate metal stress to algal
cells. In general however, toxicity tests with microalgae are usually single species tests
using planktonic algal species (Stauber and Davies, 2000), with some exceptions such
as the use of benthic algae (Adams and Stauber, 2004), mixed algal species (Franklin et
al., 2004; Yu et al., 2007), and monospecific algal and cyanobacterial biofilms
(Barranguet et al., 2000; Ivorra et al., 2002).
Single-species tests lack environmental realism because no aquatic organism exists in
isolation and therefore these tests may not accurately predict toxicity in aquatic systems
dominated by biofilm or periphyton communities. Incorporating biofilms into toxicity
testing would represent a significant improvement in the environmental relevance of
laboratory-based toxicity bioassays. However, biofilms are very difficult to characterise
due to their complex, heterogenous structure, so their inclusion in laboratory-based
toxicity testing has been limited.
This research investigated the impact of the addition of field-collected marine biofilms
on a well-studied laboratory alga, Tetraselmis sp. in the absence and presence of copper.
This type of biofilm research has not been attempted previously and this initial study
aims to improve the environmental relevance of single-species laboratory toxicity
testing and ultimately moving towards community-based toxicity testing.
Biofilms were grown on glass slides in a marine embayment at Bass Point, NSW,
Australia, in the winter and spring of 2007. The biofilms were collected after 12 days,
harvested and characterised using a variety of techniques including flow cytometry,
chlorophyll a analysis, analysis of extracellular polymeric substances (EPS), confocal
microscopy and denaturing gradient gel electrophoresis (DGGE). Biofilm material was
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then added to 72-h growth rate inhibition assays as either a homogenate (removed from
slides), or by adding colonised slides directly to test vessels. Tetraselmis sp.
(Prasinophyceae) was selected as the test species, due to its moderate sensitivity to
copper and because, using flow cytometry, Tetraselmis sp. cells could be easily
distinguished from biofilm cells over the 72-h exposure period (± copper). Changes in
control growth rates and copper sensitivity were assessed in response to increases in
biofilm material, storage of biofilm over time, and biofilms collected in different
seasons.
This research aims to determine if the addition of biofilm can ameliorate the toxicity of
copper to a laboratory cultured alga Tetraselmis sp. Protection against toxicity is
hypothesised to occur due to copper binding to both (i) the additional algal and bacterial
cells provided by the biofilm and (ii) the EPS provided by the biofilm. As copper binds
to alternative ligands it will be unavailable for uptake in Tetraselmis sp. It is possible
that other biotic factors may be involved.
6.2 Methods
6.2.1 Sampling Site
Biofilms were collected at Beaky Bay, Bass Point, NSW, Australia (Figure 6.1,
Photograph 6.1). The site is on the east coast of NSW, about 1.5 h south of Sydney and
10 min from the coastal town of Shellharbour (34°35.6 S, 150°53.9 E). The site is
located around a headland from a marine protection area known as Bass Point Coastal
Marine Reserve (Bushrangers Bay). The estimated depth of the bay at the point of
collection was 14 m.

6.2.2 Biofilm Collection
Preliminary trials on characterising biofilm material were done on material collected in
April 2007. Field sampling dates for biofilm material used in the toxicity tests outlined
in this chapter were July (winter) and October (Spring) 2007.
Periphytometers (biofilm collection devices) were purchased from Assoc. Prof. Jacob
John (Curtin University, Western Australia, Australia). These consisted of perspex
chambers fitted with ten glass microscope slides (76.2  25.4  1 mm plain unfrosted
pathology grade slides, Universal, Turrella, NSW, Australia) and secured using fishing
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Figure 6.1. Location of biofilm collection site. Bass Point near Shellharbour, NSW,
Australia. Yellow pin marks collection site, red pin marks car par access. Map courtesy
of Google Earth (April 2007).

Photograph 6.1. Field site position. Beaky Bay, Bass Point, NSW, Australia.
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Photograph 6.2. Polypropylene rack with one periphytometer attached.

Photograph 6.3. A periphytometer, biofilm collecting device, with colonised slides.
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line. The assembled devices were acid-soaked (10% HNO3) and rinsed thoroughly with
Milli Q water. Just prior to deployment, multiple devices were attached to a 1.5  0.5 m
polypropylene rack using acid-washed and rinsed cable ties (Photograph 6.2). The
individual periphytometers were rinsed with 70% ethanol and then with seawater on
site. The polypropylene rack was suspended at a depth of 2 m from a small buoy 50 m
from shore and kept in place using an anchor system. After a 12-day colonisation
period, the slide assemblies were collected and placed into a clean plastic container
which was gently filled with site seawater. These containers had been pre-cleaned with
10% HNO3 and Milli-Q water, then rinsed in 70% ethanol on site, with three final rinses
in site seawater. The colonised slides were transported on ice to the laboratory, where
they were immediately sub-sampled for physical and chemical characterisation of the
biofilms and preparation of the biofilm homogenate. The remaining slides were stored
at 4°C in the dark. Photograph 6.3 depicts a colonised sampling device.
DO, pH, salinity and the temperature of the seawater were all recorded in situ. Two
50-mL water samples were also collected and the physical chemistry measurements
(DO, pH, salinity) recorded again on unfiltered and filtered (0.45 µm) samples at the
laboratory, including the measurement of trace metals by ICP-AES, in particular copper.
Two 2-L Nalgene containers (pre-acid washed and rinsed on site with ethanol and
seawater) were filled with seawater and returned to the laboratory on ice. The seawater
was immediately filter-sterilised (0.2 µm). This water was used to prepare the biofilm
homogenate and for blanks in subsequent analyses.

6.2.3 Harvesting the biofilm
Biofilm material was harvested into a homogenate on the day of collection. The
sampling devices were transferred to a clean, ethanol-wiped surface inside a laminar
flow hood. Slides were removed one at a time using clean plastic tweezers (ethanolsoaked and rinsed in filter-sterilised seawater). The material on the slide was scraped
into a sterile 70-mL polypropylene container using a Teflon coated stainless steel blade
(also ethanol rinsed and seawater washed). Using a sterile pipette, 1 mL of filtersterilised seawater was used to rinse the slide. The material from 59 slides (July,
winter) and 60 slides (October, spring) were combined into one sterile container (for
each season). The total surface area of biofilm harvested in each homogenate was 0.237
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m2 and 0.241 m2 for the winter and spring homogenates, respectively (surface area of
slides = 0.004 m2).
The pooled biofilm material was blended using a laboratory blender (19000 rpm, 500 W
multi-speed X10/25 fitted with a 6 mm microshaft, Ystral, Ballrechten-Dottingen,
Germany). The blending probe had been soaked in ethanol and rinsed with filtersterilised site seawater before use. The pooled material was sonicated (3  30 s) in an
ultrasonic bath (UniSonics, Manly Vale, NSW, Australia). Sub-samples of homogenate
were removed for analyses, as detailed below and the stock was stored in the dark at
4°C. Samples for initial cell counts were analysed immediately. Samples for
chlorophyll a analysis were refrigerated in the cold and dark overnight and analysed the
following day. Samples for EPS fractionation followed by carbohydrate and protein
analysis were frozen at -4°C until analysis. One slide per unit was also removed and
placed in a sterile 50-mL centrifuge tube containing filter-sterilised seawater from Bass
Point and stored overnight in the dark at 4°C. Some of these isolated slides were sent
on ice the following day to CSIRO Land and Water laboratories in Urrbrae, South
Australia, where they were frozen in the dark at -80°C for later DNA analysis. Slides
were also retained for analysis by confocal microscopy or for use in toxicity tests.

6.2.4 Characterisation of the biofilm
Biofilm material from the July and October collections was characterised using a
number of techniques: particle and fluorescent cell counts, chlorophyll a content,
carbohydrate and protein content of extracellular polymeric substances (EPS), analysis
of bacterial DNA including denaturing gel gradient electrophoresis (DGGE) community
fingerprinting and determination of dominant species, and confocal microscopy.

Particle and fluorescent cell counts
Flow cytometry was used to calculate the number of fluorescent cells and total particle
counts (bacterial and algal cells) (4-colour BD-FACSCalibur™, Becton Dickinson
Biosciences, San Jose, CA, USA). General instrument details and conditions are
outlined in Section 2.3. The trigger signal, that indicates to the flow cytometer what is a
particle for which data should be collected, was set lower than previously described for
microalgae, to a value of > 35 arbitrary side scatter of light (SSC) to include bacterial
cells in the counts. Discrimination of Tetraselmis sp. from biofilm material was best
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obtained using a plot of side scatter (SSC) against chlorophyll a autofluorescence (FL3)
(Figure 6.2). The cell counts for fluorescent biofilm material were obtained by selecting
any cells with a FL3 signal greater than 2 arbitrary fluorescence units. The “total
biofilm cell counts” were obtained by selecting all biofilm cells and also selecting the x
axis which signified cells or particles with no chlorophyll a content (Figure 6.2).
Counts of seawater blanks gave background particle counts which were subtracted from
overall counts to give the true biofilm cell count. Because preliminary studies showed
that total particle counts for filtered seawater blanks averaged 60  104 cells/mL (40100), biofilm particle additions of at least 150-200  104 cells/mL were necessary,
which equated to ~1.5  104 fluorescent cells/mL. Therefore a minimum inoculum of
1.5  104 fluorescent biofilm cells/mL was used in toxicity tests, coupled with
Tetraselmis sp. additions of a similar cell density (i.e.  1.5  104 Tetraselmis sp.
cells/mL). A minimum dilution of the biofilm stock 1:4 with filter sterilised seawater
was necessary, because preliminary work showed that at high cell concentrations, the
biofilm cell counts were underestimated.
Chlorophyll a determination
Chlorophyll a concentrations in biofilms were determined spectrophotometrically after
extraction in 90% acetone as outlined for phytoplankton in APHA/AWWA/WEF
(2006), and adapted for periphyton/biofilms (Biggs and Kilroy, 2000). Extraction and
analysis were done in low light conditions. Biofilm subsamples and seawater blanks
(3 mL in sterile 10 mL polypropylene centrifuge tubes wrapped in aluminium foil) were
centrifuged (5 min, 1200  g) and the supernatant removed. The pellet was resuspended
in 2 mL of 90% acetone, vortexed for 30 s then transferred to a glass homogenising tube
(wrapped in foil). Using a Teflon-coated grinder, the biofilm was macerated for 1 min
and the solution transferred to a 5 mL volumetric flask. The homogenising tube was
rinsed with 2 mL of 90% acetone and the rinsate transferred to the volumetric flask
which was diluted to 5 mL, stoppered, shaken and transferred back to the 10-mL
centrifuge tubes. The samples were left for 3 h at 4 °C in the dark, centrifuged (500 g,
20 min) and the supernatant decanted into clean, pre-weighed vials. The volume of
extract was calculated (90% acetone density = 0.81 g/mL). Solution (1.5 mL) was
transferred to a 1-cm path length low-volume glass cuvette and the absorbance
measured at 665 nm and at 750 nm. Solutions were acidified with 50 µL of 0.1 M HCl,
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Figure 6.2. Example flow cytometry dot plots defining biofilm material (R2) from
Tetraselmis sp. (R1). R2 indicates (a) the total cell count for biofilm cells or (b) the
fluorescent biofilm cell count with FL3 > 2. Note that Tetraselmis sp. cells are easily
defined from the biofilm cells and that there is a region of growth of biofilm cells at
FL3 10-100 and SSC 10-100 that is likely to be a centric diatom based on microscopic
observations.

shaken for 90 s and absorbance recorded again (to allow calculation of chlorophyll a
and its degradation product pheophytin). The measurement at 750 nm was subtracted
from that at 665 nm to correct for turbidity, for both the before and after acidification
measurements (and the values denoted 665b and 665a for before and after acidification,
respectively).
The concentration of chlorophyll a (mg/m2) was calculated as Equation 6.1:

2

Chlorophyll a (mg/m ) =

(665b-665a)  26.7  sample volume (L)  extract volume (L)
filtered subsample (L)  total surface area of slides (m2)
Equation 6.1

where 26.7 is the absorption coefficient for chlorophyll a in acetone
(APHA/AWWA/WEF, 2006; Biggs and Kilroy, 2000).
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The concentration of pheophytin (mg/m2) was calculated as Equation 6.2:
a
a
Pheophytin
(mg/m2) =
a
a

[(1.72  665a)- 665b]  26.7  sample volume (L)  extract volume (L)
filtered subsample (L)  total surface area of slides (m2)
Equation 6.2

a
EPS extractions
An extracellular polymeric substances (EPS) fractionation process to separate “loose
EPS” (exudates dissolved in the biofilms water matrix) from “capsular EPS” (exudates
attached to the outside of cells) was used to examine the carbohydrate and protein
content of the field-collected biofilm. Three replicates of 3 mL biofilm homogenate
were aseptically transferred to sterile 10-mL polypropylene centrifuge tubes. A 3 mL
blank was also prepared from filter-sterilised Bass Point seawater. The samples were
then processed as described in Section 4.2.8 and the total carbohydrate and total protein
concentrations were measured in each fraction. Concentrations were normalised on a
surface area basis and reported as either mg of albumin equivalents/m2 of biofilm
sampled for proteins or mg of glucose equivalents/m2 of biofilm sampled for
carbohydrates.

Bacterial DNA extraction, PCR amplification of 16s-rDNA fragments and DGGE
analyses
Individual biofilm slides were transferred to 50-mL sterile, RNA- and DNA- free
polypropylene centrifuge tubes (Falcon) containing filter-sterilised seawater from Bass
Point and sent on ice to CSIRO Land and Water, Urrbrae for DNA analysis. Samples
were frozen in the dark at -80°C until analysis. DNA was extracted as described
previously (Section 5.2.6) using a sterile glass spreader to help scrape the biofilm from
the slide, following ultrasonication. Polymerase Chain Reaction-Denaturing Gradient
Gel Electrophoresis (PCR-DGGE) was used to determine the bacterial community
structure of the marine biofilms as per Section 5.2.7. The data on DGGE-band intensity
was transformed using a square-root function (i.e. the square root of each value for band
intensity was calculated) and then analysed using the statistical package Primer 6
(Primer-e Ltd., Plymouth, UK). This type of transformation was required to satisfy
conditions of data normality in the subsequent statistical analyses. The Margalef’s
species richness index was calculated for the samples and used to compare community
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diversity. Multidimensional scaling followed by one-way analysis of similarities
(ANOSIM) and cluster analysis using the Simprof test were used to examine the
similarities of the biofilm bacterial communities.

Biofilm Staining and Confocal Laser Scanning Microscopy (CLSM)
CLSM was used to qualitatively assess the structural aspects of the biofilm. The
protocol used to stain biofilms and visualise algal autofluorescence, bacterial DNA and
the EPS fraction of the biofilm was adapted from Barranguet et al. (2004). Staining
with fluorescent dyes allowed visualisation of the bacterial and EPS components of the
biofilms. Seven drops of 0.1 mg/mL Texas Red-Concanavalin A (Con-A; Molecular
Probes, Invitrogen, Mount Waverley, VIC, Australia) were added to the slide. This is a
fluor-conjugated lectin with excitation and emission maxima of 595 and 615 nm,
respectively, which was excited by a green light, 543-nm He-Ne laser. It stains the
carbohydrate component of the biofilm EPS. Following incubation of the slide (30 min,
20 °C) it was rinsed with filter sterilised seawater. Excess water was removed carefully
using the edge of a filter paper. The slides were then exposed to seven drops of 0.835
µM SYTO 9 (Molecular Probes, Invitrogen), a membrane-permeable nucleic acid
specific green-fluorescent dye with excitation and emission maxima of 485 and 498 nm,
respectively, when bound to DNA. It was excited by a blue light 488-nm Ar laser.
After five minutes the slide was rinsed in filter-sterilised seawater. As a control, some
slides were analysed without dyes (chlorophyll a autofluorescence) or with single
stains.
Slides were positioned on the stand of a Leica DMIBRE inverted microscope coupled to
a Leica TCS SP confocal laser scanning microscope system equipped with 488-, 543and 633-nm lasers (Leica Microsystems, Sydney, Australia). The slide was observed
initially using a 40  oil-immersion lens in transmission mode before switching to
scanning mode. Biofilms were sequentially excited with 488-nm (chlorophyll a
autofluorescence and SYTO-9) and 543-nm (Con-A). Images were collected using the
TCS NT software (Leica Microsystems) and were exported as TIFF files.

6.2.5 Algal culture
The marine microalga Tetraselmis sp. was cultured as previously reported (Section 2.2).
Preliminary experiments showed that this alga could easily be distinguished from
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marine biofilm material using flow cytometry due to this species’ higher chlorophyll a
fluorescence (FL3 parameter) and larger forward scatter (FSC) response (partially
related to the larger size of the alga) compared to the fluorescent bacterial and algal
species present in biofilms collected from Bass Point.

6.2.6 Growth rate inhibition bioassays
Growth rate inhibition bioassays were used to test the chronic toxicity of copper to
Tetraselmis sp. and were set up according to Section 2.4. Flasks were inoculated with
Tetraselmis sp. cells to give cell densities of 1.5, 3 or 4.5  104 cells/mL.
In some tests, field-collected biofilm was added directly to the flask while still attached
to the glass slides that had been colonised in the field. The slides were cut in half using
a diamond cutter (90% ethanol-wiped) in a laminar flow cabinet before addition to
flasks. Clean half-slides (acid soaked in 10% HNO3, rinsed with Milli-Q, soaked in
90% ethanol and rinsed in 0.2 µm filter-sterilised seawater) were also added to control
(no copper) flasks and to copper-spiked treatment flasks as extra experimental controls.
In some tests field-collected biofilm was added as a blended and sonicated homogenate.
The homogenate was prepared as detailed in Section 6.2.3. Flasks were inoculated with
homogenate to give 1.5, 3.0, 6.0 or 15  104 fluorescent biofilm cells/mL. This was
calculated as any particle giving a FL3 signal greater than 2 arbitrary units on the flow
cytometer, which effectively excluded any non-fluorescent particles from the count.
Initial total counts (minus seawater blank) were also calculated. Where necessary the
stock biofilm solution was diluted with filter-sterilised Bass Point seawater. The
biofilm homogenate stock was always manipulated in aseptic conditions to prevent
contamination.
After inoculation with algal and/or biofilm cells, the standard growth rate inhibition
protocol was followed, with sub-samples for dissolved copper taken initially and daily
thereafter. The test flasks were incubated for 72 h in 12:12 h light/dark conditions at
140 µmol photons/m2/s at 21°C. For biofilm control samples, a lower light intensity of
70 µmol photons/m2/s was also used to test the effects of light intensity of the response
of the biofilms in the test media. The cell densities of Tetraselmis sp. cells, total biofilm
cells and fluorescent biofilm cells (where FL3 > 2 units) were measured daily using
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flow cytometry for each test treatment. Three seawater blanks were also incubated for
the test period and counted daily to allow adjustment for background particle counts.
The growth rate, NOEC, LOEC and 72-h IC50 were all calculated for Tetraselmis sp. as
previously described (Section 2.4).

6.2.7 Copper analyses
Copper was analysed by ICP-AES as described previously (Section 2.6). Daily
measured copper concentrations were used to calculate the time-averaged copper
concentration for each treatment to account for adsorption of copper to cells and
decreases in dissolved copper over time. Time-averaged copper concentrations were
used in all toxicity calculations.

6.2.8 Additional Statistics
Comparisons of the physical characteristics of biofilms were done using the statistical
packages SPSS (SPSS, Version 14.0 for Windows) and MiniTab (MiniTab, version
15.0). Student t-tests and one-way analysis of variance (ANOVA) followed by Tukey’s
post-hoc comparisons were used to determine significant differences between
treatments (p < 0.05).
6.3 Results
6.3.1 Biofilm characterisation
The cell densities of the biofilm homogenates from both winter and spring samplings
are shown in Table 6.1. In the winter collection, the material from 59 slides was pooled
to give a a homogenised biofilm stock (35 mL) with an initial cell density of 3.9 (± 0.3)
 109 fluorescent cells/m2 and 140 (± 10)  109 total cells/m2. The cell density of the
biofilm was relatively constant over 10 days storage in the dark at 4°C. In spring,
material from 60 slides was pooled to give a 70 mL homogenised biofilm stock. A
larger dilution volume of seawater was required to enable accurate transfer of the
homogenate due to the enhanced spring growth. The average cell density of the spring
homogenate material (± standard error) was 36 (± 1)  109 fluorescent cells/m2 and
1440 (± 90)  109 total biofilm cells/m2, approximately 10-fold higher than the winter
biofilm (p < 0.05). Again, the cell density of the biofilm did not change substantially
over 10 days.
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Table 6.1. Mean (± standard error) fluorescent cell count and total cell count for the
biofilm homogenate on various dates for the biofilm collected in winter and spring
2007a

Winter collection
27th July (n=6)
28th July (n=4)
6th August (n=5)
Spring collection
8th October (n=6)
9th October (n=2)
15th October (n=3)
16th October (n=2)

a

Fluorescent Cells
( 109 fluorescent cells/m2)

All Biofilm Cells
( 109 total cells/m2)

3.9 ± 0.3 A
5.0 ± 0.1 A
3.1 ± 0.4 A

140 ± 10 D
230 ± 20 D
190 ± 40 D

36 ± 1 B
45 ± 2 C
39 ± 2 B
45 ± 1 C

1440 ± 90 E
2200 ± 200 F
1100 ± 100 E
1500 ± 40 F

Superscript capital letters denote cell count means that differ significantly (ANOVA, p < 0.05, with
Tukeys post-hoc analysis)

Table 6.2. Concentration of chlorophyll a and pheophytin pigments in biofilm samples
Date of sampling
27th July (winter)
6th August (winter)
8th October (spring)
a

Concentration of pigments (mg/m2) a
Chlorophyll a
Pheophytin
Total
1.8 ± 0.2 A
4.8 ± 0.4 A
6.6 ± 0.3 A
2.7 ± 0.5 A
5.0 ± 1.0 A
7.7 ± 0.5 A
B
B
49 ± 13
9.1 ± 2.7
58 ± 16 B

Superscript capital letters indicate statistical differences (p < 0.05) using ANOVA followed by Tukey’s
post-hoc analysis

The spring biofilm had a higher chlorophyll a content (49 ± 13 mg chlorophyll a/m2)
compared to the winter biofilm (1.8 ± 0.2 mg chlorophyll a/m2) (F = 37.4, p < 0.001)
and a slightly, but significantly, higher pheophytin content in spring (9 ± 3 and 4.8 ± 0.4
mg pheophytin/m2 in spring and winter, respectively; F = 6.52, p < 0.05) (Table 6.2).
The concentrations of carbohydrates and proteins in the loose and capsular EPS
fractions, and in the final pellet, were significantly (p < 0.05) higher in the spring
biofilms, compared with the biofilms collected in winter (Tables 6.3 and 6.4). In
general, the capsular EPS fraction contained more carbohydrate than the loose EPS
fraction, but proteins were distributed evenly between the two fractions. The
concentration of carbohydrate increased from 26 (in winter) to 117 mg glucose
equivalents/m2 (in spring) in the loose EPS fraction and from 57 to 280 mg/m2 in the
winter and spring capsular EPS fractions, respectively. The concentration of protein
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Table 6.3. Concentration of carbohydrates in the biofilm homogenates collected and
harvested in winter and spring 2007.

Loose EPS
Capsular EPS
Total EPS
Carbohydrates
Pellet
Total Carbohydrates
a

Concentration of Carbohydrate
(mg Glucose Equivalents/m2 of Biofilm) a
Winter
Winter
Spring
27th July
6th August
8th October
26 ± 1
16.3 ± 0.2 *
117 ± 6 *
57 ± 1
53 ± 5
280 ± 12 *
83 ± 1

69 ± 5 *

396 ± 14 *

9±2
92 ± 2

30 ± 8 *
99 ± 9

208 ± 6 *
605 ± 15 *

The asterisk indicates significant difference (p < 0.05) of individual fractions from the measurement of
the winter biofilm on 27 July as tested by Student t-tests.

Table 6.4. Concentration of proteins in the biofilm homogenates collected and
harvested in winter and spring 2007.

Loose EPS
Capsular EPS
Total EPS Proteins

Concentration of Protein
(mg Albumin Equivalents /m2 Biofilm) a
Winter
Winter
Spring
27th July
6th August
8th October
103 ± 2
113 ± 2 *
373 ± 11 *
79 ± 1
87 ± 5
356 ± 9 *
182 ± 2
200 ± 5 *
729 ± 14 *

Pellet
Total Proteins

125 ± 36
307 ± 36

a

173 ± 22
373 ± 22

642 ± 36 *
1372 ± 48 *

The asterisk indicates significant difference (p < 0.05) of individual fractions from the measurement of
the winter biofilm on 27 July as tested by Student t-tests.

increased from 103 (in winter) to 373 mg albumin equivalents/m2 (in spring) in the
loose EPS fraction and from 79 to 356 mg/m2 in the winter and spring capsular EPS
fractions, respectively. Measurements of carbohydrate and protein in the final pellet
were more variable, possibly because cells were suspended in Milli-Q water and not
digested. The increases in EPS appear to correspond with increases in cell density for
the biofilms (Figure 6.3). However, more measurements on biofilm collections from
this site, at different points in time, would be required to fully define this relationship.

6.3.2 Bacterial community structure
PCR amplification of bacterial 16s-rDNA and subsequent DGGE analysis was
performed on biofilms collected in winter 2007 (July) and in spring 2007 (October)
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Figure 6.3. The relationship between biofilm cell density and the concentration of
“loose” (dissolved; white data points) and “capsular” (attached to cells or particles;
black data points) extracellular polymeric substances- protein (diamonds) and
carbohydrates (squares). Exudate concentrations are measured as mg glucose
equivalents per m2 of biofilm (carbohydrates) or mg of albumin equivalents per m2 of
biofilm (proteins). Measurements of the winter biofilm (27th July and 6th August)
appear on the left in the figure, while measurements of the spring biofilm (8th October)
are on the right (the higher cell density).
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Figure 6.4. DGGE profile for marine biofilm samples. Lanes a-d from winter July
2007 collection, lanes e-g from spring Oct 2007 collection. The community collected in
winter was less complex than that collected in spring. There are a number of similar
species in both colonisation periods. One phylotype was present in all samples, and
three phylotypes occurred in one or more samples from both July and October sampling
times.
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Figure 6.5. Cluster analysis (Simprof test on square root transformed data) of the
bacterial community structure of field-collected marine biofilms. Samples 1-4 are the
samples colonised in July 2007 and samples 5-7 are those colonised in October 2007.
The communities distinctly cluster based on time of colonisation period, i.e. July
samples are more similar to each other than they are to the October samples.

(Figure 6.3). In the gel shown (Figure 6.4) the first four lanes (a-d) are samples from
the winter collection (27/7/07) and the last three lanes (e-g) are from the spring
collection (8/10/2007). A total of nine different DGGE bands were detected in the
winter biofilm samples and 18 different bands in the spring samples (total of 23
different bands). The number of phylotypes per sample ranged from 2 to 8 (average 4)
in winter and ranged 9 to 14 (average 12) in the spring samples. Cluster analysis
(Figure 6.5) showed that replicate samples at individual sampling times (winter or
spring) were generally similar (> 60%). However one winter sample (Figure 6.4, d) had
5 phylotypes that were not present in any other winter samples (but were present in
spring samples). In the October samples, five individual phylotypes were unique to one
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sub-sample only. The community that colonised the glass slides in the 10-d deployment
period in winter was less complex than that in the spring deployment period: Margalef’s
species richness index shows that biodiversity was higher (p = 0.079) in the spring
samples (d = 0.937) compared to the winter samples (d = 0.298).
There are a number of similar phylotypes or species in both colonisation periods. One
phylotype was present in all samples, and three phylotypes occurred in one or more
samples from both winter and spring sampling periods. One phylotype dominant in the
winter community was not present in the spring biofilm samples. To visualise the
similarity between the communities at different colonisation times, multi-dimensional
scaling was used. The two communities (winter and spring) were distinct from each
other, and testing by one-way ANOSIM confirmed that there was a significant effect of
sampling time on community structure (R = 1; p = 0.029).

6.3.3 Confocal laser scanning microscopy
Images of the biofilm obtained by CLSM in conjunction with the use of fluorescence
dyes are shown in Figure 6.6. Some difficulties were found in staining the EPS with
Con-A, despite previous success in both pilot studies and in the literature (Barranguet et
al., 2004). In these images chlorophyll a autofluorescence is depicted in green and the
fluorescence of SYTO-9 in red. Where these two colours overlap, the colour appears
yellow. In August 2007 the confocal microscope was not fully operational and it was
only possible to obtain images of chlorophyll a autofluorescence and the fluorescence
of SYTO-9, i.e. no transmission images were taken. In October 2007, images were
constructed from an overlay of transmission, chlorophyll a autofluorescence and the
SYTO-9 fluorescence signals.

6.3.4 Changes in biofilm upon storage
Preliminary work had shown that there was little change in biofilms collected from Bass
Point stored over one month in the dark at 4°C (Appendix A). Some evidence
suggested that declines in cell density may occur over time, but these results were
highly variable, and so in the current tests collected biofilm material was used only for a
period of 2 to 3 weeks. In the current study, the concentrations of chlorophyll a and
pheophytin in the winter biofilm homogenate initially (27/7/07) and after 10 days
storage at 4oC in the dark (6/8/07), were not significantly different (Table 6.2).
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Figure 6.6. Images obtained of October 2007 biofilm material using confocal scanning laser
microscope. Images were constructed from an overlay of transmission, chlorophyll a
autofluorescence (allocated green in image) and the SYTO-9 fluorescence signals (allocated red
in image).
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However, both carbohydrate and protein content in the homogenised winter biofilm
material did vary over time, but not in a consistent pattern (Tables 6.3 and 6.4). Due to
an accidental spillage of the winter biofilm homogenate during the second week of
testing, further characterisation of the biofilm (post 10-d) could not be determined, i.e.
chlorophyll a concentrations, and the carbohydrate and protein content of the EPS
fractions. However, the amount of biofilm required to give initial biofilm fluorescent
cell densities of ~ 1.5, 3 or 6  104 fluorescent cells/mL increased upon storage of the
winter biofilm homogenate (Table 6.5). Because of this apparent decrease in the
fluorescent component of the algae in the biofilm, latter tests with the spring biofilm
were carried out within 10 d of collection.
Table 6.5. Amount of biofilm required to give initial cell densities of ~1.5, 3 or 6  104
fluorescent cells/mL using the biofilm collected in winter 2007.
Test Start Date
28th July
30th July
4th August
21st August

Volume of 1:4 Dilution of Original
Homogenate Used in Flask
80 µL
160 µL
80 µL
80 µL
63 µL
120 µL
480 µL

Fluorescent Cell Density
( 104 cells/mL)
1.45
2.67
1.40
1.91
1.57
1.65
5.3

6.3.5 Growth rate inhibition assays
Homogenate test results
The control growth rates for Tetraselmis sp., in the absence and presence of biofilm
homogenate are presented in Table 6.6. For Tetraselmis sp. alone (i.e., no biofilm
present) at initial cell densities of 1.5  104 cells/mL, the control growth rates ranged
from 1.10 ± 0.08 to 1.42 ± 0.06 doublings/day. Increasing the initial cell density of
Tetraselmis sp. from 1.5 to 3 to 4.5  104 cells/mL had no effect on Tetraselmis sp.
control growth rates. Addition of biofilm to test solutions resulted in either no
statistically significant difference in the control growth rate of Tetraselmis sp. (in tests
starting 27/7/07 and 09/10/07) or significantly higher control growth rates of the alga (in
tests starting 04/08/07, 19/08/07 and 16/10/2007).
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Table 6.6. The effect of copper on Tetraselmis sp. (Tet) in the absence and presence of
field-collected biofilms (BF).
Testa

Tetraselmis sp.
Tukey’s
Control Growth Rate
Statistical
(doublings/day ± 1SD) Groupingb
Homogenate tests with Winter (July) biofilm collection
28th July
Tet only (1.5)
1.21 ± 0.06
BC
Tet +BF (1.5)
1.29 ± 0.05
CDE
4th August
Tet only (1.5)
1.10 ± 0.08
AB
Tet only (3)
1.01 ± 0.10
A
Tet only (4.5)
0.97 ± 0.08
A
Tet +BF (1.5)
1.30 ± 0.11
CDE
Tet +BF (3)
1.49 ± 0.05
F
T+BF (6)
1.43 ± 0.02
EF
19th August
Tet only (1.5)
1.30 ± 0.02
CDE
Tet +BF (1.5)
1.58 ± 0.12
F
Tet +BF (6)
1.50 ± 0.12
F

NOEC

Homogenate tests with Spring (October) biofilm collection
9th October
Tet only (1.5)
1.42 ± 0.06
DEF
Tet +BF (1.5)
1.56 ± 0.01
F
Tet +BF (15)
1.58 ± 0.01
F
Heat-treated
1.53 ± 0.02
F
Tet +BF (15)
16th October
Tet only (1.5)
1.25 ± 0.07
BCD
Tet +BF (15)
1.51 ± 0.07
F
Heat-treated
1.51 ± 0.03
F
Tet +BF (15)
Freeze-thaw
1.52 ± 0.02
F
treated Tet
+BF (15)

LOEC
72-h IC50c
(µg Cu/L)

<11
12

11
25

49 (41-58) A
77 (68-88) B

5
7
<10
9
<20
21

10
16
10
24
20
45

43 (25-62) A
50 (30-66) AB
55 (36-86) AB
38 (24-47) A
44 (37-53) A
67 (58-75) B

9
10
42

24
23
95

81 (64-98) A
68 (59-75) A
87 (75-111) A

9
6
21
20

22
11
42
41

80 (65-94) A
58 (43-71) B
94 (87-100) A
91 (88-95) A

9
19
19

20
42
42

61 (39-81) A
85 (77-93) BC
79 (74-86) AB

19

42

88 (80-94) C

a

Tet only (1.5, 3 or 4.5) are bioassays containing only Tetraselmis sp. (no biofilm) at an initial cell
density of 1.5-4.5  104 cells/mL. Tet + BF(1.5, 3, 6 or 15) are bioasssays with Tetraselmis sp. (initial
cell density 1.5  104 cells/mL) and biofilm (at initial biofilm cell densities of 1.5-15  104 fluorescent
cells/mL). Heat-treated biofilm cells were prepared by placing a tube of biofilm inoculum in boiling
water for 30 min and freeze-thaw treated biofilm cells by placing a tube of biofilm inoculum in the
freezer (-4°C) and thawing for 10 cycles.
b
Statistical comparison of control growth rates using Tukey’s post-hoc ANOVA test. Capital letters (AF) indicate grouping. The control growth rate of Tetraselmis sp. across all treatments and time were
compared.
c
72-h IC50 is the concentration of copper to inhibit growth rate of Tetraselmis sp. by 50%, with 95%
confidence limits in brackets. Superscript capital letters (A-C) indicate significant difference in 72-h
IC50 values using pair-wise Sprague and Fogels (1976) tests.
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The concentration of copper in solution was measured daily for each treatment solution
over the test period. Dissolved copper concentrations decreased significantly (Figure
6.7). Increasing the initial cell density of Tetraselmis sp. decreased the concentration of
dissolved copper more than increases in the initial cell density of biofilm material. The
(fluorescent) biofilm cell density either decreased or was constant over the 72-h period
in tests, while the number of Tetraselmis sp. cells increased. For example, at initial
exposure concentrations of 100 µg Cu/L, the Tetraselmis sp. cell density increased from
1.57 to 4.7  104 cells/mL (Tet 1.5) and from 4.7 to 18.3  104 cells/mL (Tet 4.5). As a
result of these large decreases in copper concentrations over the test period, timeaveraged copper concentrations were used to calculate test statistics (i.e. NOEC, LOEC
and IC50 values). For example, if copper concentrations were 80, 55, 47 and 43 µg
Cu/L on days 0, 1, 2 and 3, respectively, the time-averaged concentration of copper was
calculated as {[(80+55)/224] + [(55+47)/224] + [(47+43)/224]}/72, i.e. 54 µg Cu/L
(where 24 h has passed between each measurement over a total of 72 h). This gave a
more accurate determination of the copper exposure concentration.
The toxic effects of copper on Tetraselmis sp., in the absence and presence of fieldcollected biofilms are presented in Table 6.6. For Tetraselmis sp. alone (i.e., no biofilm
present) at initial cell densities of 1.5  104 cells/mL, the 72-h IC50 values varied 2fold, ranging from 43 to 81 µg Cu/L. The concentration-response curves from these
individual tests were similar, showing some overlap (Figure 6.8). The NOEC values
were consistently < 11 µg Cu/L for these tests, and the LOEC values ranged from 10 to
24 µg Cu/L.
The effect of increasing initial Tetraselmis sp. cell densities on the toxicity of copper is
shown in Figure 6.9. Increases in the initial cell density of Tetraselmis sp. in the
absence of biofilm had no significant effect on the sensitivity of the alga, with 72-h
IC50 values (with 95% confidence limits) of 43 (25-62), 50 (30-66) and 55 (36-86) µg
Cu/L for initial cell densities of 1.5, 3 and 4.5  104 Tetraselmis sp. cells/mL,
respectively (Table 6.6). The NOEC values were 5, 7 and < 10 µg Cu/L and the LOEC
values were 10, 16 and 10 µg Cu/L for the tests with initial cell densities of 1.5, 3 and
4.5  104 Tetraselmis sp. cells/mL, respectively.
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Figure 6.7. Concentration of dissolved copper measured in test solutions over 72 h at
an initial nominal concentration of (a) 100 µg Cu/L and (b) 200 µg Cu/L. Tet only
(diamonds) = bioassays with Tetraselmis sp. (no biofilm) at initial cell densities of 1.5 4.5  104 cells/mL. T+BF tests (squares) = bioassays with Tetraselmis sp. (initial cell
density 1.5  104 cells/mL) and added biofilm material (1.5- 6  104 fluorescent
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Figure 6.8. Individual concentration-response curves for Tetraselmis sp. with an initial
cell density of 1.5  104 cells/mL. (a) Without biofilm additions. (b) With biofilm
additions of initial cell density 1.5  104 fluorescent cells/mL. Each point represents the
average growth rate (± 1 standard deviation) (n = 3) for treatments using biofilm
collected in winter () and spring (), respectively. The concentration of copper has
been calculated as the time-averaged concentration using measured values from 0-72 h.
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Table 6.7. Growth of Tetraselmis sp. and a centric diatom (released from the biofilm) in control and 100 µg Cu/L treatments, where the biofilm
has been added attached to a slide.

Slide test 1 (9th August)
Control (Tet, no slide)
Control (Tet + clean slide)
Control (+ biofilm slide)
Control (Tet + biofilm slide)
100 ppb Cu (Tet, no slide)
100 ppb Cu (Tet + clean slide)
100 ppb Cu (+ biofilm slide)
100 ppb Cu (Tet + biofilm slide)
Slide test 2 (16th August)
Control (Tet, no slide)
Control (Tet + clean slide)
Control (+ biofilm slide)
Control (Tet + biofilm slide)
100 ppb Cu (no slide)
100 ppb Cu (+ clean slide)
100 ppb Cu (+ biofilm slide)
100 ppb Cu (Tet + biofilm slide)

Growth of Tetraselmis sp.
Mean (±1SD) Growth Rate
ANOVA Group
(Doublings/Day)
% of Control
1.42 ± 0.04
1.46 ± 0.02

100 ± 3
102 ± 1

a
a

1.34 ± 0.02
0.70 ± 0.03
0.67 ± 0.02

95 ± 1
49 ± 2
47 ± 2

a,b
c
c

1.26 ± 0.01

89 ± 8

b

1.23 ± 0.13
1.24 ± 0.04

100 ± 10
101 ± 3

d
d

1.56 ± 0.03
0.40 ± 0.07
0.36 ± 0.01

127 ± 3
32 ± 6
29 ± 1

e
f
f

0.99 ± 0.05

80 ± 4

g

Growth of Biofilm sp. (Centric Diatom)
Mean (±1SD) Growth Rate
ANOVA Group
(Doublings/Day)
% of Control

2.37 ± 0.13
0.80 ± 0.38

100 ± 6
34 ± 16

a
b

0.79 ± 0.64
0.75 ± 0.46

33 ± 27
32 ± 19

b
b

2.41 ± 0.05
1.69 ± 0.14

100 ± 2
70 ± 6

a
a

0.69 ± 0.39
0.53 ± 0.43

29 ± 16
22 ± 18

b
b

Note: Based on cell counts of the homogenate of 2.7  107 fluorescent cells/mL and 100  107 total cells/mL (see Table 1), number of cells per slide were 1.6  107
fluorescent cells/slide and 59  107 total cells/slide (59 slides in 35 mL seawater). i.e., in these tests the initial inoculum was ½ a slide in 50mL of test solution, so 1.6  105
fluorescent cells/mL (similar to inoculum used in some homogenate tests) and 59  105 total cells/mL.
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The effect of adding biofilm homogenate on the toxicity of copper to Tetraselmis sp. is
shown in Figures 6.8, 6.10 and 6.11. The 72-IC50 values for the toxicity of copper to
Tetraselmis sp. in the presence of 1.5  104 biofilm fluorescent cells/mL varied from 38
(24-47) µg Cu/L to 77 (68-88) µg Cu/L, with some statistically significant differences. In
one individual toxicity test, the addition of biofilm at initial cell densities of 1.5  104
fluorescent cells/mL resulted in a significant decrease in the sensitivity of the test species,
Tetraselmis sp., to copper with the IC50 increasing from 49 (41-58) µg Cu/L to 77 (68-88)
µg Cu/L upon the addition of biofilm. In contrast, in the test beginning on the 9th October,
the addition of biofilm at this same initial cell density caused an increase in the toxicity of
copper to Tetraselmis sp., while in weeks beginning the 4th and 19th of August there was no
significant difference in toxicity. Despite these variable results, addition of the spring
biofilm material at the same concentration, resulted in a 72-h Cu-IC50 for Tetraselmis sp.
of 58 (43-71) µg Cu/L, within the range of IC50s calculated using the winter biofilm
homogenate.
Increasing the amount of biofilm homogenate added to the growth rate inhibition bioassays
appeared to have a greater ameliorative effect on Tetraselmis sp. copper NOEC and LOEC
values compared to the 72-h IC50 values, particularly in tests with the biofilm collected in
winter (Figure 6.10). The concentration at which an effect of copper on the growth rate of
Tetraselmis sp. was observed increased with increasing initial biofilm cell densities (Figure
6.10). For example, for the winter collected biofilm the NOEC (5, 9, < 20 and 21 µg Cu/L)
and the LOECs (10, 24, 20 and 45 µg Cu/L) both increased with the increase in initial
biofilm cell density (0, 1.5, 3 and 6  104 fluorescent cells/mL, respectively) (test week
04/08/07, Table 6.6). Similarly with the spring collected biofilm the NOECs (9, 6, and 21
µg Cu/L) and the LOEC (22, 11 and 42 µg Cu/L) both increased at higher initial biofilm
cell densities (0, 1.5 and 15  104 fluorescent cells/mL, respectively) (test week 09/10/07,
Table 6.6). The concentrations of biofilm material added at the higher initial cell densities
of 6 and 15  104 fluorescent cells/mL had a variable effect on the toxicity of copper to
Tetraselmis sp. in individual tests, with 72-h IC50 values not always significantly different
from that of Tetraselmis sp. tested in the absence of biofilm. For example, using the spring
collected biofilm, in the first week the 72-h IC50 values for Tetraselmis sp. were not
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Figure 6.10. Concentration-response curves for the growth of Tetraselmis sp., at an initial
cell density of 1.5  104 cells/mL, in the presence of winter biofilm material (0, 1.5, 3 and 6
 104 fluorescent cells/mL). These results were from tests run in parallel (4th to 7th Aug
2007; 8 days post-collection). Points with error bars are average ± 1 standard deviation
(n=3). The concentration of copper has been calculated as the time-averaged concentration
using measured values from 0-72 h. Tet only = Tetraselmis sp. (initial cell density of 1.5 
104 cells/mL), no biofilm. Tet + BF(n)= Tetraselmis sp. (initial cell density of 1.5  104
cells/mL) plus a biofilm addition with an initial cell density of n  104 fluorescent cells/mL.
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Figure 6.11. Concentration-response curves for the growth of Tetraselmis sp., at an initial
cell density of 1.5  104 cells/mL, in the presence of spring biofilm material (0, 1.5 and 15
 104 fluorescent cells/mL). These results were from tests run in parallel (9th to 12th Oct
2007; 1 day post-collection). Points with error bars are average ± 1 standard deviation
(n=3). The concentration of copper has been calculated as the time-averaged concentration
using measured values from 0-72 h. Tet only = Tetraselmis sp. (initial cell density of 1.5 
104 cells/mL), no biofilm. Tet + BF(n)= Tetraselmis sp. (initial cell density of 1.5  104
cells/mL) plus a biofilm addition with an initial cell density of n  104 fluorescent cells/mL.
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significantly different for tests with or without biofilm (initial cell density 15  104
fluorescent cells/mL), with 72-h IC50 values of 80 (65-94) µg Cu/L and 94 (87-100) µg
Cu/L, respectively. In the second week of testing, the 72-h IC50 values were
statistically different, with the addition of biofilm ameliorating toxicity of copper to the
alga (i.e. the 72-h IC50 increased from 61 (39-81) to 85 (77-93) µg Cu/L for no biofilm
and biofilm addition respectively) (Table 6.6).
While the aim of this study was not to investigate the effect of copper on the biofilm
itself, when biofilm material was added to the toxicity tests at lower initial biofilm cell
densities of 1.5-6  104 fluorescent cells/mL, both the fluorescent biofilm cell count and
total counts decreased over the 3-day test (Figure 6.12). Initially it was suspected that
the high light intensity used in the standard algal tests was responsible for the biofilm
decline. However, the use of lower light intensities for the bioassay had no effect.
Interestingly however, at initial biofilm cell densities of 15  104 fluorescent cells/mL,
biofilm growth did occur but only after an initial decline in cell numbers over the first
two days (data not shown). Evaluation of the growth of the biofilm was limited to
autofluorescent species in the region defined on the flow cytometer by the values 10100 on the x axis (FL3) and 10-100 on the y axis (SSC) (Figure 6.2). Similar growth
occurred in this region when biofilms were added as slides to toxicity tests, in which
microscopic analysis suggested that a centric diatom from the biofilm was growing in
the tests (Table 6.7). The addition of copper to samples increased the rate at which the
biofilm fluorescent cell density decreased at lower initial cell densities, and prevented
the growth of biofilm autofluorescent cells at initial cell densities of 15  104
fluorescent cells/mL.
Accurate counts of the biofilm material in the presence of Tetraselmis sp. could not be
obtained. This was because, as Tetraselmis sp. cells grew older or were impacted by
copper, they shifted out of the region on the flow cytometer that defined the healthy
Tetraselmis sp. population, i.e. shifted to the left as the chlorophyll a autofluorescence
signal decreased (< FL3) (Figure 6.2). Thus these cells moved into the region that was
used to obtain biofilm total cell counts and biofilm fluorescent cell counts, with
numbers increasing over time and with increasing copper concentrations (Figure 6.12).
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Figure 6.12. Changes in cell counts for regions defining “biofilm cell numbers” over
time (winter biofilm homogenate, 4-7/8/07). BF 1.5 = biofilm addition of 1.5  104
fluorescent cells/mL; Tet + BF 1.5 = Tetraselmis sp. (1.5  104/mL) + biofilm addition
of 1.5  104 fluorescent cells/mL; Tet 1.5 = Tetraselmis sp. (1.5  104/mL) alone (no
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Low light test (at 70 µmol photons/m2/s). Note that as Tetraselmis sp. cells grew older
or were affected by Cu they would move from the region defining healthy Tetraselmis
sp. cells into the region operationally defined as the biofilm region.
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This made it difficult to assess the impact of copper on the biofilm in the presence of
Tetraselmis sp.
The toxic effects of copper on Tetraselmis sp., in the presence of inactive or dead
biofilm material (at initial cell densities of 15  104 fluorescent cells/mL) was
investigated. The “inactivated” material was added as an equivalent volume of
homogenate as tests with non-treated biofilm, with initial cell densities of 15  104
fluorescent cells/mL. However the methods used to inactivate the biofilm, boiling
biofilms for 30 min or 10 freeze-thaw cycles, were not sufficient as some cells remained
viable. This was evident because growth of a biofilm species was observed within the
last 72 h of testing, as with tests with live biofilm at this cell density. The 72-h IC50
values for the “inactivated” and non-treated biofilm tests were not significantly different
(Table 6.6). The cell count was measured prior to and following the boiling or freezethaw cycles. The fluorescent cell count decreased substantially following the
‘inactivation’ treatments, partially because the cells are no longer viable and thus
fluorescence decreases but also because of cell lysis. This is why the inactivated
material had to be added as an equivalent volume of homogenate as the tests with nontreated biofilms. Potentially this means that where cell lysis occurred, ligands otherwise
unavailable for metal binding would be able to bind copper in solution. One would
expect that if anything, this would result in a decrease in copper available to the test
species Tetraselmis sp. and thus a decrease in sensitivity. However, this was not
observed.

Whole attached biofilm slide test results
The growth of Tetraselmis sp., and biofilm species that desorbed from the glass slides,
was measured over 72-h in tests where whole attached biofilms were added to test
solutions (Table 6.7, Figure 6.13). These tests used slides from the winter colonisation
period (July 2007). In the whole biofilm slide tests, the addition of a washed slide, free
of biofilm, as a control, made no significant difference to the growth of Tetraselmis sp.,
either in control solution (no copper) or in 100 µg Cu/L treatments. In the first test, the
addition of the whole biofilm on the slide did not enhance Tetraselmis sp. growth rates,
i.e. the growth rate was 1.34 ± 0.02 and 1.46 ± 0.02 doublings/day for solutions with
and without biofilms, respectively. However in the second test, addition of the biofilm
158

Tetraselmis sp. Growth Rate (doublings/d)

1.8
1.6
1.4
1.2
1
0.8
0.6
0.4
0.2
0

Tet only

Tet + clean slide

Biofilm growth rate (doublings/d)

3

Tet + biofilm slide
Test 1 No Cu
Test 2 No Cu

2.5

Test 1 100 µg Cu/L
Test 2 100 µg Cu/L

2
1.5
1
0.5
0

Biofilm slide only

Tet + biofilm slide
Cell types present

Figure 6.13. The growth of (a) Tetraselmis sp. and (b) biofilm material (in solution) in
slide biofilm test assays in two separate tests.
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slide significantly increased the growth of Tetraselmis sp., from 1.24 ± 0.04 to 1.56 ±
0.03 doublings/day.
In the first test, the growth rate of Tetraselmis sp. cells exposed to copper (expressed as
a percentage of control growth rates) increased from 47 ± 2% in the absence of biofilm
to 89 ± 8%, in the presence of biofilm. This is a complete amelioration of toxicity as
the latter value was not significantly different to the growth rate of cells in a set of
controls which were grown in the presence of biofilm slides but not exposed to copper
(Table 6.7). In the second test, the growth rate of Tetraselmis sp. exposed to copper
increased from 29 ± 1% (of control cell growth rate) in absence of biofilm material to
80 ± 4% in the presence of biofilm (i.e. partial amelioration of toxicity, Table 6.7). In
these tests, some cells detached from the biofilm and began to grow in the test solution.
These cells had a distinct signal at FL3 10-100 and SSC 10-100 on the flow cytometer.
The test media were examined microscopically at the end of the tests, and the cells
appeared to be a small centric diatom species, although other species were also present
in smaller numbers. When Tetraselmis sp. was not present in the media, the growth rate
and yield of this biofilm alga in solution was much higher (up to 61  104 cells/mL by
Day 3), than when Tetraselmis sp. was present (Table 6.7). This suggests competition
for nutrients between the algal species. The addition of copper inhibited the growth rate
of this other algal species (in the absence and presence of Tetraselmis sp.).

6.4 Discussion
The biofilm community collected in spring (October) was different to that collected in
winter (July). Biofilms colonising slides in spring were observably thicker, and had
higher cell counts, higher chlorophyll a concentrations and higher concentrations of
carbohydrates and proteins in the EPS. The bacterial component of these communities
was more diverse and, based on band intensity, bacteria were more abundant in the
spring community. Some species of bacteria were present in both the winter and spring
biofilms, however one dominant species in winter was missing from the spring samples.
Conversely, there were a number of bacteria species present only in the spring samples.
This is not surprising, as during spring light incidence, water temperature and surface
seawater nutrient concentrations are higher than in winter, promoting a peak in primary
production, particularly associated with nutrient upwellings. Temperature has been
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shown to influence biofilm productivity, with growth rates for bacteria and algae being
higher at higher temperatures (Palmer and White, 1997; Rodgers et al., 1979), and
temperature also influences community structure and the sensitivity of communities to
toxicants (Boivin et al., 2005).
The biofilm did not change substantially upon storage for 10 days at 4oC in the dark,
with no significant differences in cell counts or chlorophyll a concentrations, and no or
small differences between EPS fractions. However, after one month’s storage, the
volume of homogenate required to inoculate growth rate inhibition bioassays with 1.5, 3
or 6  104 fluorescent cells/mL increased which suggests that the algal component of the
biofilm was changing over time and that biofilms for toxicity testing should be used as
soon as possible after collection. Alternatively, laboratory-cultured biofilms, grown to a
specific cell density, could be used to reduce the experimental variability. Despite the
potential for reducing test variability, producing biofilms in the laboratory can be
difficult, and may not be environmentally relevant. For example, Barranguet et al.
(2000) found that the diatom Synedra ulna often did not form biofilms, remaining
suspended in solution, and the dry mass of monospecific biofilms was usually lower
than that of natural biofilms grown over the same period of time.
Biofilms did not grow under laboratory bioassay test conditions, unless an initial
biofilm inoculum of 15  104 fluorescent cells/mL was used. At lower initial biofilm
cell densities there was a decrease in the biofilm cell density over time, particularly for
the fluorescent cells. Where growth of biofilm material did occur (slide tests and
homogenate tests using 15  104 fluorescent cells/mL), the growth appeared to be due to
one algal species. This species was smaller in size and contained less chlorophyll a
than Tetraselmis sp., based on a lower forward angle light scatter signal and a lower
FL3 signal on the flow cytometer. Microscopic observation confirmed that this, or
these, species growing were small centric diatoms.
It was hypothesised that biofilm cells may have been experiencing phytotoxicity from
the higher light conditions used in the toxicity tests (140 µmol photons/m2/s) compared
to the light intensity at the depth of natural biofilm colonisation (2 m). However, use of
low light conditions (70 µmol photons/m2/s) did not improve the growth of biofilm cells
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or reduce the rate at which fluorescent biofilm cells in solution decreased over the
duration of the bioassay (Figure 6.12). Light intensity is a significant factor in defining
the structure of biofilms (Zippel and Neu, 2005; Hill and Larsen, 2005; Barranguet et
al., 2005) and can also be a factor that affects the toxicity of metals to algae (Stauber
and Davies, 2000). Heterotrophic bacteria dominate biofilms grown under limited light
conditions (Zippel and Neu, 2005), and diatoms are more efficient in low light
conditions compared to green algae (Barranguet et al., 2005). At higher light intensities
biofilms mature earlier (Zippel and Neu, 2005), have higher biomass (Barranguet et al.,
2005) and the production of EPS in benthic diatoms increases (Stal and Défarge, 2005).
Hill and Larsen (2005) found that at lower light intensities (65 µmol photons/m2/s) the
uptake of metal to carbon was four to five times higher than in light saturating
conditions. Growth dilution of metals in biofilms, rather than elimination, was also
considered to be an important factor in determining why at higher light, biofilms
contained less metal. Light conditions can directly affect the toxicity of contaminants,
interacting with photoactive species like humic acids creating reactive oxygen species,
or may increase the reactivity of toxicants (e.g. Zn) (Morel and Palenik, 1989). Light
can also indirectly affect toxicity by changing the structure of the biofilm community,
as different algal species have different sensitivities to toxicants, or through changes
mediated by photosynthesis, e.g. fluctuations in pH, O2 and CO2 concentrations.
While the current testing protocol was suitable for following the growth of Tetraselmis
sp. in the presence of biofilm (± copper), the impact of copper on the biofilm itself
could not be assessed. Upon addition of Tetraselmis sp. it was difficult to measure the
true biofilm cell density, because as Tetraselmis sp. became unhealthy due to copper
toxicity, the cells’ chlorophyll a fluorescence signal decreased, placing the unhealthy
Tetraselmis sp. cells in the region used to define the biofilm cells. Further research is
required to enable the assessment of toxicity to biofilms, or any mixed community,
using flow cytometric methods, such as the use of fluorescent dyes to monitor crucial
metabolic pathways (Adler et al., 2007) or the development of non-toxic dyes that can
tag specific species and follow their growth over time (Franklin et al., 2004).
Addition of biofilm material to growth rate inhibition bioassays, either improved or had
no effect on the growth rate of the test species, Tetraselmis sp. The biofilms may
provide nutrients to Tetraselmis sp. that are not otherwise present in the minimal
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nutrient test medium (seawater with nitrate and phosphate), e.g. iron. Biofilms can act
as a sink for nutrients, trapping them within the EPS matrix, while the close interactions
of species within the dense biofilm can encourage the breakdown of algal products by
bacteria, remobilising nutrients for growth (Burns and Ryder, 2001; Costerton, 1995;
Grossart et al., 1999; Sutherland, 2001). Similarly, the work in Chapter 5 showed that
increases in the presence of certain bacteria associated with algae in culture increased
control growth rates for some algae, but not others.
Addition of small amounts of biofilm homogenate made little difference to the
sensitivity of Tetraselmis sp. to copper, with only one of five definitive tests using 1.5 
104 fluorescent biofilm cells/mL significantly ameliorating toxicity based on 72-h IC50
values (Table 6.6). Addition of higher concentrations of biofilm material did help
ameliorate copper toxicity to Tetraselmis sp, as defined by statistically significant
increases in the 72-h IC50 values. However, amelioration of copper toxicity varied
from test to test (Table 6.6), with only two of four tests showing a significant reduction
in copper toxicity. The addition of 6  104 fluorescent biofilm cells/mL increased the
copper IC50 for Tetraselmis sp. from 43 to 67 µg Cu/L (4/8/07) and the addition of 15 
104 fluorescent biofilm cells/mL increased the IC50 from 61 to 85 µg Cu/L (16/10/07)
(Table 6.6). However, the toxicity of copper to Tetraselmis sp. in the absence of
biofilm varied two-fold across all tests, and this was also reflected in tests with biofilm
additions, which could account for the variation in amelioration observed. Such twofold differences in copper toxicity to algae in single species tests are usual and are
considered acceptable in quality assurance programs (J. Stauber, pers. comm.). Both
the addition of winter and spring biofilm homogenates gave some amelioration of
copper toxicity to Tetraselmis sp., and any decreases in sensitivity for Tetraselmis sp. to
copper were of comparable magnitude (20-30 µg Cu/L difference) in the 72-h IC50
values. Increases in the threshold effect parameters were evident upon increasing
concentrations of biofilm (Figure 6.10; Table 6.6). The copper NOEC and LOEC
values for Tetraselmis sp. both increased in the presence of biofilm homogenate. In
terms of water quality guidelines, it is these parameters that are most often used to set
regulations, e.g. the use of NOECs, minimum detectable effect concentrations or EC20
values to define species sensitivity distributions. Compared to the variable results found
with biofilm homogenate additions, when whole (intact) biofilms attached to slides
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were added to growth-inhibition assays (control or 100 µg Cu/L), partial or complete
amelioration of copper toxicity was noted in both tests (Figure 6.13).
No previous reports in the literature have assessed the toxicity of copper to a laboratory
test species in the absence and presence of natural biofilms. However, the addition of
exudates or EPS derived from algae under environmentally relevant conditions (i.e. low
cell densities and minimal nutrient test media) ameliorated the toxicity of cadmium,
zinc, copper and lead to the green alga Pseudokirchneriella subcapitata (Koukal et al.,
2007). This was likely to be due to decreases in the free ionic metal in solution upon
addition of exudates or due to specific interactions between the exudates and algal cell
that altered metal uptake into the alga (Koukal et al., 2007). Barranguet et al., 2000
found that field-isolated species grown as monospecific biofilms were less sensitive to
toxicants than their planktonic forms, and that natural biofilms were more tolerant than
the laboratory-produced monospecific biofilms (derived from those natural biofilms).
The Synedra ulna monospecific biofilm had an EC50 (photosynthetic quantum yield) of
10.73 µM (681 µg Cu/L). For monospecific biofilms using the cyanobacteria
Oscillatoria sp., the highest concentration of copper tested did cause a significant
decrease in quantum yield, however not a 50% effect (i.e. the EC50 was > 22 µM or
1.38 mg/L) while an EC50 could also not be determined for the natural biofilm (7-h
EC20 of 30 µM or 1.9 mg Cu/L). One explanation for the decrease in toxicity of metals
to algae in biofilms, is the higher pH in biofilms. Increased alkalinity can reduce the
solubility of metal ions, increasing precipitation and thus decreasing the bioavailability
of metals (Morel and Palenik, 1989; Barranguet et al., 2000).
It was hypothesised that the small protective effects that the biofilms exerted on coppertoxicity to Tetraselmis sp. were due to the increased binding of copper to cell surfaces
and cell exudate products when biofilms were present, i.e. a surface area effect. The
large increase in cell density and in cell exudate products for biofilms when compared
to the plankton is possibly the most important explanation for the potential protective
effect of biofilms against metal toxicity (Morel and Palenik, 1989). Previous research
has shown that increasing the initial algal cell density (102-105 cells/mL) in growth rate
inhibition bioassays with phytoplankton significantly decreased the toxicity of metals,
including copper, to algae (Franklin et al., 2002). In the current research, three-fold
increases in the initial cell density of Tetraselmis sp. did not significantly decrease the
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toxicity of copper (Table 6.6, Figure 6.9). In attempts to find out if inactivated biofilms
could also ameliorate toxicity, heat-treated and freeze-thaw treated biofilm material was
added to toxicity tests. However, the treatments did not totally inactivate the biofilms,
with growth of cells observed after 72-h. 72-h IC50 values for the “inactivated” and
non-treated biofilm tests were not significantly different (Table 6.6). Chemical
treatment of the biofilm was not attempted as the addition of glutaraldehyde or formalin
to kill the biofilm cells would have resulted in carry over of the fixative to the test
species, Tetraselmis sp. Subsequently, it could not be determined if the small protective
effect exerted by the biofilm in some tests was due to abiotic effects, e.g. a surface area
effect (greater number of binding sites for copper gives less toxicant per cell therefore a
decrease in sensitivity) or due to biotic effects, e.g. specific cell-cell or cell-exudate
interactions.
6.5 Conclusion
The addition of biofilms to growth rate inhibition bioassays provided some amelioration
of copper toxicity to the laboratory-cultured species (Tetraselmis sp.). The addition of
biofilms effectively increased the concentration of copper at which no effects on the
algae occurred (increased NOEC values) and also increased the concentration at which
growth rate inhibition first occurred (increased LOEC values). However increases in
the 72-h IC50 values were not always significant in these tests, suggesting that at higher
copper concentrations the protective effects of the biofilm were overcome, possibly due
to saturation of binding sites within the biofilm. When whole biofilms were added to
tests attached to slides rather than as a homogenate, there was significant amelioration
of toxicity at copper exposures of 100 µg Cu/L. Further work is required to determine if
the amelioration of toxicity by the addition of biofilm is due to abiotic factors
influencing copper speciation, e.g. an increase in sorption to inactive binding sites due
to a greater surface area, or due to specific biotic factors.
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CHAPTER 7. GENERAL DISCUSSION AND FUTURE WORK
Although it has been well established that different species of marine algae have
different sensitivities to metals, our understanding of the physiological and biochemical
basis for these differences is limited. This thesis examined several factors that affect the
toxicity of copper to microalgae. Because algal cells are dynamic organisms that can
interact with the environment around them, this research initially examined the role that
biotic factors play in determining algal species-sensitivity (Chapters 3 and 4). It also
investigated the role of bacteria (in culture and in biofilms) in ameliorating copper
toxicity to microalgae (Chapters 5 and 6). These two areas of research link together to
increase the environmental relevance of laboratory-based microalgal toxicity testing,
allowing for the improved use of this tool in the development of water quality
guidelines, and their use in environmental regulation.
It is well known that the biogeochemical speciation of metal in solution is critical to the
uptake and toxicity of that metal. Abiotic factors are crucial in directly and indirectly
determining the toxicity of metals to algae, through their effects on speciation and
through effects on uptake due to competition between metals (and protons) at the biotic
ligand, or reactive sites on the cell membrane that function to transport metal into the
cell. These abiotic factors include pH, hardness, natural dissolved organic matter,
salinity, media composition, and the presence of co-occuring metals. Other factors that
can affect the toxicity of metals to algae include pre-exposure of cells to metals in the
environment (acclimation/adaption), nutrient concentrations (high nutrient
concentrations can offer a protective effect against toxicity), temperature, length of
exposure to metals, the duration of contaminant fluxes or pulses, and recovery time
between pulses. These abiotic factors have been given a lot of attention in attempts to
understand metal uptake into organisms including algae. Biotic factors have been given
less attention, but as algae have the ability to interact with their environment, they may
be very important in defining species sensitivity. These biotic factors include different
cell sizes, cell wall type, cell adsorption capacities, uptake rates, metabolic pathways
and physiological and biochemical processes of detoxification. Similarly toxicity may
be related to cell phyla (i.e. a certain taxonomic group may be less sensitive to copper
due to a particular trait) or may be changed by interactions with other organisms, e.g.
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with bacteria on the surface of cells, or the formation of multi-species biofilms which
may act to ameliorate toxicity. The overall aim of this PhD thesis was to determine how
biotic factors can influence copper toxicity to microalgae.
The first two specific aims of this project were to assess the sensitivity of a range of
marine microalgae to copper using 72-h growth rate inhibition bioassays and then to
determine if biotic factors such as cell size and cell wall composition influence copper
sensitivity in microalgae, and whether any general patterns in copper sensitivity are
evident based on taxonomic phylum. The toxicity of copper to microalgae and the
impact of abiotic factors have been well studied as part of the development of a biotic
ligand model (BLM) for algae and to enable the prediction of metal toxicity based on
abiotic water quality parameters, potentially eliminating the need for expensive
laboratory testing and ecological field surveys. However, the fundamental question of
why one algal species is more or less sensitive than another has still not been adequately
addressed and these concepts are useful for being able to assess the assumptions behind
the BLM. In this research, the toxicity of copper to marine microalgae varied over four
orders of magnitude from 0.6 µg Cu/L for Minutocellus polymorphus to 530 µg Cu/L
for Dunaliella tertiolecta. The sensitivity of marine microalgae to copper was not
related to the phyla of the algal species, nor to the cell wall structure. Interestingly, no
significant relationship between copper sensitivity and cell size was found, despite the
general hypothesis in the literature that smaller cells with a higher surface area to
volume ratio are more sensitive to toxicants.
To determine whether algal copper sensitivity was related to copper-cell binding, the
one-hour metal-cell partition coefficient (Kd) was determined in a range of marine algae
with known sensitivity to copper. Franklin et al. (2002b) found that two freshwater
algal species of similar copper sensitivity had similar Kd values (over a 72-h period) and
hypothesised that these two parameters, Kd and copper sensitivity, may be linked. In
contrast, this research found that there was no relationship between the one-hour Kd and
72-h sensitivity to copper for the six marine algae studied here. Thus, a one-hour Kd
was not a useful predictor of copper sensitivity in marine microalgae. This was not
unexpected, as the literature suggests that the adsorption of cationic metals, like copper,
to cell surfaces is rapid, with saturation of both active metal transport sites and nonactive metal sites occurring within minutes (Campbell, 1995; Knauer et al., 1997;
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Wilkinson and Buffle, 2004). It is assumed that active metal transport sites at the cell
membrane are important in transporting copper across the plasma membrane, hence
assessment of the concentration of copper bound to these active sites (or the metalbiotic ligand concentration) is likely to be a more appropriate indicator of toxicity than
non-specific metal binding (Hassler et al., 2004a; DeSchamphelaere et al., 2005; Kola
and Wilkinson, 2005). The concentration of copper bound to active sites, in
combination with copper uptake rates, internal cellular copper loads, copper elimination
rates and copper detoxification processes, will all potentially determine the sensitivity
of algal species to copper.
Having shown that biotic factors such as cell size and type and copper-cell binding were
not determinants of algal sensitivity to copper, the next stage of the thesis investigated
the relationship between species sensitivity to copper and both uptake rates and
intracellular copper concentrations in copper- sensitive and copper-tolerant algal species
(Chapter 4). Sensitivity to copper decreased in the order diatom Phaeodactylum
tricornutum (72-h IC50 of 8.0 µg Cu/L), prasinophyte Tetraselmis sp. (72-h IC50 47 µg
Cu/L) and the chlorophyte Dunaliella tertiolecta (72-h IC50 530 µg Cu/L). At these
IC50 concentrations, Tetraselmis sp. had much higher intracellular copper (1.97 ± 0.01
 10-13 g Cu/cell) than P. tricornutum (0.23 ± 0.19  10-13 g Cu/cell) and D. tertiolecta
(0.59 ± 0.05  10-13 g Cu/cell), suggesting that Tetraselmis sp. effectively detoxifies
copper within the cell. By contrast, at the same external copper concentration (50
µg/L), D. tertiolecta appears to exclude copper better than Tetraselmis sp. as it had a
slower copper internalization rate and lower internal copper concentrations at equivalent
extracellular concentrations. Similar trends were found when the results were analysed
on a volume basis, taking into account different cell sizes. The results suggest that the
use of internal copper concentrations and net uptake rates alone cannot explain
differences in species sensitivity for different algal species. In combination with this,
the impact of copper on cell ultrastructure was examined. At the copper exposures
tested (approximate 72-h IC50) the diatom P. tricornutum was found to swell in size
and the cells clumped together, which may be related to glutathione ratios and impacts
on mitosis within the cell. This did not occur in copper-exposed Tetraselmis sp. or D.
tertiolecta cells. In these species the most notable change observed by TEM was an
increase in the number and size of vacuoles. Impacts of copper on the structure of the
plasma membrane could not be elucidated even in high resolution TEM images and, as
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such, ultrastructural studies are unsuitable for assessing changes to the presumed biotic
ligand of algal cells.
The production of algal exudates in the presence of copper was also explored and found
to vary between species. Based on labile copper in solution (using ASV), there was no
notable exudate production for the three algal species under control conditions or upon
exposure to 50 µg Cu/L. However, chemical analysis of carbohydrate and protein
material in solutions when D. tertiolecta was exposed to 500 µg Cu/L, suggested
increased exudate production compared to controls cells. More comprehensive
experiments would be required to verify the role of exudates in ameliorating toxicity for
these three algal species.
In the copper uptake experiments (Chapter 4), an initial lag period was found for copper
uptake into the algal cells. Knauer et al. (1997) found linear uptake of copper at external
free copper concentrations of 10-11 M over a period of approximately 6 hours and
saturation of uptake after only 100 min at low free copper concentrations of 6.31  10-13
M. Similarly, Worms et al. (2006) found linear internalisation of metal in the first 60
minutes that C. reinhardtii was exposed to 18 µg Ni/L (3 × 10-7 M Ni2+). Le Faucheur
et al. (2006) found induction of phytochelatins in the freshwater alga Scenedesmus
vacuolatus within one hour of copper additions of ≥ 8  10-11 M free Cu2+. This
suggests that copper is being rapidly taken up into cells at the early stages of exposure,
or in the latter work with phytochelatins, that either surface-bound copper or internal
copper is inducing metabolic changes within the cell. Perhaps increasing internal
copper concentrations were not observed initially in the current study due to slower
uptake rates by these marine species, or due to limitations in the analytical techniques
used. It is difficult to make direct comparisons between uptake rates in different studies
due to the use of different units, e.g. the Knauer et al. (1997) study reports uptake rates
as mol Cu/g dry weight algal cells/min with values ranging from 1 × 10-11 to 9 × 10-9
mol Cu/g/min at (non-toxic) free copper concentrations of 10-14 M to 10-8 M.
Conversion of the uptake rates in the current study (with assumptions that each 1 cm3
volume of cells would equal 1 g, and with dry weight 25% of wet weight) would give
an uptake rate for P. tricornutum (exposed to 10 µg Cu/L) of 5 × 10-10 mol Cu/g dry
weight/min. Thus considering the higher copper concentrations used, copper uptake is
quite low. The use of 64Cu would help improve detection limits and allow short term
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uptake to be better determined, but due to the short half-life (12.7 hours) and difficulties
in obtaining this isotope, it was not a feasible option for the current study.
It would also be interesting to pursue work that could help elucidate detoxification
mechanisms for these three species in more detail. Current research with microalgae
and other aquatic organisms is moving to investigate the internal biological speciation
of metals within cells, as it is clearly shown in the current work that total internal copper
concentrations are not sufficient to predict species-sensitivity. For example,
ultracentrifugation is being used to examine the location of copper within the cell, and
the binding of metal to sensitive internal fractions (Campbell et al., 2006, Miao and
Wang, 2007). It would be interesting to see whether the marine algae in this study
sequester copper in a similar way to freshwater species. As Tetraselmis sp. appeared to
internalise the largest amount of copper (while only moderately sensitive to copper) it
may be storing copper in less available fractions, while P. tricornutum, with lower
uptake but higher sensitivity to copper may have copper bound to the sensitive
fractions. Another approach gaining increased attention in the literature is the use of
toxicogenomics to associate the impact of copper on gene expression profiles on direct
histological/toxicological effects. This work has thus far taken place with algal species
with fully characterised genomes, such as the freshwater green alga Chlamydomonas
reinhardtii, (e.g. Jamers et al., 2006) and the marine diatom Thalassiosira pseudonana
(e.g. Davis et al., 2006) but would be of interest for other species of algae, particularly if
physiological effects can be linked to changes in the up- or down-regulation of specific
genes.
The ultimate goal in species-sensitivity studies of microalgae would be to definitively
identify the biotic ligand for algae, and identify specific copper transporters and
chaperones operating within these cells. At this point research still assumes the biotic
ligand for algae is found on the cell membrane, and specific transporters have not been
elucidated. Another major assumption for the BLM is that binding sites on the
membrane, as the likely biotic ligand, do not change in different water quality
conditions or upon binding to metals. However, this is still in question. Some evidence
shows that algal cell membranes may be altered in response to the binding of metals, or
membrane permeability may be affected, particularly in the presence of metal mixtures
or in response to varying pH (Franklin et al., 2002a; Worms et al., 2006; François et al.,
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2007). This should be investigated more thoroughly. In depth information on
mechanisms of toxic action at a cellular level and also on detoxification mechanisms is
still required. The delivery of copper within the cell to sites where it is needed (e.g. for
use in cytochrome c oxidase) is likely to occur via the use of copper chaperones. Large
protein-based chaperone molecules can prevent copper toxicity to the cell, by binding
the free metal and transporting it to where it is needed, rather than allowing potentially
damaging free redox-active copper ions to move throughout the cell (or alternatively,
ensure that this essential element reaches its target rather then get shunted into
detoxification pathways (Field et al., 2004)). For example, the transformation of free
Cu2+ and Cu+ within the cell can produce damaging hydroxyl radicals that result in
oxidative damage to lipids, proteins and DNA (Harrison et al., 2000). Specific copper
chaperones have been elucidated in bacteria, yeasts and mammalian cells (including
humans) that govern the delivery of copper to certain P-type ATPase proteins
(responsible for the transport of trace metals), cytochrome c oxidase and superoxide
dismutase (Eide, 1998; Wunderli-Ye and Solioz, 1999; Harrison et al., 2000; Davis et
al., 2006; Jamers et al., 2006). When these chaperone molecules are overwhelmed, or
saturated with copper, free copper within the cell will exert toxic effects, particularly if
no other detoxification pathway exists. In Enterococcus hirae (Gram-positive bacteria)
the CopA P-type ATPase is thought to be responsible for Cu+ uptake when copper is
limited, and the CopB P-type ATPase may export Cu+ from the cell when copper is in
excess (Wunderli-Ye and Solioz, 1999; Harrison et al., 2000). The CopB ATPase
transport protein may be responsible for copper resistance in E. hirae, allowing cells to
grow in high concentrations of copper due to the ability to eliminate copper from the
cell (Wunderli-Ye and Solioz, 1999), as mutants deficient in the gene encoding CopB
ATPase (copB) are more sensitive to copper. The expression of both a copper uptake
transport and a copper exporter allows copper homeostasis in cells. It would be of great
interest to elucidate the presence of similar transporters and chaperones in microalgae,
as it is suspected that similar mechanisms for preventing toxicity and controlling copper
homeostasis occur in microalgae (Stauber and Davies, 2000; Davis et al., 2006; Jamers
et al., 2006), particularly as these structures appear to be highly conserved in a wide
range of prokaryotic and eukaryotic cells (Wunderli-Ye and Solioz, 1999). It is
suspected that free Cu2+ is reduced to Cu+ either at the cell surface or inside the cell,
however the internal chemical speciation of copper within algal cells is only now being
studied using synchrotron techniques.
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Another potential pathway for the amelioration of copper toxicity could include the
internalisation of membrane-bound copper through the natural membrane regeneration
processes of cells. Some preliminary work was initiated within this project to use a
membrane dye (FM 1-43, Molecular Probes, Invitrogen) to quantify the rate of
endocytosis of plasma membranes (if it occurs) for D. tertiolecta (with no cell wall to
complicate the use of the dye). Ideally, this would then be linked to copper exposure
and toxicity. A variety of dye concentrations were trialled, along with various dyeing
times and numbers of cell rinses. It was found that high concentrations of dye (≥ 3.27
µM) were required to give significant fluorescence shifts (based on the FL2 parameter).
Unfortunately, this particular dye interfered with the normal algal cell counting method
for the flow cytometer as its background signal overlapped with that of our reference
count beads (which was overcome using daily algal cell count calibrations). Exposure
to the dye did not affect growth rates in controls (no copper) or in copper-exposed
treatments. While cell FL2 fluorescence decreased over the initial four hours,
potentially suggesting membrane internalisation, analysis over a 3-d period suggested
that changes in FL2 in the presence of dye were linked to diurnal cell-cycles, with low
FL2 at the start of the light cycle increasing over the course of the day, followed by a
large decrease during the dark cycle. This pattern was observed in both control and
copper-exposed cells. The main problem encountered was the difficulty in determining
if decreases in the FL2 parameter over time were due to (i) dilution of dye in
membranes due to growth of cells, (ii) internalisation of the dye into the cell through
endocytosis, (iii) remobilisation of dye from membrane into solution, or (iv) fading of
dye complex with time. Much more work would be required to examine this concept,
and as such it was not presented within this thesis, but remains an interesting point for
further research.
One of the objectives of this thesis was to examine the ways in which relationships with
other algae or other organisms like bacteria, e.g. within biofilms, can affect algal species
sensitivity to copper. Secondary to this was the aim of improving the environmental
relevance of current algal bioassays, by potentially incorporating other organisms into
the standard assays. In Chapter 5 the effect of the presence of bacteria on the sensitivity
of algal species in culture was tested and discussed. Firstly, it was found that algal
cultures previously assumed to be axenic, or bacteria-free, actually contained bacteria
173

(based on DGGE profiles and band intensity), though the bacteria were generally less in
number, and less diverse than in the cultures known to contain bacteria. However, these
bacteria persisted after multiple attempts to remove bacteria by repeated plating on agar
culture medium. Thus it is likely that most algal cultures used in toxicity tests have
closely associated bacteria and removing these bacteria could potentially result in
greater harm to the alga. In assessing the axenic status of algae, it is no longer
acceptable to rely exclusively on microscopic and culture techniques. Cultureindependent techniques such as PCR-DGGE are well established and, in combination
with sequencing information, can provide a great deal of information about the
associations of bacteria and algae. One of the most important outcomes from this study
was that while cell-cell interactions are important, they may not always make a
difference to the direct toxicity of a substance to an algal species, and this justifies the
continued use of standard bioassays for the assessment of water quality. For three of
the four algal species tested, there was no difference in sensitivity when there were
more bacteria present (a non-axenic culture where bacterial numbers did not interfere
with ability to culture and were likely derived from initial field isolation of algal cell).
For the remaining species, a tropical Chlorella sp., the difference was observed at one
pH value only (pH 5.7). At pH 6.5 no significant difference in copper sensitivity was
observed. Future work could include isolating planktonic algal cells (to be bacteria free
if possible) and combining the algal cells with bacteria of known environmental
relevance. The most appropriate bacteria would be species that are usually associated
with the algal cells, e.g. species that exist within the ‘phycosphere’ of the algal cell.
The final aim of the project was to explore the feasibility of incorporating marine
biofilms into standard toxicity tests, and subsequently evaluate the effect of fieldcollected marine biofilms on copper toxicity to a laboratory-cultured microalgae.
Secondary to this was the observation of impacts of copper on the biofilm, as this type
of study was already well documented in the literature, in the form of pollution-induced
community tolerance (PICT) studies and community structure and function studies with
freshwater periphyton (e.g. Massieux et al., 2004; Boivin et al., 2005 and 2006). In
Chapter 6, the interaction of a laboratory-cultured alga, Tetraselmis sp., with biofilms
collected from offshore coastal New South Wales, in the presence and absence of
copper, was examined. This work found that the addition of biofilm homogenate led to
varied results in terms of the amelioration of toxicity. The sensitivity of Tetraselmis sp.
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to copper, based on 72-h IC50 values, varied by a factor of two only, regardless of the
concentration of biofilm cells added to the growth rate inhibition bioassay (1.5 to 15 ×
104 cells/mL). This variability could simply be within the natural range of Tetraselmis
sp. sensitivity to copper. This simple, yet novel, way of testing the impacts of biofilms
on the amelioration of copper toxicity to algae is unlikely to be the way forward for the
purposes of improving laboratory-based tests. Firstly, biofilms were ‘homogenised’ to
ensure that inoculation of test flasks did not vary in terms of number of cells, cell types
or addition of organic matter, but by nature biofilms are heterogenous and this step was
destructive of the initial material. Studying intact biofilms would increase the relevance
of the test, as it is the complex and heterogenous structure of biofilms that is most likely
to lend greater protection to algal cells, buffering sensitive cells against metal toxicity.
Secondly, it would be useful to take a field-isolated alga from a biofilm and then follow
its patterns of growth in association with the entire biofilm under stress, which would be
more relevant than in the current study using Tetraselmis sp., a water column based
species. Currently this is not possible using flow cytometry as there is no way to
distinguish the algal cell of interest from the rest of the biofilm. The ability to add a
fluorescent tag to the appropriate algal cells, that is non-toxic, not excreted, nontransferrable to other cells, and can be tracked or followed over an entire 72-h test
period would be particularly useful. Alternatively, perhaps an algal species could be
genetically modified to contain a particular fluorochrome, not already present in a
biofilm community, which would also be difficult considering the diversity of pigments
present in myriad algal (and bacterial) species. Thus in the current study, whilst not
ideal, Tetraselmis sp. represented the best possible choice for this work based on its
fluorescence properties, cell size and copper sensitivity.
In consideration of the above points, some toxicity tests were carried out with intact
biofilm material attached to slides. In these tests, there was significant amelioration of
copper toxicity for Tetraselmis sp. The toxicity tests using the biofilm attached to slides
were not as comprehensive as the homogenate tests, using only one copper
concentration of 100 µg Cu/L and using biofilm collected at one time point only.
However a more consistent amelioration of toxicity was observed in these tests, which
may have been because there was less disruption to the biofilm, allowing it to function
in a way similar in the flask as it would in situ. It is also more environmentally relevant
as biofilms are by definition always attached to a substrate. As a useful logistical note,
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it would be best to change to using a device the size of a cover slip to colonise biofilms
in the field for easier incorporation of biofilm into the flasks. In this work, microscope
slides had to be cut to size using a diamond cutter under sterile conditions, postcolonisation. Paring the work back to a simpler level, such as creating mono-specific
biofilms (as in Barranguet et al., 2000 and Ivorra et al., 2002) and testing their impact
on toxicity to another species could be useful. Also the work by Koukal et al. (2007) on
how the production of algal cell exudates can impact on the toxicity of metals to a
freshwater alga could be extended to test the impact of biofilm exudates on single algal
species from within a natural biofilm.
One of the current deficiencies with algal toxicity tests is a lack of fundamental
knowledge for the basis of differences in species sensitivity to metals. This work has
shown that cell size may not play such an important role in defining species sensitivity
as previously hypothesised, although the smallest and largest cells were the most and
least sensitive species, respectively. Other biotic factors such as cell wall type also do
not help better define species sensitivity, with no clear pattern based on this taxonomic
feature, or clear relationship based on taxonomic phyla. Uptake rates and copper cell
loading alone cannot provide enough information to define species sensitivity. Future
work should combine these factors with in depth studies of detoxification pathways.
Evidence in the current study suggests that drastic effects on cell ultrastructure and
exudate production due to copper stress are only likely to be observed at high,
environmentally unrealistic, concentrations of copper since exposure to the IC50 value
for each species did little to impact on critical internal cell organelles (as observed by
TEM) and limited production of exudate material. Other deficiencies with current
testing protocols revolve around the ability of these laboratory-based experiments to
effectively mimic nature, including: the use of batch culture with no renewal of
solution, and thus potential build up of exudate waste products from the algae; the use
of static, constant exposures as opposed to pulsed exposures, which may be more
reflective of real field situations; difficulties in testing the toxicity of multiple stressors
(mixed contaminant exposures), and; an inability to accurately assess toxicity in the
presence of other microbiota. In this thesis, this latter factor was addressed. The
relationships between different algal species and between algae and bacteria are
dynamic and very important in nature for both trace element and major nutrient
mobilisation. But what is also evident from the latter two chapters, particularly Chapter
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6, is that any protective effect of bacteria or biofilm cells may simply be due to changes
in speciation in the water column due to the addition of extra binding sites for copper to
bind to, i.e. a function of adsorption rather than specific biological effects. Further
work is required to carefully monitor changes in free copper, or labile copper species,
due to bacterial additions. The current work has shown that most algal cultures do have
bacteria present, and these bacteria often have a benefit for the growth of the alga, but
not necessarily protective effects against toxicity. It has shown that algal cultures do
not need to be totally bacteria free to be useful in toxicity tests. It has also shown that it
is possible to incorporate biofilms into toxicity testing regimes, but further research will
be needed to improve the relevance of these tests. The incorporation of biofilms into
toxicity testing regimes represents an important step for regulating aquatic systems, and
for understanding metal-algal cell interactions. Despite the problems with current
testing protocols, it is evident that more research is required before a testing method is
produced that is as simple, reproducible and robust as those currently in use for
planktonic microalgae in single-species tests.
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APPENDIX A. PILOT STUDY ON COLLECTION, HOMOGENISATION AND
PHYSICAL CHARACTERISATION OF BIOFILM SAMPLES
A.1. Aims and Summary
A.1.1 Aims
To test the methods for collection, homogenisation and physical characterisation of
biofilm samples and to determine if physical parameters of biofilm samples change
upon storage for 1 month in the dark at 4°C.

A.1.2 Summary
 A better system to deploy biofilm collection apparatus is required. Suspension
from a buoy using fishing line resulted in broken slides as the periphytometers
tangled and hit each other. A rack to attach and separate the periphytometers
needs to be designed to allow suspension below a buoy such that there is limited
chance of periphytometers hitting each other but are suspended at an equal depth
(and therefore exposed to equal light intensity).
 Biofilm processing was relatively easy, but requires care to ensure safety (broken
glass) and to prevent contamination of samples with foreign bacteria that may
result in changes to the biofilm.
 Cell density counts were highly variable when undiluted. 1:2, 1:5 and 1:10
dilutions agreed closely with each other in weeks 2, 3 and 4 at all flow rates tested
(low, medium and high). This data potentially suggests a decline in cell density
after week 1, but the first week’s data was highly variable and the ANOVA
assumption of equality of variance was not satisfied (even with log transformed
cell density data).
 Dry weight and ash-free dry weight analyses had high detection limits, and results
were below or close to these detection limits. Biofilm material on filter papers
was 6 to 31% (dry-weight) or 13 to 52% (ash-free dry weight) of total mass
(including filter paper), which is not ideal.
 The carbohydrate and protein tests were both successful and easy to conduct. The
only matrix that was difficult to analyse was 1% SDS for the carbohydrate
phenol-sulfuric acid assay. Future work should avoid using this matrix.

211

 Fractionation of the biofilm material into loose EPS, capsular EPS and pellet
material was successful. When these fractions were totalled they agreed with the
totals derived from 1% SDS digestion of biofilm material.
 0.1 M H2SO4 was used to strip capsular EPS, as well as 0.05M EDTA. The
results agreed quite closely, but I chose to use the acid because it had been proven
the most useful stripping agent in other literature. Cells did not appear lysed upon
treatment.
 Most evidence suggests the biofilm did not change much over time in storage.
However Day 0 values were not taken as we ran out of time on that day to do any
analysis. From this pilot work it is obvious that more careful time-planning is
required for future biofilm collections and analysis.
A.2 Materials and Methods
A.2.1 Deployment
Forty slides were placed in four periphytometers and deployed in the ocean at Bass
Point (Shoalhaven, NSW) on Thursday 22nd March 2007. Periphytometers were
suspended at a depth of 2 m using fishing line attached to a buoy. The samples were
retrieved Tuesday 3rd April 2007 (12 day old biofilms). All periphytometers were
placed in a 2 L container, covered in seawater and taken back to the laboratory for
harvesting.
It was noted that a few slides were missing and many of the slides’ edges were chipped,
most likely due to close proximity of units and collisions due to currents and swell.
Design of a ‘raft’ or rack that can be used to deploy multiple periphytometers at depth
without the units colliding should be devised (PVC piping with holes drilled for the
units to be tied to using minimal fishing line or cable ties). It was often difficult to
remove the slides with tweezers alone due to collisions having wedged the slides into
their positions very tightly. The sterile edge of a 70 mL polypropylene disposable vial
was used to put pressure on the slides to ease them out of the slots. However, this posed
a further problem as a number of slides broke.
Biofilm material was scraped from slides into a sterilised beaker with a Teflon coated
stainless steel razor blade which had been dipped in ethanol and dried. Further attempts
to remove remaining material by placing slides into 50 ml of sterilised seawater and
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sonicating were only sometimes successful, as the slides often got wedged into the
conical part of the tube and could not then be removed. This step seemed to be better
achieved by a small squirt of seawater, but it is important not to dilute the material too
much and to quantify the amount of liquid added. It was not possible to remove all cells
from the slide.
One slide from each unit was removed directly into a 50 ml tube of filter sterilised
seawater so that later analysis of the slide could be undertaken (e.g. confocal
microscopy of intact film).
The material from 32 slides was transferred into a labelled 50 ml sterile centrifuge tube
for further processing.

A.2.2 Homogenisation of biofilm material
A lab blender was acquired for the homogenisation of the biofilm material. Two
dispersion shafts are available but the “6G microshaft” was deemed most suitable. This
shaft has a maximum immersion depth of 4.5 cm and can be used to blend/disperse
volumes of 0.2-50 ml. The probe was cleaned with ethanol and filter sterilised
seawater. The amalgamated biofilm sample was transferred to a sterile 70-mL
disposable polypropylene vial (the 50 mL centrifuge tube being too long for the probe).
The biofilm material was blended for 1 minute and then sonicated for another minute.

A.2.3 Divide into weekly sub-samples
After vortexing, 10 mL of biofilm material was pipetted into each of four sterile, 50-mL
centrifuge tubes. An extra 30 mL of filter-sterilised seawater was placed into each tube
giving a total volume of 40 mL for each subsample (and 1:4 dilution of biofilm
homogenate). They were labelled Aliquot 1 through 4, for analysis over four weeks.
The remaining biofilm material was left in the sterile vial and covered in aluminium foil
and all samples returned to the fridge.

A.2.4 Sub-sample for various analyses
Each week an aliquot was divided into 12 × 3-mL sub-samples required for the analysis
of chlorophyll a content, ash-free dry weight, protein and carbohydrate content. The
remaining 4 mL was used for flow cytometry analysis.
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A.3 Results
A.3.1 Cell density
The average cell density of the biofilm was analysed once a week by flow cytometry for
a month (Table A1). After the first week, counts were done at multiple dilutions (1/10,
1/5 or 1/2) of the aliquot at high, medium and low flow rates. A blank cell density
value based on counts for 0.22 µm filtered seawater were subtracted from the sample.
An average of all counts was then used to calculate the cell density for the week. Single
factor ANOVA found that the cell counts significantly varied over the test period (p <
0.001, F = 11.05). Post-hoc analysis using the Student-Newman-Keuls test (used to
assess which means were different from each other with unequal sample sizes) found
that the cell densities in Week 2 and Week 4 were not significantly different (9.1 ± 2.5
and 9.3 ± 2.1 107 cells/mL, respectively) but Week 1 (17.2 107 cells/mL) and Week 3
(13.2 107 cells/mL) were different from each other and from the Week 2 and Week 4
samples. However, using Levene’s test for homogeneity of variance, the cell count data
did not have equality of variance (F = 9.46, p < 0.05) and so this assumption for
ANOVA is violated. This is in part because of the big differences in sample size from
week to week. Log transformation of the cell counts did not allow this assumption to be
satisfied either. The smaller number of counts in Week 1 (three) and the lack of dilution
of the sample may have led to erroneous results for this week. There is no clear
relationship between changes in cell density and time.
Table A1. Average cell count (107 cells/mL) of the biofilm sample over a month of
storage at 4oC.

a

Week 1
Week 2
Week 3
Week 4

Average
17.2
9.1
13.2
9.3

SE
5.1
0.7
0.6
0.5

n
3
12
12
19

(± 1 SD)
8.9
2.5
2.0
2.1

SNK groupa
a
b
c
b

Student-Newman-Keuls test was used to assess which means were different from each other (with
unequal sample sizes)

A.3.2 Pigment concentrations
The concentration of chlorophyll a and one of its degradation products, pheophytin,
were calculated for biofilm subsamples according to standard methods after extraction
in 90% acetone (3 h, 4°C) and clarification by centrifugation (Table A2). Limits of
detection for chlorophyll a and pheophytin were both 1 mg/L. Variance was
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homogenous for both chlorophyll a (Levene’s test, F = 2.40, p < 0.05) and pheophytin
(F = 2.49, p < 0.05), satisfying criteria for ANOVA. Single factor ANOVA found the
concentration of chlorophyll in at least one week was significantly different to the other
weeks (p = 0.001, F = 14.1). Post-hoc analysis using the Student-Newman-Keuls test
found that the concentration of chlorophyll was not significantly different for weeks 1, 3
and 4 (mean ± standard error: 28 ± 0.4, 27 ± 1 and 27 ± 2 mg chlorophyll/L,
respectively) but that of week 2 was higher than the other weeks (35 ± 1 mg
chlorophyll/l). The pheophytin concentration in week 2 was found to be lower than the
concentration of pheophytin in samples from all other weeks (ANOVA: p = 0.002, F =
13.1). These results suggest that pigment concentration did not change over time.

A.3.3 Dry weight and ash-free dry weight
The dry weight (DW) and the ash-free dry weight (AFDW) were determined each week
for a month on the Bass Point biofilm sample (Table A2). Variance was homogenous
for DW (F = 0.78 , p > 0.05) but not for AFDW (F = 8.12 , p < 0.05). The dry mass
differed significantly across the month-long test period (p < 0.05, F = 71.2). The ashfree dry weight differed significantly between weeks (p < 0.05, F = 11.0). StudentNewman-Keuls post-hoc analysis was used to determine which means were different
from each other ( = 0.05). The dry weight in Week 1 (3.4 mg) was not significantly
different to that in Week 2 (2.6 mg) or Week 4 (4.8 mg), but weeks 2 and 4 were
different from each other. The dry weight in week 3 (10.6 mg) was significantly higher
than in the other weeks. The AFDW in week 2 (0.8 mg) was not significantly different
to the AFDW in week 4 (1.7 mg), but in week 3 it was significantly higher (3.5 mg).
The average dry mass of method blank filter papers (4 ml of seawater filtered) was 25.3
± 2.8 mg (n=9), while the ash-free dry mass (n=8) was 4.4 ± 0.6 mg. Measured biofilm
dry weights were 6 to 31% of total dry mass (including filter paper), while the ash-free
dry weight of the biofilm material was 13 to 52% of total dry mass. In one case (week
1), a dry weight for a subsample could not be determined, as a negative value was
obtained once the blank was taken into account. Detection limits calculated on a run of
five filter papers were 7.3 mg and 1.2 mg respectively. Therefore the dry weight and
ash-free dry weights calculated for the biofilm subsamples each week were under or
very close to the detection limits of this gravimetric method, thus it may not be
appropriate to judge changes in biofilm over time based on these parameters.
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Table A2. Summary of the results from all physical tests on the biofilm material over a one month period of storage in the dark at 4°C.
Test
Cell count (average ± SE)
Chlorophyll a
Pheophytin
Dry weight
Ash free dry weight
Protein (in 1% SDS digest)
Protein in EPS extracts
"loose EPS" (suspended in seawater, removed by centrifugation)
"capsular EPS" (removed by 16 h, 0.5M EDTA, 20°C)
"capsular EPS" (removed by 30 min, 0.1M H2SO4, 95°C)
Pellet (suspended in MQ after EDTA extraction)
Pellet (suspended in MQ after acid extraction)
Add EDTA fractions
Add acid fractions
Carbohydrate (in 1% SDS digest)
Carbohydrates in EPS extracts
"loose EPS" (suspended in seawater, removed by centrifugation)
"capsular EPS" (removed by 16 h, 0.5M EDTA, 20°C)

Units
107 cells/mL
mg/L
mg/L
mg
mg
µg in the subsample

Week 1
17.2 (± 5.1)
28 (± 1)
14 (± 1)
3.4 (± 0.4)
n/a a
716 (± 19)

Week 2
9.1 (± 0.7)
35 (± 2)
8 (± 1)
2.6 (± 0.8)
0.78 (± 0.09)
714 (± 68)

Week 3
13.2 (± 0.6)
27 (± 1)
14 (± 1)
10.6 (± 0.8)
3.46 (± 1.21)
654 (± 31)

Week 4
9.3 (± 0.5)
27 (± 3)
12 (± 2)
4.8 (± 0.7)
1.68 (± 0.23)
593 (± 9)

µg/mL (human albumin equiv.)
µg/mL (human albumin equiv.)

13 (± 6)
21 (± 4)

11 (± 1)

30 (± 14)

26 (± 0.5)

µg/mL (human albumin equiv.)
µg/mL (human albumin equiv.)
µg/mL (human albumin equiv.)

46 (± 12)

55 (± 1)

51 (± 3)

231 (± 19)

287 (± 51)

235 (± 4)

µg in the subsample
µg in the subsample

49 (± 3)
231 (± 10)
246 (± 5)
552 (± 13)
689 (± 18)
377 (± 40)

633 (± 74)
359 (± 56)

828 (± 145)
390 (± 55)

699 (± 12)
295 (± 50)

µg/mL (glucose equiv)
µg/mL (glucose equiv)

9.6 (± 1.4)
24 (± 7)

11.6 (± 2.6)

10.7 (±1.5)

11.8 (± 1.9)

44 (± 8)

53.2 (± 0.2)

52.5 (± 2.4)

113 (± 31)

85 (± 11)

89 (± 7)

399 (± 78)

362 (± 20)

368 (± 20)

"capsular EPS" (removed by 30 min, 0.1M H2SO4, 95°C)
µg/mL (glucose equiv)
51 (± 4)
Pellet (suspended in MQ after EDTA extraction)
µg/mL(glucose equiv)
134 (± 11)
Pellet (suspended in MQ after acid extraction)
µg/mL (glucose equiv)
103 (± 38)
Add individual EDTA fractions
µg in the subsample
368 (± 21)
Add individual acid fractions
µg in the subsample
394 (± 114)
a
na, not analysed: accidentally broke the crucible for the filter blank when taking out of muffle furnace after ashing.
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A.3.4 Carbohydrates
The detection limits for carbohydrates using the phenol-sulfuric acid assay were 1, 4 and 9
µg/mL for seawater, 0.1 M H2SO4 and MilliQ matrices, respectively (n=5). It was not
possible to get a detection limit for the 1% SDS matrix as bubbles occurred upon reaction
with the phenol-sulfuric acid reagents (which was also a problem in analysing real
samples).
The total carbohydrate in samples as measured by a 1% SDS digest with phenol-sulfuric
assay (Table A2) or as addition of all the EPS fractions (loose EPS in seawater, capsular
EPS extracted by acid and the final pellet) did not vary significantly over time (ANOVA,
SDS: F = 3.8, p = 0.06; Added fractions: F = 0.2, p = 0.90). Variance was homogenous for
the SDS digested samples (F = 0.23, p > 0.05) but not homogenous for the added EPS
fractions (F = 6.1, p < 0.05) (violating assumption for ANOVA). When values for each
process were pooled for all weeks and the 1% SDS digest compared with addition of the
different EPS fractions using a t-test, the two ways of calculating total carbohydrates were
not significantly different (two tailed, equality of variance, t = 1.073, p = 0.295). This adds
greater confidence that the values obtained for the carbohydrates via the different extraction
processes are accurate.
Student’s t-tests were used to compare the use of dilute sulphuric acid and dilute EDTA as
a means of stripping capsular EPS in the first week of sampling (Table A2). The capsular
EPS was significantly higher (t = 5.79, p = 0.025) when using acid compared to EDTA with
mean (± 1 SD) values of 25 (± 7) and 52 (± 4), respectively. However, the concentration of
carbohydrate in the final pellet was not significantly different for the two different stripping
treatments (t = 0.740, p = 0.532). Comparison of total carbohydrate in subsample (µg per 3
ml subsample) showed that the concentration of carbohydrate was not significantly
different for the two treatments (t = 0.404, p = 0.723). The concentration of carbohydrates
(expressed as µg of glucose equivalents/mL) for the loose EPS fraction (suspended in
seawater), the capsular EPS material (removed with 0.1 M H2SO4) and in the final pellet
material (suspended in MilliQ) over the four week storage period are shown in Table A2.
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The carbohydrates in the loose EPS fraction had equality of variance over time (Levene’s,
F = 0.63, p > 0.05) and did not differ significantly over the test period (ANOVA, F =
0.783, p = 0.51). The carbohydrates in the capsular EPS fraction (using 0.1 M H2SO4 to
extract capsular EPS) did not have equality of variance over time (Levene’s, F = 9.7, p <
0.05) but did not differ significantly over the test period (ANOVA, F = 2.33, p = 0.13).
The carbohydrates in the remaining pellet fraction (suspended in MilliQ) had equality of
variance over time (Levene’s, F = 1.52, p > 0.05) and did not differ significantly over the
test period (ANOVA, F = 0.83, p = 0.50).

A.3.5 Proteins
The detection limits for protein using 1% SDS or MilliQ and the bicinchonoic acid (BCA)
protein assay were 2 and 4 µg of protein/mL of sample, respectively (n=5). The
concentration of total protein in a sample, as determined by either digestion in 1% SDS or
by addition of the different fractions, following EPS fractionation into loose EPS (in
seawater), capsular EPS (stripped by sulphuric acid) and the remaining pellet material, is
shown in Table A2. Variance was not homogenous/equal over the test period (SDS:
Levene’s F = 6.95, p = 0.013; Fractions: Levene’s F = 4.68 , p = 0.036). Despite this,
using ANOVA, the mean total protein concentration via 1% SDS extraction significantly
varied over the course of the 4 weeks (ANOVA, F = 6.00, p = 0.019), with post-hoc
analysis (SNK) showing that the total protein in weeks 3 and 4 was not significantly
different, and weeks 1, 2 and 3 were not significantly different but that weeks 1 and 2 were
different to week 4. However, when calculating total protein as a function of the addition
of different fractions, there was no significant variation in total protein over time (ANOVA,
F = 3.025, p = 0.094). When all the week’s data for total protein was pooled on the basis of
the digest method, either 1% SDS or the addition of EPS fractions, statistical analysis using
a t-test showed that there was no significant difference in total protein content between the
two types of digests (t = 1.234, p = 0.230). However, when acid fractionation was
compared to EDTA fractionation (for stripping the capsular EPS), significant differences in
total protein were found (t = 10.7, p < 0.05) with the acid fractionation yielding higher
mean (± SD) total protein (689 ± 18 µg/subsample) than the EDTA fractionation (552 ± 13
µg/subsample).
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The proteins in the loose EPS fraction (dissolved in seawater) did not have equality of
variance over time (Levene’s, F = 10.3, p < 0.05) but did differ significantly over the test
period (ANOVA, F = 5.56, p = 0.014). Log transformation of the data did not make
variance homogenous nor change the outcome of the ANOVA analysis. The protein in the
loose EPS fraction was not significantly different for weeks 1, 2 and 4 nor for weeks 3 and
4 (but weeks 1 and 2 were different to the third week). The proteins in the capsular EPS
fraction (acid stripped) did not have equality of variance over time (Levene’s, F = 6.45, p <
0.05) but did not differ significantly over the test period (ANOVA, F = 1.09, p = 0.407).
The proteins in the final pellet (suspended in MilliQ) did not have equality of variance over
time (Levene’s, F = 4.28, p < 0.05) but did not differ significantly over the test period
(ANOVA, F = 2.60, p = 0.124).
A.4 Discussion
As a test run for removing biofilm material from slides in controlled conditions and also
homogenising biofilm material, this pilot was relatively successful, but raised some
important points for future analyses. In general, the replicate subsamples for any one
treatment in any week agreed closely, and often over the storage period the results did not
vary. I am confident that these methods work successfully, with the exception of DW and
AFDW analysis (because there is not enough material to be above the detection limits for
this analysis) and also excepting the analysis of carbohydrate material following SDS
digestion (due to problems with absorbance readings from a reaction between the detergent
and the phenol-sulphuric acid assay reagents).
The mean chlorophyll a content, pheophytin content, carbohydrate content (total and in
different fractions) and protein content (total and in different fractions) sometimes varied
over the course of the testing on the biofilm material. However, it did not seem that a
particular trend occurred in any of these, such as an increase or decrease as time
progressed. Rather it was usually that only the value for one week was significantly
different to the other weeks, and often this occurred at week 2 or 3. The DW and AFDW
data is not reliable enough to be draw any conclusions.
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Based on cell density data in particular, and all results in general, it would have been
preferable to have results immediately after the removal, scraping and homogenisation of
the material, but as this process occurred over a few days it was not feasible (nor were the
collection materials sterile before deployment, nor the material kept under aseptic
conditions from initial collection to storage at CSIRO labs).
The cell density testing was improved after week 1 by analysing samples at multiple
dilutions and at different flow rates (low, medium and high). These tended to correlate
well. Future work analysing biofilm cell density in solution should definitely span a range
of dilutions to help overcome any errors due to clumping, or due to the passing of multiple
cells past the laser at any one point in time. Diluted material (such as in Weeks 2, 3 and 4)
yielded results with lower variation compared to Week 1 where undiluted biofilm material
was analysed on the flow cytometer. The cell density data alone could suggest that there
was a decline in cell density over time, as the cell density in week one was higher than in
any other week. However, due to the high standard error for that weeks’ analysis, I am
reluctant to reach a conclusion based on this data. It seems best that all testing with biofilm
be completed as quickly as possible after collection, with minimal storage time.
A.5 Conclusions
It was relatively easy to process the biofilm material using the methods described. The
biofilm material did not appear to change much over time. The main concern is with the
cell density values, due to high variability and the need to dilute samples. Although this
measurement suggested that there was a decline in cells over the time period, it cannot be
relied upon as definitive evidence of a change in biofilm structure over the storage period.
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